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Summary 

Deer play an important role in many ecosystem processes and have been 

recognised as keystone species, but increasing numbers and expanding ranges of both 

native and introduced deer worldwide, including the British Isles, is contributing to 

negative ecological impacts on natural systems, economic losses in forestry, 

agriculture and transportation, and the transmission of several animal and human 

diseases. Culling of growing populations is viewed as a necessity in order to protect 

human and ecological interests, but such deer management may be aided by the 

development and use of additional approaches, including attractants and repellents. 

These remain largely untested on deer in the British Isles, therefore this thesis aims to 

develop knowledge of the efficacy of each of these. In addition, with the continuing 

invasion of introduced deer species, predicting their impacts and future distributions 

will be key to management and control.  

A favourable attractant should draw deer from the surrounding landscape and 

keep animals interested such that culling efficiency is improved. Using wildlife camera 

traps to remotely record sika and fallow deer, the efficacy of several attractants in 

modifying behaviour was assessed using multiple analyses. Only one of the attractants 

– apples – was effective in altering behaviour, demonstrating its potential as a tool to 

aid deer management. Further research is needed to test these attractants on other deer 

species and in different habitats, and to investigate if attractants would indeed improve 

culling success. A potential deer repellent – wolf faeces – was likewise tested for its 

efficacy in modifying deer behaviour. The faeces did not alter the rate, duration, or 

latency of deer visits to plots, indicating poor repellency, and while it did cause deer 

to increase their investigation of odours, a trade-off between vigilance and foraging 
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was not observed as has been demonstrated by deer populations where wolves are 

sympatric. Deer have likely lost sensitivity to wolf odours given the absence of wolves 

from the landscape for two centuries.  

The potential distribution and dispersal of the invasive muntjac deer in Ireland 

was predicted using an invasive Species Distribution Model (iSDM) combined with 

Least Cost Path Analysis. The findings indicated that 94% of Ireland is vulnerable to 

invasion, and deer numbers could reach almost 100,000 when the island is fully 

colonised in potentially just over a century’s time. Immediate action is urged in order 

to control and eradicate muntjac in Ireland, while they are still at an early stage of 

colonisation.  

The Relative Impact Potential (RIP), a novel means for quantitatively assessing 

and predicting invasive species impact, was for the first time, applied to both native 

and invasive deer in the British Isles, in order to predict the impacts of present and 

growing populations of invasive species on vegetation communities. As the impacts 

of invasive species may change over the course of an invasion, a new metric, the 

Relative Total Impact Potential (RTIP) was developed, providing insight into the 

effects of invasive species over time by comparing the impacts of introduced species 

at any time point against a baseline of impact arising from trophically analogous native 

species before the introduction of non-native species. A case study focussing on 

muntjac and roe deer in Thetford forest, where the two species have been sympatric 

for some time, found that invasive muntjac likely exert a much greater negative 

influence on vegetation than the native roe deer. 
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Chapter 1: Introduction 

Motivation 

Large herbivores play an important role in many ecosystem processes (Hemami, 

2003), notably shaping communities across the globe (Cumming et al., 1997; Rooney 

& Waller, 2003; Côté et al., 2004). Deer are key herbivores in such systems and have 

been referred to as “ecosystem engineers” and “keystone species” as their herbivory 

impacts the structure and functioning of habitats (McShea & Rappole, 1992; 

Stromayer & Warren, 1997; Waller & Alverson, 1997; Côté et al., 2004). They are 

also important prey species to predators, aid seed dispersal (Panter & Dolman, 2012), 

and are economically important as sources of revenue through stalking and venison 

production. Yet, in recent years, deer populations have increased significantly in 

abundance and distribution (Côté et al., 2004; Apollonio et al., 2008; Mathews et al., 

2018).  

Overabundant deer negatively impact vegetation thus extending cascading 

effects to other wildlife (Fuller & Gill, 2001; Côté et al., 2004; Ripple & Beschta, 

2012; White, 2012); cause economic damage through impacts on commercial forestry 

and agriculture (Conover, 2002; Wilson, 2003; Verheyden et al., 2006; Williams et 

al., 2010), increase the incidence of deer-vehicle collisions, and the risk of disease 

spread (Böhm et al., 2007). These deleterious impacts are compounded by the 

introduction of non-native species, and in locations previously free from large 

herbivores, impacts may be particularly severe (Dolman & Wäber, 2008). In the UK, 

introduced deer contribute less to seed dispersal than native species (Eycott et al., 

2007), are additional sources and carriers of disease (Böhm et al., 2007), and non-

native fallow and muntjac cause 65% of all deer-vehicle collisions (Langbein, 2007). 
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Despite their impacts, deer are also an important economic and social resource, 

providing value through recreational stalking and venison sales (P.O.S.T, 2009). 

Management of deer in the UK concentrates on population reduction, but in 

many instances even sustained culling is unable to keep pace with expanding 

populations of deer (Wäber et al., 2013). Other forms of management could potentially 

be highly effective in aiding the mitigation of the ecological and economic damage of 

overabundant deer, but remain largely unexplored. Therefore, in this study, the use of 

attractants and repellents are investigated as potential aids to deer management. 

Likewise, further attention could be paid to predicting the future abundance, 

distribution, and impacts of invasive deer species in the UK, as knowledge of these are 

essential for pre-emptive action and thus effective management. Thus, the potential 

distribution and population size of an invasive deer species in Ireland is predicted, and 

a novel approach is used to quantitatively assess the ecological impact of invasive and 

native deer in Britain. 

Outline of the introduction 

The remainder of this introduction is divided into four sections. Firstly, I 

describe the status and distribution of wild deer species in the British Isles. Secondly, 

I discuss the various impacts of overabundant deer, and management approaches that 

can be used to mitigate these impacts. Thirdly, I describe new tools for predicting the 

distributions and impacts of invasive species. Finally, I describe the structure and aims 

of this thesis. 
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Deer in the British Isles 

There are six species of wild deer present in the British Isles. Red (Cervus 

elaphus) (Figure 1) and roe (Capreolus capreolus) (Figure 2) deer are the only truly 

native species (Putman, 2011), having been present since before the Mesolithic period 

(6000 – 10,000 years ago (BDS, 2015a)). There are approximately 350,000 red deer 

in the UK (Mathews et al., 2018), spread across Scotland and with patchier distribution 

in England, Wales and Northern Ireland (BDS, 2016) (Figure 7a). Range expansion of 

the red deer between 1972 and 2002 was the slowest of all deer species in the UK, at 

only 0.3% compound annual increase (Ward, 2005), but between 2003 and 2007 their 

range expanded at 7.3% per year (Ward et al., 2008). In Ireland red deer are present 

mainly in the west of the island, and until 2008, their range grew at 7% annually 

(Carden et al., 2010), but there have been no national surveys to estimate abundance.  

 

Red stag 

Photo credit: Rainsford Hunting 

 

 

 

 

Red hind 

Photo credit: Mark Biolchini 

 

 

Figure 1: Photographs of red deer (Cervus elaphus) 
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Roe deer are estimated to number around 265,000 (Mathews et al., 2018), 

despite being the most-widely distributed species (Figure 7b). They are present 

throughout Great Britain with the exception of some areas in Wales, and central and 

south-eastern England (BDS, 2016). The range of roe deer expanded at 2.3% until 

2003 (Ward, 2005), but more recently they have been expanding at 5.2% annually 

(Ward et al., 2008). An introduced population in Lissadell, Ireland, existed temporarily 

until eradication (Fairley et al., 2002), and now there are no roe deer in Ireland, except 

for several confirmed sightings in two locations (NBDC, 2018).  

  

Roe buck 

Photo credit: Venator Pro 

 

 

 

 

Roe doe 

 

 

Figure 2: Photographs of roe deer (Capreolus capreolus) 

 

Fallow deer (Dama dama) (Figure 3) were present in England around 400,000 

years ago but became extinct during the last (Würm) glaciation (Chapman & 

Chapman, 1980). Following re-introduction, possibly on more than one occasion 



5 
 

(Sykes et al., 2006), they have become widespread in England and Wales and are now 

considered ‘naturalised’. Recently, the fallow population in the UK has been 

expanding spatially at 12.5% per annum (Ward et al., 2008), and now there may be up 

to 265,000 individuals in Britain (Mathews et al., 2018), mainly in southern England, 

but also scattered throughout Scotland, Wales and Northern Ireland (Figure 7c). 

Ireland harbours some fallow deer mainly in the south west, and over 30 years the Irish 

population has grown at 3% per year (Carden et al., 2010).   

 

Fallow buck 

 

 

 

 

Fallow doe 

Photo credit: Paula Darwinkel 

 

 

Figure 3: Photographs of fallow deer (Dama dama) 

 

Japanese sika (Cervus nippon), Reeves’ muntjac (Muntiacus reevesi) and 

Chinese water deer (Hydropotes inermis) are non-native species all introduced to 

Britain over 100 years ago (Ward, 2005). Sika deer (Figure 4) were first introduced to 
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Powerscourt estate in Ireland in 1860, and are now present in south, east and north of 

the island (Carden et al., 2010), and their range expanded 353% (5% per annum) in 

the 30 years from 1978 to 2008 (Carden et al., 2010). There are approximately 100,000 

sika deer in the UK (Mathews et al., 2018), mostly in the west of Scotland, with smaller 

populations in northern and southern England (Figure 7d). Their range expanded 

between 2003 and 2007 at a rate of 7% per year (Ward et al., 2008).  

 

Sika stag 

Photo credit: CIC 

 

 

 

 

Sika hind 

Photo credit: Natural Born Blogger 

 

 

Figure 4: Photographs of Japanese sika deer (Cervus nippon) 

Reeves’ muntjac (Figure 5) were introduced into eastern England in the late 19th 

century (Chapman et al., 1994), and have since spread throughout much of England, 

are present in Wales, and more recently have been introduced to Scotland (Ward et al., 

2008) and Ireland (Carden et al., 2010; Dick et al., 2010) (Figure 7e). Range expansion 

until 2003 was 8.2% annually, the highest of all deer species in Britain (Ward, 2005), 
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increasing to 11.6% in following years (Ward et al., 2008). The population is now 

estimated to be around 130,000 deer in the UK (Mathews et al., 2018). 

 

Muntjac buck 

Photo credit: AboutAnimals 

 

 

 

 

Muntjac doe 

Photo credit: The Wildlife Trusts 

 

 

Figure 5: Photographs of Reeves’ muntjac deer (Muntiacus reevesi) 

 

Chinese water deer were introduced to Britain in the mid-19th century (Long, 

2003), and have remained restricted to mainly eastern and some locations in southern 

England (BDS, 2016; Figure 7f). Despite the smallest population of deer species in the 

UK (<5,000, Mathews et al., 2018), they have been expanding their range the fastest, 

at a compound annual rate of 22% (Ward et al., 2008). 
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Chinese water deer buck 

Photo credit: Getty 

 

 

 

 

Chinese water deer doe 

Photo credit: Marc Baldwin 

 

 

Figure 6: Photographs of Chinese water deer (Hydropotes inermis) 

 

Thus, these estimates give the total population of deer in the UK as around 1.1 

million, although difficulty in accurately assessing deer numbers means that there may 

be as many as 2 million individuals (The Deer Initiative, 2018). Historic populations 

of red and roe deer were largely restricted to the Scottish Highlands, whilst fallow were 

mainly confined to parks and estates (Fuller & Gill, 2001), demonstrating that in recent 

years, populations of all species have grown rapidly in size and extent, bringing 

increasing negative impacts to bear on native biological communities (Fuller & Gill, 

2001).  
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Impacts of overabundant deer 

In recent years, deer abundance has increased rapidly and populations have 

undergone considerable range expansion (Côté et al., 2004; Ward, 2005), and 

projections of further increases to deer populations across the northern hemisphere are 

of growing concern (Ward, 2005; Wäber et al., 2013). Chief among the causes which 

have contributed to their success are: predator removal (Allombert et al., 2005a), a 

reduction in hunting (McShea et al., 1997), deliberate releases (Dolman & Wäber, 

2008), changes to woodland management and agricultural practices providing 

increased forage and improved habitat (Putman & Moore, 1998; Gill, 2000; Fuller & 

Gill, 2001; Côté et al., 2004), and a changing climate (Fuller & Gill 2001, Dawe & 

Boutin, 2016).  

Foraging by deer, of course, is a natural ecological process and has always 

contributed to determining the structure and dynamics of ecological systems (Putman 

& Moore, 1998). At moderate densities, selective foraging may have positive effects 

on the ecosystem such as diversifying vegetation structure and thus increasing species 

composition (Mitchell & Kirby, 1990). However, increased deer abundance and 

density may lead to a range of negative impacts on the environment – with direct and 

indirect effects on both plant and animal communities (Rooney & Waller, 2003; Table 

1).  
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Ecological impacts 

By consuming leaves, shoots, flowers and fruits, deer directly impact the growth, 

reproduction and survival of many herb, shrub and tree species (Côté et al. 2004). The 

herb and shrub layers are most affected in the short term, as selective foraging 

particularly affects graze-sensitive and palatable ground flora species such as dog’s 

mercury (Mercurialis perennis) and yellow archangel (Lamium galeobdolon) (Putman 

et al., 1989). Many species of the shrub layer, including hazel (Corylus avellana), 

bramble (Rubus fruticosus agg.), and blackthorn (Prunus spinosa), may be virtually 

eradicated under sustained and heavy browsing, leading to increased cover of grasses, 

sedges, mosses or bare ground (Gill & Fuller, 2007), and the proliferation of 

unpalatable species such as bracken (Pteridium aquilinum) and rushes (Juncus spp.) 

(Gill, 2000; Kirby, 2001).  

Overabundant deer also cause a decline in the abundance and diversity of trees 

(Gill & Beardall, 2001; Gill & Fuller, 2007). In addition to browsing, physical damage 

through bark stripping, antler damage, and trampling can kill saplings or prevent 

regeneration by keeping trees within browsing height for several years or even decades 

(Holloway, 1967). While impacts on the shrub layer may be more conspicuous 

initially, sustained browsing pressure on susceptible trees, especially during their 

vulnerable first few years of growth, can over time divert natural succession 

trajectories and reduce vertical complexity (McShea & Rappole, 2000; Fuller, 2001; 

Côté et al., 2004). This may profoundly affect the future canopy layer (Gill, 1992; Gill 

& Beardall, 2001; Rooney & Waller, 2003), and thus the entire forest structure. 

Through reducing the vegetative cover in the understory and shrub layers, deer 

can alter the microclimate of the forest floor such that temperature and light increase, 
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while soil moisture and humidity decline (Rooney & Waller, 2003). As browsing 

decreases the quantity and quality of litter inputs (Ritchie et al., 1998), deer decelerate 

nutrient cycling and reduce productivity in forest ecosystems (Côté et al., 2004). 

Browsing also reduces ectomycorrhizal infections, magnifying reductions in nutrient 

intake (Rossow et al., 1997).  

All these changes have cascading effects on diverse taxa, reducing overall plant 

and animal diversity (Stewart, 2001). Deer removal of plant biomass directly affects 

other primary consumers and their predators (Allombert et al., 2005b). High levels of 

browsing have been shown to decrease invertebrate abundance and species density 

(Allombert et al., 2005b; Foster et al., 2014) and significantly alter invertebrate 

assemblages and food webs (Stewart, 2001; Suominen & Danell, 2006). However, 

some browsing contributes to habitat heterogeneity, for example by creating open 

areas in woodlands, which is beneficial for thermophilous insects such as butterflies 

and moths (Stewart, 2001).  

Changes to vegetation structure are thought to be the main cause of altered 

assemblages of forest birds (deCalesta, 1994; McShea & Rappole, 2000; Popotkin & 

Giuliano, 2000; Fuller, 2001; Scott et al., 2003) – specifically, overabundance results 

in reduced songbird habitat and nest site quality, and also decreased food resources 

(Allombert et al., 2005a). Herbivory negatively affects bird species richness (Foster et 

al., 2014), and is suggested as a cause of the decline of insectivorous birds in heavily 

grazed forests (Fuller, 2001), and might potentially impact nearly half of the declining 

species (Fuller et al., 2005). Though many birds are negatively impacted, some species 

such as wood warbler (Phylloscopus sibilatrix) and common redstart (Phoenicurus 

phoenicurus) may benefit from the impact of deer and be more abundant in open 

grazed woodland (Gill & Fuller, 2007).  
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Small mammal communities are likewise impacted by increased deer 

populations, predominantly by the modification or removal of habitat, or through 

direct competition especially for food (Flowerdew & Ellwood, 2001). Loss of ground 

vegetation may cause major changes in community structure, greatly reducing 

abundance and species diversity of small mammals (Putman et al., 1989). Further, 

cover loss may increase predation of small mammals by avian and terrestrial predators, 

driving population declines and causing reduced breeding success for these predators 

(Flowerdew & Ellwood, 2001). In summary, deer act as allogenic physical ecosystem 

engineers (Stewart, 2001) and “keystone species”, restructuring whole ecological 

communities (McShea & Rappole, 1992; Rooney, 2001; Rooney & Waller, 2003; 

Dolman & Wäber, 2008).  

Economic impacts 

a) Agriculture 

Overabundant deer also impact agriculture and commercial forestry. However, 

there is limited scientific data quantifying actual rather than perceived levels of 

damage to agriculture in Britain (Langbein & Rutter, 2003), and specifically the 

frequency and extent of damage at a national scale (Putman & Moore, 1998). As 

impacts are often highly localised (Putman, 2012), national figures for damage may be 

low overall, and yet conceal significant losses at the individual farm level. 

Additionally, the costs of damage at this local level may themselves be hard to assess 

(Doney & Packer, 1998). Damage may also not necessarily cause long-term economic 

loss, as damaged crops may demonstrate a compensatory increase in growth rate 

(Putman & Moore, 1998).  
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For both agriculture and forestry, there is variation in how damage is reported. 

Some authors quote percentage yield or revenue loss (e.g. Gill et al., 2000; Wilson et 

al., 2009), or cost per hectare (e.g. Gill et al., 2000; Ward et al., 2004), and a number 

of studies may translate these into estimates of economic loss for specific areas, or 

even regions and countries (e.g. Wilson, 2003; White et al., 2004). 

Despite the challenges in assessing deer damage, some studies have attempted to 

quantify the economic damage to agriculture. Wilson (2003) estimated the cost in 

England to be £4.3 million per annum, and White et al. (2004) reported the cost in 

eastern England alone to be £3.21 million each year. Another study estimated 

economic damage to agriculture arising from just invasive deer species to be around 

£7.2 million per year in the UK (Williams et al., 2010). While there may be significant 

variation between such estimates, these figures perhaps provide a better perspective of 

the scale of the problem caused by overabundant deer. 

b) Forestry 

The impacts of deer on commercial forestry are numerous. Damage is caused in 

several ways, including: browsing of young trees which depresses growth and induces 

multiple leaders leading to reduced stem quality and value (Welch et al., 1992); 

browsing lateral shoots of older trees; bark-stripping of stems and trunks (Welch & 

Scott, 2016); antler damage through fraying to mark territory and clean velvet from 

antlers (Gill, 1992a) and bole-scoring, a peculiarity of sika deer during the rut 

(Swanson & Putman, 2009). This latter type of damage to woodlands overall is much 

less significant than browsing or bark-stripping, but it can be a serious problem locally 

(Swanson & Putman, 2009). Through browsing and bark-stripping, timber quality can 

be reduced through stem deformation, callousing and staining, and trees may even be 
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killed outright (Gill, 1992b). The consequent economic losses from such damage can 

be severe (Verheyden et al., 2006), particularly when trees are establishing (Putman, 

2012). Economically, browsing is likely to more serious than bark damage, but 

estimates of revenue loss remain speculative (Gill et al., 2000).  

In the east of England, the estimated cost of deer to forestry and plantation 

woodland was approximately £730,000 in 2003 (White et al., 2004). Revenue lost 

through red deer damage was estimated by Ratcliffe (1989) to be £2 million a year 

alone in Galloway, Scotland, while Williams et al. (2010) estimated damage to forestry 

from invasive deer species to cost more than £17 million annually in the UK. If damage 

by native deer species were to be calculated also, these figures would be greater still.  

Additional costs associated with reducing damage through fencing or using tree 

guards, and culling to control the deer population, contribute further to the economic 

burden of deer. For example, Forestry Commission Scotland reported the cost of forest 

protection (predominantly deer management), in 2009/2010 to be £9.4m (Putman, 

2012). In an earlier study, Gill et al. (2000) suggested that much of the cost of deer 

management can be offset against income from venison sales, yet Putman (2012) states 

that though offering some economic benefits, venison production and revenue from 

recreational stalking and tourism, are unlikely to offset the high cost of deer 

management.  

c) Deer-vehicle collisions 

Road traffic accidents involving deer are a further problem of great economic 

importance (Bruinderink & Hazebroek, 1996) but more importantly may affect both 

deer and human welfare. Increases in deer density across Europe combined with the 

proliferation of roads and the concomitant rise in traffic have resulted in a growing 



17 

 

frequency of deer vehicle collisions (DVCs) (Langbein et al., 2011). Accurate 

estimates for the total number of collisions in Europe are unavailable, but it is 

estimated that there are approximately 1 million ungulates killed each year on 

European roads, the vast majority being deer (Langbein et al., 2011). Many collisions 

are not reported and animals hit by traffic are not necessarily killed instantly and may 

move away from the scene of the collision only to die hours or even days later in 

considerable pain, presenting a serious welfare issue (Putman, 1997). Thus, the total 

toll of deer deaths is probably significantly higher than reported (Langbein et al., 

2011). 

Determining the economic cost of incidents is complex, as estimates may be 

based merely upon direct costs of damage to vehicles, or can incorporate values based 

on loss of earnings and costs of emergency services associated with human injury 

(Langbein et al., 2011). It can be particularly difficult when assigning monetary value 

to human injuries or fatalities (Bisonette et al. 2008), though these authors did assess 

costs from human fatalities to represent 53% of the total cost of incidents, compared 

to 39% from vehicle damage. When the number of DVCs in Europe was estimated at 

507,000 annually, Bruinderink & Hazebroek (1996) reported that material damage 

amounted to US$1 billion, and more recent estimates (Langbein et al. 2011) put the 

repair costs arising from ungulate collisions to be well over €1 billion. Deer vehicle 

collisions have presented a major problem in the UK for many years, and the situation 

is likely to continue to worsen (Langbein, 2007). In Britain alone, the number of deer–

vehicle collisions may well exceed 74,000 per year, with more than 450 involving 

human injuries (Langbein, 2007). Cost of material damage of this number of collisions 

is estimated to be £17 million, and total economic impact may be close to £30 million 

(Langbein, 2007). 
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Disease 

Deer are susceptible to a multitude of diseases and parasitic infections (Simpson, 

2002), caused by bacteria, viruses, helminths, protozoa and prion, many of which are 

zoonotic i.e. are transmissible to humans (Böhm et al., 2007). As such, deer acting as 

reservoirs of infection pose potential risks to human health, and may spread disease to 

livestock, impacting animal welfare and economic interests. Among these diseases are 

Bovine Tuberculosis (bTB), Chronic Wasting Disease (CWD), Foot and Mouth 

Disease (FMD), and Bluetongue/Epizootic Haemorrhagic Disease (EHD), which are 

all ‘notifiable’, meaning there is a legal obligation to report incidences or even suspect 

cases to the Animal and Plant Health Agency (APHA, 2014). Incidence of these 

diseases is currently extremely low or absent in deer in the UK.  However, with 

increasing densities of wild deer, multi-species deer assemblages may become more 

common in Britain, increasing the chance of disease establishment and maintenance 

in these complex communities. Further, with growing abundances and range 

expansion there is greater risk of contact with livestock and farmed deer, and the 

potential for pathogen spill-over and disease spread and persistence in livestock 

communities is also exacerbated (Böhm et al., 2007). 

Of increasing concern to human health is Lyme disease, which left untreated can 

lead to arthritis, heart problems and even meningitis (NICE, 2018). This disease is 

caused by spirochete bacteria within the Borrelia burgdorferi sensu lato complex, 

transmitted to humans by Ixodes ticks, the adult stage of which depends on large hosts, 

typically deer (Mysterud et al., 2016). Due to the complex life cycle of the Ixodes 

vectors, the role of the different host species for emergence of Lyme disease remains 

controversial (Mysterud et al., 2016). However, it has long been reported that deer 

maintain tick populations (Gray et al., 1992; Stafford et al., 2003; Rand et al., 2003), 



19 

 

and that growing populations of deer in Europe have been linked to rising numbers 

and increased range of Ixodes ricinus ticks (Medlock et al., 2013), which also spread 

a number of other pathogens detrimental to human health and livestock (Millins et al., 

2016). Additionally, other recent studies have shown that high deer density increases 

tick numbers (Gilbert et al., 2012) and Lyme disease incidence (Mysterud et al., 2016). 

Yet, while managing deer populations may have some effect on Lyme disease 

incidence, as multiple other drivers are involved, the disease may continue to spread 

(Mysterud et al., 2016).  

Deer management 

There are no natural predators of adult deer in the UK, and other causes of 

mortality, including severe winters, disease, poaching, and road accidents do not 

reduce the population appreciably. Without intervention, numbers would increase 

unchecked until the deer population would become susceptible to large natural 

mortalities in the winter, and to allow this to occur is deemed publically and morally 

unacceptable (Edwards & Kenyon, 2013). To prevent this, and to mitigate the negative 

impacts caused by overabundant deer, effective management is necessary (Department 

for Environment, Food & Rural Affairs [DEFRA] and Forestry Commission, 2010). 

Deer hunting, or “stalking”, using high velocity rifles is considered currently to be the 

most effective and humane means of population reduction and regulation (Linnell & 

Zachos, 2011; Aebischer et al. 2014). Although contraception is very effective in deer, 

fertility control would not rapidly reduce numbers meaning negative impacts would 

persist, population reductions would be modest, and current delivery methods would 

not allow for treating large populations of wild, female deer (Green, 2007). 
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An estimated 350,000 deer are culled each year in the UK (P.O.S.T, 2009), but 

despite this annual removal, deer populations are continuing to expand in size and 

range (Mathews et al., 2018), indicating that an increase in the numbers of deer being 

culled is required if population growth is to be controlled. A major factor in this 

complex issue is that hunting in the UK is perhaps the least regulated of any other 

European country because there is no central organisation responsible for managing 

the country’s deer population (Putman, 2011). Deer management is a devolved issue 

and legislative details differ within the UK (P.O.S.T, 2009). In Scotland, Scottish 

Natural Heritage (SNH) has the statutory power to recommend and impose a cull if 

deer are damaging forestry, agriculture, natural heritage interests or pose a threat to 

public safety. However, in England, Wales and Northern Ireland, there is no single 

body responsible for deer management with any statutory right to enforce a cull 

(P.O.S.T, 2009; Putman, 2011). As a result, deer can be managed at different densities 

on neighbouring land depending on land use objectives. For example, a sporting estate 

focussing on deer stalking by encouraging a large number of trophy males might aim 

to maintain around 16 deer per km2, whereas a neighbouring landholding aiming to 

promote and protect tree growth may have a target of 6 deer per km2 (P.O.S.T, 2009). 

Migrating deer exploiting neighbouring woodland can damage trees, and sporting 

estates may resent control of deer on adjacent land, leading to conflict between land 

owners and deer managers. 

In addition, deer dispersing between contiguous landholdings can obscure 

population growth at a landscape scale. If natural recruitment exceeds the number of 

deer culled, perceived numbers may remain stable while deer continue to emigrate, 

thus exporting problems to the wider landscape (Wäber et al., 2013). In a study of deer 

across 234km2 of Eastern England, Wäber et al. (2013) found that 1,287 muntjac and 
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585 roe deer dispersed annually into the wider landscape, despite management that 

removed 23–40% of the population each year. They suggested an annual cull of at least 

60% and 53%, for roe deer and muntjac respectively, would be required to offset 

annual production. Such source-sink dynamics have been implicated in the failure to 

limit expanding deer populations, especially of introduced species (Wäber et al., 

2013). Effective management, therefore, requires appropriate culling at a landscape 

scale based on an understanding of local numbers and fertility.  

Fencing is another important tool to manage densities and movement of deer, 

but is rarely the complete or ideal solution (Forestry Commission Scotland, 2014). 

Indeed the UK Woodlands Assurance Standard requires that appropriate wildlife 

management and control be used in preference to fencing. Although it can be effective 

in preventing deer from damaging trees, there are a number of disadvantages, including 

affecting the ranging behaviour of deer and other species, impacting wider habitat 

management, and being unsightly and an impediment to public access (Forestry 

Commission Scotland, 2014). Fencing may also be used to funnel deer to a safe 

crossing point on roads (P.O.S.T, 2009) to reduce vehicle collisions, but this requires 

careful placement in order to avoid funnelling deer onto roads elsewhere (Edwards & 

Kenyon, 2013). Another major problem with fencing is the cost, as investment is 

needed to install, maintain and dismantle fences. They have a limited lifetime, and are 

not effective during periods of deep snow, after damage incurred by storms or 

vandalism, and when gates are left open (Forestry Commission Scotland, 2014). Thus, 

while fencing may be used to manage specific deer impacts, culling is necessary to 

control population growth and thus reduce impacts in the longer term.  

Potential additional management approaches include the use of attractants and 

repellents to modify deer behaviour, although research in these areas is deficient. 
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Attractants refer to any item that may be used to attract deer, including food baits, 

scent lures and deer calls. Such products, if sufficiently attractive to draw deer to 

specific locations, could potentially be used in conjunction with culling to reduce 

population size. Studies of the efficacy of attractants are limited and have focussed on 

food baits and mineral blocks. The strategy of supplemental feeding, where feed is 

provided to enhance either individual or population size or performance (Ozoga & 

Verme, 1982; Milner et al., 2014) - although in obvious contrast to the objective of 

population reduction - has been shown to increase aggregation and group size, and 

concentrate deer activity at feeding sites (Milner et al., 2014). If attractants are able to 

produce similar effects, they could be effective tools in deer management.  

While feeding wild animals can accomplish a range of intended management 

objectives, there are also a number of unintended consequences for population 

dynamics, genetics, behaviour and physiology, vegetation and habitats, non-target 

species, and parasite and disease risk (Inslerman et al., 2006; Milner et al., 2014). For 

example, concentrating deer around a food source leads to more frequent contact 

among individuals (Schmitt et al., 1997), increasing the probability and rate of 

transmission of infectious diseases (Sorensen et al., 2014) such as bovine tuberculosis 

(Schmitt et al., 1997) and Chronic Wasting Disease (Miller et al., 1998, 2000). The 

potential effects of liberal baiting extend to non-target species also, especially if food 

is provided over an extended period. Population dynamics can be disturbed, and 

disease can also be transmitted to multiple non-target species (Dunkley & Cattet, 

2003).  

In addition, there can be significant changes in behaviour of target species. 

Kilpatrick and Stober (2002) found that white-tailed deer (Odocoileus virginianus) 

shifted their core use area to make use of bait sites if within their home range. Provision 
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of food attractants can significantly increase population density near the food source 

(Tarr & Perkins, 2002), leading to greater competition (Grenier et al., 1999), 

aggression (Donohue et al. 2013), stress (Forristal et al., 2012), and changes to diel 

behaviour, such that deer can become more nocturnal (Ozoga & Verme, 1982). 

Artificial feeding has previously been demonstrated to improve reproductive success 

and fawn survival of mule deer (Odocoileus hemionus) (Robinette et al., 1973) and 

white-tailed deer (Odocoileus virginianus) (Ozoga & Verme, 1982), and reduce winter 

mortality in wapiti (Cervus canadensis) (Smith, 2001). Such changes to individual life 

history traits may prove detrimental in the long term because populations may grow 

and exceed carrying capacity (Lewis, 1990). Finally, increased deer densities in focal 

locations can have negative impacts for a wide range of species – principally reducing 

plant and animal abundance and diversity and altering community composition (Côté 

et al., 2004). These effects have only been documented in studies of supplemental 

feeding where food is provided often over long periods, and when natural forage is 

scarce. Thus, careful use of food attractants and non-edible alternatives, to entice deer 

rather than enhance nutrition may avoid the same drawbacks.  

Despite potential efficacy of attractants, evidence for their ability to improve 

hunting success is equivocal (Milner et al., 2014). Some researchers have 

demonstrated that they can help increase cull rates (Synatzke, 1981; Inslerman et al., 

2006; Kilpatrick et al., 2010), and can be used to implement efficient sharpshooting 

programmes (culling using trained marksmen) (DeNicola et al., 1997). Synatzke 

(1981) also reported that using baits reduced mean shot distance and lowered hunter 

effort per deer, and suggested it was an effective tool in areas where increased culling 

is required. 
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Other research has indicated that baiting has little effect on success rates 

(Langenau et al., 1985; Winterstein, 1992; Bartelt et al., 2003; Tardiff Fleegle & 

Rosenberry, 2010), or indeed reduced harvest when using firearms (van Deelen et al., 

2006). Similarly, Ruth and Shipes (2004) found that harvest was 33% higher and effort 

per deer 6% lower in areas where baiting was prohibited because disturbance at baiting 

sites made it harder to cull deer. However, these studies were conducted in North 

America, and the effects of baits on hunting success appear not to have been tested in 

Europe, where the deer species, and often landscapes, are different. Thus, if attractants 

are to be used to increase culling efficacy, potential attractants must be tested on 

intended deer species and in relevant locations.  

Both within the hunting community and general public, there are many that 

express ethical concerns about the use of bait for hunting due to its implications on 

human safety, wildlife ownership, and unfair advantage (Dunkley & Cattet, 2003). As 

feeding sites alter deer movements, use of baits near roads could increase deer-vehicle 

collisions with potentially fatal consequences (Ruth & Shipes, 2004). Furthermore, 

investment in bait may be costly, leading to the desire for a return on investment 

through private ownership of wildlife (Brown & Cooper, 2006). Feeding can also be 

perceived to devalue wildlife (Smith, 2001), and breach the concept of fair chase. Such 

moral perspectives may be legitimate when considering native species at “natural” 

population sizes, however the critical need for significant population reduction in 

specific areas, and an aggressive approach to controlling introduced non-native 

species, especially when eradication is the objective, may warrant the use of measures 

which could otherwise be deemed as “unsporting”.  

Repellents are another potential management tool, which would function by 

deterring deer from treated locations. The purpose of spatially repelling deer may be 
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to protect vegetation, such as ground and shrub flora of conservation concern and 

vulnerable tree saplings of economic importance, and to prevent deer from entering 

roads where they can cause vehicle collisions. There is an extensive literature on deer 

repellents, but the vast majority of studies are limited to North American species. 

There is a large market for deer repellents in this region, and thus the number of 

available products, and tests of their efficacy, are numerous. 

Most studies have focussed on contact repellents, which are topically applied or 

attached to individual plants (Nolte & Wagner, 2000), altering their taste and making 

further herbivory less desirable (Nolte et al., 1994). Predator odours have shown 

promising results as potential repellents, with urine and faeces of various predators 

inducing avoidance and fear in deer (Müller-Schwarze, 1972; Sullivan et al., 1985; 

Abbott et al., 1990; Andelt et al., 1991; Swihart et al., 1991; Osada et al., 2014; 

Chamaillé-Jammes et al., 2014). However, these studies have investigated the efficacy 

of repellents in protecting food resources, rather than as chemical barriers, which 

would be required if repellents were intended to deter deer from high risk areas such 

as roads and airport runways. The few studies that have researched this capability, 

have produced mixed results. Belant et al. (1998) found coyote (Canis latrans) urine 

failed to stop deer from using trails, and although Kuijper et al. (2014) found that wolf 

faeces did not affect the rate and duration of red deer visits, olfactory cues did modify 

deer foraging behaviour by eliciting greater vigilance.  

Repellent efficacy is also subject to numerous other factors, including 

motivation (Kimball et al., 2009), food availability (Kimball & Perry, 2009), season 

(Conover, 1987), weather conditions (Trent et al., 2001), and concentration and 

frequency of repellent application (Andelt et al., 1991; Wagner & Nolte, 2001; Ward 

& Williams, 2010). Deer may rapidly habituate to repellents (Kimball et al., 2009; 



26 

 

Elmeros et al., 2011), thus avoidance may be fleeting unless exposure to repellents is 

accompanied by a negative consequence (Nolte, 1999), or the repellent is periodically 

reinforced to validate its quality (Nolte et al., 1993). Predator odours may be different 

in this respect, because if they provoke prey on an instinctive level (Osada et al., 2014) 

then repellency might be maintained for longer periods. Few studies have examined 

repellent effects on wild deer, and in general there is a need for further research to 

explore the potential of chemical repellents, and predator odours in particular. 

Predicting the spread and impacts of invasive species 

Invasive species are widely recognised as the greatest cause of biodiversity loss 

and species endangerment and extinction following habitat destruction (Walker & 

Stefan, 1997; Simberloff et al., 2005; Pejchar & Mooney, 2009). With increasing 

globalisation, invasive species are increasing in number, extent and influence on 

ecosystems (Pyšek & Richardson, 2010). The consequent impacts of non-native 

invasive species on native species, communities and ecosystems have been recognized 

for many years (Elton, 1958; Simberloff, 1996), and are now considered to be of global 

ecological and economic concern (Simberloff et al., 2005).  

Organisms are spreading into new regions at unprecedented rates (Ricciardi et 

al., 2000). Thousands of species have already been introduced to areas outside of their 

native ranges (Vitousek et al., 1997) and for all taxonomic groups, the increase in 

numbers of non-native species shows no sign of saturation (Seebens et al., 2017). 

Invasions are ubiquitous – on continents and islands, in aquatic systems, and across 

climatic zones (Vitousek et al., 1997).  

The array of their impacts is immense (Simberloff, 2013a). Biomes, ecosystems, 

and habitats are becoming increasingly dominated by introduced species, and as a 
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result, are experiencing rapid and dramatic degradation and loss of biodiversity (Pyšek 

& Richardson 2010). Invasions are responsible for many extinctions (Clavero & 

García-Berthou, 2005; Pimentel et al., 2005; Simberloff, 2015), often as a result of 

hybridization and introgression (Rhymer & Simberloff, 1996), predation, grazing, 

competition and habitat alteration (Mack et al., 2000). Invasive plants can completely 

alter fire regimes (Brooks et al., 2004), alter nutrient cycling (Ehrenfeld, 2003, 2010), 

hydrology (Le Maitre, 2004; Le Maitre et al., 2015), and energy budgets (Mack et al., 

2000). Direct and indirect interactions between native and invasive species result in 

changes to the population biology of native species, and rapid evolutionary changes in 

native species can occur in response to invasive species (Sakai et al., 2001). Some 

invaders are ecosystem engineers and directly modify ecosystems by altering the 

availability or quality of nutrients, food, and physical resources, and thus have 

cascading effects for resident biota across all trophic levels (Crooks, 2002). The 

current pace and extent of invasions will, if left unchecked, even influence other agents 

of global change, such as greenhouse gases, in profound, but unpredictable ways 

(Mack et al., 2000). 

In altering ecosystems, invasive species also greatly threaten the provision of all 

types of ecosystem services, for example through decreased biodiversity and species 

extinctions, and changes in community structure and physical habitat, and alterations 

to energy, nutrient, and water cycling (Charles & Dukes, 2007). While there may be 

some positive alterations to ecosystem services, for example invasive fish providing 

positive recreation and tourism opportunities, these are far outweighed by the 

negatives consequences (Charles & Dukes, 2007). Through disrupting ecosystem 

services, invasive non-native species also have adverse social and cultural impacts 

such as numerous aquatic macrophytes being a notorious nuisance for boating, 
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swimming and diving (Pyšek & Richardson, 2010). Further, they may have grave 

consequences for human health and well-being, by directly causing injuries, skin 

damage and allergies, or by acting as hosts and vectors of parasites and diseases 

(Pejchar & Mooney, 2009).  

The severe economic impacts of invasive species are evident (Sakai et al., 2001), 

despite their translation into monetary terms still in its infancy (Pyšek & Richardson, 

2010). In the UK, the cost of invasive species has been estimated to be £1.8 billion per 

year (Kelly et al., 2013), in the USA at least $120 billion annually (Pimentel et al., 

2005), and globally more than $1.4 trillion – equivalent to almost 5% of the world 

economy (Pimentel et al., 2001). Failure to address biotic invasions will result in 

further costs, and might even lead to the wholesale loss of agricultural, forestry, and 

fishery resources in some regions (Mack et al., 2000). 

Introduced deer are among the world’s most successful invaders (Lowe et al., 

2000; Davis et al., 2016) and where they have reached high abundance, natural and 

agricultural ecosystems have incurred major disturbance (Dolman & Wäber, 2008; 

Davis et al., 2016). Deer have affected the abundance and regeneration of native 

vegetation and altered forest composition and structure (Veblen et al., 1989; Vázquez, 

2002; Husheer et al., 2003), and have had direct and indirect effects on other fauna 

(Cooke, 2004; Davis et al., 2016). When introduced deer enter ecosystems where 

native deer species are already present, herbivory impacts may be additive and 

profound (Dolman & Wäber, 2008). When sympatric, native and introduced deer may 

compete, hybridize, and the latter may also act as reservoirs and vectors of disease and 

parasites (Dolman & Wäber, 2008).   
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Of the three deer species recently introduced to the British Isles, Reeves’ muntjac 

have undergone the most drastic population size and range expansion (Mathews et al., 

2018). By 2012, they were predicted to be present within 41% of all 10km squares in 

mainland Britain (Ward, 2005), and the most recent population estimate suggests there 

are approximately 128,000 individuals (Mathews et al., 2018).  Remarkably, this 

dramatic and continuing invasion of muntjac can be traced back to a single 

introduction involving a small number of females (Freeman et al., 2016). High 

fecundity resulting from rapid attainment of sexual maturity and year-round breeding 

(Chapman et al., 1997), and an ability to inhabit anthropogenically modified habitats 

(Dansie, 1983) has facilitated the rapid spread of muntjac in Great Britain, in addition 

to human-mediated dispersal (Smith-Jones, 2004). 

Muntjac are now established in England and Wales and their range is continuing 

to expand (Hailstone, 2012), into Scotland (Mathews et al., 2008), and Ireland. 

Sightings of free-roaming muntjac in the Republic of Ireland were first recorded in 

2007 (Carden et al., 2010), and a subsequent deer-vehicle collision in County Down 

in 2009 confirmed that wild muntjac were present in Northern Ireland (Dick et al., 

2010). Camera trap monitoring has since detected numerous muntjac, identified ‘hot-

spots’ (Freeman, 2014) and even self-sustaining populations (E. Fadaei, pers. obsv.). 

While the eradication of muntjac in Great Britain is unlikely to be feasible (Cooke, 

2004), immediate action could prevent the further spread of muntjac in Ireland, and 

eradication may be achievable. Knowledge of current and potential distributions, 

abundance, and spread of invasive species is important for their effective management, 

containment and eradication (Hulme, 2009; Kaplan et al., 2014, Thapa et al., 2018). 

Therefore, predicting the potential spread and likely routes of dispersal of muntjac 
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(Chapter 4) may help provide invaluable information to aid managers in controlling 

muntjac.  

Potential distribution of muntjac may be predicted using Species Distribution 

Modelling (SDM), which relates species occurrences with ecologically relevant 

environmental conditions (Elith & Leathwick, 2009). This relationship can then be 

projected spatially and/or temporally to predict environmentally suitable areas 

(Kearney & Porter, 2009). SDMs have been used in some form for many years (Elith 

& Leathwick, 2009), but are being increasingly used in invasion biology (Barbet-

Massin et al., 2018), especially to predict invasion risk (Jiménez-Valverde et al., 2011; 

Bosso et al., 2017; Kramer et al., 2017) and optimise control (Giljohann et al., 2011; 

Tulloch et al., 2014). Unfortunately, invasive Species Distribution Models (iSDMs) 

face several challenges, as two key assumptions of SDMs, niche conservatism and 

equilibrium, are often violated in the early stages of an invasion (Barbet-Massin et al., 

2018). Thus, forecasting future distributions requires special care (Elith & Leathwick, 

2009). 

Another useful tool is Least Cost Path Analysis (LCPA) which can be used to 

predict the dispersal of animals across a landscape according to species-specific 

ecological ‘costs’ (Chetkiewicz & Boyce 2009; Sawyer et al., 2011), such as greater 

energy expenditure and risk of mortality, or behavioural aversion (Etherington & 

Holland, 2013; Stevenson-Holt et al., 2014). Least-cost models have been used in 

various conservation contexts (Epps et al., 2007; LaRue & Neilsen, 2008; Alexander 

et al., 2016) including to predict the dispersal and movement of invasive species 

(Gonzales & Gergel, 2007; White et al., 2012; Stevenson et al., 2013; Stevenson-Holt 

et al., 2014). Understanding how invasive species utilise and move through the 

landscape is critical for effective conservation (Stevenson-Holt et al., 2014), and iSDM 
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combined with least-cost modelling may aid management by predicting suitable 

habitats and specific locations which may be targeted for early intervention. Since 

prevention is the most cost-effective approach to dealing with biological invasions 

(Leung et al., 2002; Clout & Russell, 2011; Crooks, 2011; Simberloff et al., 2013), 

concerted efforts based upon available predictions are required immediately in order 

to avert the wide-scale invasion of muntjac in Ireland. 

Equally important as predicting the distributions, dispersal and population size 

of invasive species, is assessing the likely impacts of future populations on native 

communities. Until recently, there have been no quantitative methodologies for 

assessing potential impacts of invasive species, especially those emerging and future 

invaders without an invasion history (Dick et al., 2017). Comparison of the Functional 

Responses (FRs) of invasive species with trophically analogous natives is a useful 

means of identifying invaders and predicting their impacts (Dick et al., 2014), with 

high impact invaders showing significantly higher FRs than natives (e.g. Alexander et 

al., 2014; Laverty et al., 2015; Xu et al., 2016; Dick et al., 2014, 2017). To better 

describe the full potential impact of an invader across its invasive range, Dick et al. 

(2014) suggested combining FR with a measure of abundance, leading to a new metric 

of impact prediction, Impact Potential (IP). However, absolute IP values do not relate 

native impact with invader impact, instead this is achieved by the Relative Impact 

Potential, an invader/native ratio, with values greater than 1 predicting that invader 

ecological impact will occur, and increasing values indicating increasing impact (Dick 

et al., 2017). Advantages of RIP include rapid calculation, success in predicting the 

likelihood and degree of invader ecological impact, and comparison of impact between 

different invaders (Dick et al., 2017).  
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Yet, RIP only describes invader impact at a single point in time, and assumes 

complete replacement of native by the invader. However, since impact may be 

dynamic over the course of an invasion, and total replacement may take time, or even 

fail to occur, the ecosystem impacts over the course of an invasion are generally 

understudied. To address this, the Relative Total Impact Potential (RTIP) is a novel 

metric which compares total impact of native and invader with a baseline impact when 

only the native species is present. Only by quantifying the total system impact at later 

stages of invasion can the effects of invasive species introductions be truly assessed.  

Thesis structure and aims 

In the next chapter, I test the efficacy of several attractants in manipulating the 

behaviour of deer. Specifically, using remote cameras to observe wild deer in Northern 

Ireland, I employ four measures to analyse the behaviour of deer at treatment and 

control plots.  

In Chapter 3, I test wolf and cattle faeces as potential repellents of deer by using 

5 measures to analyse deer behaviour and seek to identify if deer traded off foraging 

in favour of vigilance at wolf scat plots. I also test whether quantity of faeces affects 

deer response, and compare between faeces of a relevant predator and another ungulate 

to clarify if there is a general effect of faeces in altering deer behaviour, or whether 

specific predator signals are likely responsible. I set this investigation in the context of 

re-wilding programmes involving wolf reintroductions, as understanding the non-

lethal effects of wolves is critical to understanding the full impact of wolf presence in 

the landscape.  

In the fourth chapter, I predict the potential distribution and population size of 

muntjac deer in Ireland, if they are permitted to fully colonise. I do this by developing 
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an invasive Species Distribution Model (iSDM), using various techniques to overcome 

the challenges posed by modelling invasive species, including non-equilibrium. By 

combining the iSDM with Least Cost Path Analysis, I predict the likely routes of 

muntjac dispersal and use these to estimate the time by which muntjac may have fully 

colonised Ireland. This combined approach allows key habitats and location to be 

targeted for early intervention while eradication is still a possibility.  

In chapter 5, I apply the Relative Impact Potential (RIP), a novel means for 

assessing and predicting species impact, to both native and invasive deer in the British 

Isles, in order to predict the impacts of present and growing populations of invasive 

deer on native vegetation communities. I then employ the Relative Total Impact 

Potential (RTIP) to predict the impacts caused by introduced muntjac deer on native 

plants in Thetford forest, where they are sympatric with roe deer and their interactions 

have been studied for some time.  

In the final chapter I synthesise the findings of this thesis and provide a general 

discussion, and suggest how the findings of the thesis can be used to inform and 

potentially improve management of wild deer in the British Isles, as well as in other 

regions. This thesis revolves around the subject of deer management, and approaches 

this theme from two perspectives. In the first two empirical chapters, I research the 

ecology of deer and focus particularly on their behaviour towards various treatments 

in an attempt to identify specific tools that could be used to inform management of all 

populations of wild deer in the British Isles. The second perspective concentrates on 

invasive species, and Chapters 4 and 5 highlight the need for improved understanding 

of the spread and impacts of introduced species, in order to better inform management 

efforts and thus prevent wide-scale negative impacts. 
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Chapter 2: Comparative efficacy of attractants to manipulate 

sika (Cervus nippon) and fallow deer (Dama dama) 

 

Abstract  

Deer populations are growing and spreading, bringing increased pressure to bear on 

ecological systems, as well as human interests such as agriculture, forestry and 

transportation. Deer management in the form of culling is needed to protect 

ecosystems and mitigate negative economic impacts. One strategy to improve culling 

efficiency may be to use attractants to draw in deer from surrounding areas to locations 

where they can be culled more easily, and in a safe and humane manner. 

This study, conducted in Northern Ireland on sika deer (Cervus nippon), and fallow 

deer (Dama dama), tested 4 attractants reported and/or advertised to be effective lures: 

apples, aniseed spray, sugarbeet and a salt block, as well as a blank control. Using four 

measures to test efficacy (detection rate, interest, latency, and diel activity) apples were 

the most effective attractant. While the number of detections was not significantly 

different between treatments, deer showed the greatest interest in, and lowest latency 

to, the apple treatment. Daily activity patterns also shifted away from crepuscular 

activity, with deer accessing apples more during the day, compared to the control and 

all other treatments. Fallow deer showed more interest in the apple treatment than sika 

deer. Although sugarbeet pellets were attractive to some degree, this and the other 

attractants tested were less effective than apples, therefore, the latter is recommended 

when considering the use of attractants.  

With increased pressure on ecological and human systems from rising deer numbers, 

more efficient management at a landscape scale is needed. To aid deer managers meet 
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cull targets, increase their efficiency in controlling invasive species, and accomplish a 

range of management objectives, the use of attractants may be particularly useful. 

Apples are an effective attractant for sika and fallow deer, and likely for other deer 

species too, though further studies are needed to confirm this and to investigate 

whether attractants increase culling success in a European context.   
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Introduction 

Deer populations in the UK and in many other countries are growing, and the 

consequences for ecosystems, as well as human interests, are profound (Apollonio et 

al., 2010). Sustained selective browsing of certain species reduces plant abundance 

and diversity with cascading impacts for a wide range of organisms (Côté et al., 2014). 

Damage to forestry, agriculture, and transportation costs billions annually – at least $3 

billion in the USA alone (Conover, 2002) – and disease transmission is an increasing 

threat to animal and human well-being (Böhm et al., 2007; Levi et al., 2012; EFSA, 

2017). 

Wild deer should be managed effectively and sustainably, to maintain a healthy 

population at levels that do not negatively impact the natural environment, while 

achieving to the greatest possible extent the landowner’s economic objectives (The 

Scottish Government, 2009) and supporting rural economies (Department for 

Environment, Food & Rural Affairs [DEFRA] and Forestry Commission, 2010). In 

the UK, where natural predators of deer e.g. wolves Canis lupus have been extirpated, 

human control through culling is widely recommended by scientific research (e.g. 

Aebischer et al., 2014) as well as governmental (e.g. DEFRA, SNH, Natural England, 

Forestry Commission etc.), and non-governmental bodies (e.g. BDS, BASC, The Deer 

Initiative, The Woodland Trust etc.). For those managing wild deer populations – all 

species of which in the UK are increasing in abundance (Mathews et al., 2018) and 

geographic range (Ward, 2005) – employing attractants may be a particularly useful 

management tool.  

‘Bait’ is a common term in the literature but is only used to describe food, 

whereas in this study the term ‘attractant’ is used, encompassing the plethora of items 
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used to attract deer, including food bait, scent products, and deer calls. By attracting 

and holding animals in an area (Inslerman et al., 2006), attractants could aid culling 

(Brown & Cooper, 2006; Hansen, 2011), especially of invasive species such as 

muntjac (Muntiacus reevesi) and sika deer (Cervus nippon), which have been 

introduced to the British Isles and are spreading rapidly (Ward, 2005), imposing 

further pressure on ecological systems. 

Deer managers can use attractants to meet harvest goals (Jacobson et al., 2011), 

especially in residential areas where density control is important (Bowman, 2011), and 

to encourage deer away from these areas to enhance shooting safety (Kilpatrick & 

Stober, 2002). Additional objectives of attractants include improving the potential for 

a safe, clean shot to minimise the risk of deer injury and suffering. Spatially 

concentrated sources of nutrition may also be used for research purposes (Schemnitz, 

2005; Donohue et al., 2013), to improve estimation of deer abundance through use of 

camera traps (Jacobson et al., 1997; DeYoung, 2011), and aid assessment of sex and 

age ratios required for effective population management (Koerth & Kroll, 2000). Food 

can also be used to attract deer to deliver medication and oral vaccines (Cross et al., 

2007; Pound et al., 2009), and apply pesticides to control ticks (Grear et al., 2014).  

In North America, food baits are used to attract deer for hunting during the open 

season (Michigan DNR, 1999), and this initiative can often involve laying down large 

quantities of attractive food, such as corn and sugar beet, although at such a scale this 

could be conflated with supplemental feeding which involves providing nutrition to 

deer, often year-round, to promote the quality of a deer herd and stabilize the effects 

of winter mortality (Dunkley & Cattet, 2003). Supplemental feeding has numerous 

unintended ecological, economic, and social consequences (Inslerman et al., 2006; 

Milner et al., 2014), including changes to population and community dynamics and 
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individual behaviour; negative impacts on vegetation, habitats and non-target species, 

and increased disease prevalence and transmission (Inslerman et al., 2006). In contrast 

to supplemental feeding however, attractants may not necessarily involve food, and 

where used, attractive foods might be used more sparingly to entice deer rather than as 

an alternative source of nutrition.  

A diverse range of attractants are available commercially and advertise efficacy, 

yet there are few published studies analysing their effectiveness. To date, only a 

handful of studies have investigated food or mineral attractants for several species, 

mainly white-tailed deer (Odocoileus virginianus) and mule deer (Odocoileus 

hemionus), and all have been limited to the USA. Mason et al. (1993) found plain salt 

blocks to be attractive to white-tailed deer in New York, and blocks were significantly 

enhanced by extracts of apple, acorn, and peanut butter. A mineral block, likewise 

enriched with apple extract, proved to be the most attractive of all the baits tested. 

Liquid baits containing apple juice or apple extract were more effective than 

formulations using artificial sweeteners (Bean & Mason, 1995). A subsequent study 

by Koerth and Kroll (2000) conducted in Texas found that corn was a better bait than 

protein pellets (a common supplemental feed item) and salt and mineral feeders. 

Attractiveness of lures is thought to be seasonally and/or geographically variable 

(Shultz & Johnson, 1992). Wiles and Weeks (1986) noted that salt or natural mineral 

licks are attractive at certain times of day, and deer are more likely to use licks in 

spring and early summer (Weeks, 1978). The attractiveness of bait might also vary 

with sex and age. Wiles and Weeks (1986) observed that the sex ratio of lick users was 

highly skewed towards females, and baits were more attractive to fawns, yearlings, 

and adult does than adult bucks (Bean & Mason, 1995; Hakim et al., 1996). Crawford 

and Church (1971) observed different taste preferences between the sexes but only for 
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bitter solutions, and Rice and Church (1974) suggested sex may have a pronounced 

effect on taste and odour response. Social dominance of mature bucks is well 

documented in white-tailed deer and has been observed at mineral licks (Weeks, 1978), 

where aggression limits the time that submissive individuals can access an attractant 

(Grenier et al., 1999). Additionally, bait attractiveness may be habitat specific, though 

the reasons for this are unclear (Mason et al., 1993). Another factor potentially 

affecting lure effectiveness is population density (Mason et al., 1993), because in areas 

of high deer density subordinate age and sex groups may be restricted from accessing 

concentrated food sites (Donohue et al., 2013).  

Importantly, the above studies relate to North America, where hunting practices, 

legislation, and species differ from those in the British Isles. Baiting and 

supplementary feeding of wild deer is less common, but still practiced in the UK and 

Ireland, though it appears that there have been no studies to date from this region 

testing the efficacy of food baits or attractants on species found there. Given the limited 

number of scientific studies conducted on attractants, the variability of inter-

population responses to the same attractant, and inter-sexual preferences for different 

baits, there is clearly a need for further investigation into attractants. This study 

appears to be the first attempt to quantify the efficacy of attractants for naturalised and 

introduced deer species in the UK. With native and introduced deer ranges covering 

all continents except for Antarctica (Chaplin, 1977), this study has implications for 

deer management not only in the UK, but also in a significant number of countries 

where deer are found, and are of concern to public health, agricultural, forestry and 

ecosystem integrity. 

The several studies mentioned above, as well as anecdotal experience of deer 

managers, suggest that apples are an effective attractant, and were thus selected for 
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this study. Other sweet foods, such as sugarbeet and molasses have also been touted 

as effective lures, and in this study, they were tested in combination in the form of 

molassed sugarbeet pellets. Two attractants sold by the outdoor and hunting shop 

BushWear (Stirling, UK) were also selected: an anis salt block with the “alluring 

appeal of aniseed”; and anis oil, with an intense aniseed smell that “reliably attracts 

almost all types of game over long distances”. While this is not an exhaustive list of 

all the attractants advertised or reported as effective, they represent a variety of 

attractant types: food, mineral, and scent. 

Using a random sampling design, these four attractants were tested in a 

coniferous plantation forest by analysing interactions of deer with these treatments and 

compared to blank controls. Attractants were set in the forest and deer activity at each 

site was recorded by remote sensing camera traps. Now a mainstream tool in 

conservation and ecology (Rowcliffe et al., 2008), wildlife cameras are increasingly 

popular due to their putatively non-invasive nature (Kays & Slauson, 2008), improving 

technology and decreasing costs (Tobler et al., 2008). Further, remote cameras allow 

surveys to be conducted over a longer period of time than may otherwise be feasible, 

while minimising survey effort and disturbance to wild animals (Caravaggi et al., 

2018).  

Based on four measures of deer activity, it was hypothesised that deer detections 

and interest in attractants would be greater at treatment sites compared to controls, 

while latency to the attractant would be lower for treatments. Furthermore, if effective, 

attractants would cause deer activity patterns to deviate from those observed at control 

locations.  
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Methods 

i) Survey location 

The study was conducted in Grogey Forest (54°19’17”N, 07°19’50”W) in 

County Fermanagh, Northern Ireland, a 300 hectare sitka spruce (Picea sitchensis) 

plantation forest with various growth stages. Pole stage trees are approximately 40-50 

years old, and several rides divide the mature blocks. Ground cover is dominated by 

common wood sorrel (Oxalis acetosella) and mosses, with some ferns and sedges 

present. In the thicket blocks, an understory vegetation layer is lacking and needle litter 

is ubiquitous. There is a resident population of approximately 100 Japanese sika deer 

(Cervus nippon Temminck, 1838) (B. Gaw, pers. comm.), and approximately 10 

fallow deer (Dama dama Linnaeus, 1758), managed by Colebrooke Estate stalking 

syndicate and Forest Service. Field work was conducted between August and 

November 2015.  

ii) Survey design 

10 cameras were deployed within two stands of pole stage trees, and two areas 

of thicket trees, totalling 0.13km2 (Figure 8). A random sampling design was used to 

select 80 camera trap locations within this area. 6 digit grid references were provided 

by a random number generator (random.org), and viewed in an online mapping tool 

(irish.gridreferencefinder.com). These points were logged in a Garmin GPS unit 

(eTrex Vista HCx, Kansas, USA), and navigated to in the field. Given GPS accuracy 

of only several metres, the nearest available tree was selected to which a camera was 

attached approximately 40-50cm above the ground.  
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Figure 8: Grogey forest (left) showing survey areas, with reference to the British Isles 

(right). Pole stage blocks are highlighted orange, thicket blocks are highlighted purple. 

iii)  Attractants 

The attractants used were a 2kg anis salt block (Bushwear, Stirling, UK); 1kg of 

halved Golden Delicious apples; 1kg Supabeet molassed sugarbeet pellets (Trident 

Feeds Ltd, London, UK); and Eurohunt concentrated aniseed oil spray (100ml) 

(Bushwear, Stirling, UK). The salt blocks, apples, and sugarbeet were placed on the 

forest floor, approximately 3 metres in front of the camera. The aniseed oil was sprayed 

on a tree at the same distance, approximately 50-70cm above the ground, with 15 

sprays. At the control site, no attractant was added. Treatments were assigned 

randomly to each location, and the individual camera used was also random. The salt 

blocks were recovered at the end of each trapping period and reused for the duration 

of the study.  

An a priori power analysis (G*Power version 3.1.9.2; Faul et al., 2007) 

predicted an appropriate sample size of 80 camera trap placements (Effect size = 0.4, 

Power = 0.8) for the 5 treatments, giving 16 replicates for each treatment. Two 
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replicate groups, each comprising all 5 treatments, were deployed at a time meaning 

10 cameras were active simultaneously. The mean interplacement distance between 

cameras was 39.6m (SD = 14.4m, min = 17m, max = 76m).  

iv)  Cameras 

Bushnell Trophy Cam HD (model 119677) camera traps, with passive infra-red 

(PIR) motion detectors and a 33 No-Glow Black LED night-vision flash, were used 

exclusively. Each camera was positioned on a tree approximately 40cm high, set 

perpendicular to the ground, and secured with a metal Python security cable. Cameras 

were set to capture 3 pictures (3264 X 2448 pixels) and a 60 second video (1280 X 

720 pixels) per trigger. All media were date and time-stamped. Motion detectors were 

set to medium sensitivity, and the delay between triggers was set at the minimum of 1 

second. All cameras in a replicate group faced the same direction. Cameras were left 

in-situ for 7 days, and redeployed in new locations after changing batteries and 

replacing with 8GB SDHC cards.   

v) Analyses 

The pictures and video footage from deer detections were analysed using four 

measures:  

a) Detection rate 

The mean number of deer detections per week. Independent detection time was 

counted as 5 minutes, and if multiple detections occurred within 5 minutes, but 

individuals could clearly be identified as different animals by visually assessing sex 

and age class, these were also counted as independent. A single detection was counted 

even if deer remained in view of the camera for more than 5 minutes.  
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b) Interest 

Deer behaviour was analysed in response to the attractants, using a categorical 

scale from 0 to 5 to score behaviours (Table 2). Deer detected at the control sites were 

given interest scores of 0, and served as examples of typical behaviour. Likewise, if 

deer were detected at sites with attractants, yet ignored the resources or appeared 

unaware of it, they too were given a score of 0.  If deer were aware of the attractant, 

but did not approach close enough to touch it (direct contact), a score of 1 was given 

(an example is given in Figure 9). Direct contact refers to sniffing, eating, or licking 

of the attractant, and longer periods of contact were awarded higher scores. Every deer 

detection was given a score, and all scores for each treatment group were averaged to 

give the mean interest.  

c) Latency to attractant 

The time taken for the first deer to arrive at the attractant source, i.e. the 

difference between when the camera was set and the first deer detection. 5 replicates 

of the apple treatment were removed from the analysis because all apples had already 

been consumed by other mammal species before deer arrived. If deer failed to visit the 

treatment, a latency of 7 days was prescribed. 

d) Activity pattern 

Deer detections from all replicates were initially grouped together to give the 

largest sample size for analysing the activity pattern of deer in general. To compare 

activity patterns of deer at each treatment, the 24 hour period was divided into 5 time 

periods: pre-dawn (00:00 – 06:00), dawn (06:00 – 09:00), day (09:00 – 18:00), dusk 

(18:00 – 21:00), and post-dusk (21:00 – 24:00). The proportion of total deer visiting 
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the attractant during each period was calculated, and compared with a Chi-square test 

of association.  

Table 2: Scale of interest with associated deer behaviours 

Category Behaviour description 

0 
No deer present/no interest - ignore or unaware of attractant, i.e. normal 

behaviour 

1 Aware of attractant, head directed towards it, no direct contact 

2 Deer at attractant, direct contact up to 15 seconds 

3 Direct contact for 15 - 90 seconds 

4 Direct contact for 90 seconds - 5 minutes 

5 Direct contact for more than 5 minutes 

 

Figure 9: A sika hind investigating a salt block (highlighted with arrow), demonstrating 

category 1 behaviour. 

Due to the small sample size of fallow deer, species comparisons could only be 

made for the most selected (apple) treatment. 

The data were subjected to a Shapiro-Wilk normality test, and because they were 

non-normally distributed, Kruskall-Wallis H tests were used to analyse the dependent 

variables (Number of detections, interest, latency, activity pattern) with treatment as 
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the independent variable, and Mann-Whitney U tests for species comparisons for the 

interest and latency variables. If tests were significant, Tamhane or Dunn-Bonferonni 

tests were used post hoc. Diel activity frequencies were tested with Chi-square 

associations. Statistical analyses were conducted in SPSS 22.0 (IBM Corp., 2013). 

Significance was set at p = 0.05. 

Results 

A total of 76 replicates of treatments (i.e. unique camera placements) were 

obtained. Cameras were in the field for a total of 13,330 hours, equivalent to 555 days. 

There were 922 independent detections from the following wild mammalian species: 

red squirrel Sciurus vulgaris (303); sika deer Cervus nippon (273); European pine 

marten Martes martes (192); red fox Vulpes vulpes (60); wood mouse Apodemus 

sylvaticus (49); Irish hare Lepus timidus hibernicus (22); fallow deer Dama dama (16); 

and European badger Meles meles (7). 

i)  Number of detections 

In total, there were 289 independent deer detections, the majority of which were 

sika deer (94%). There was no significant difference in the detection rate between 

treatments (χ2 (4) = 2.097, p = 0.718, Figure 10a). The number of individuals detected, 

i.e. group size, was also not significantly different across treatments (χ2 (4) = 3.861, p 

= 0.425, Figure 10b). Fallow deer made proportionately more visits to apple sites (75% 

of fallow detections) compared to sika (15% of sika detections).  

The detection rate of deer at apple plots slowed over the course of the detection 

period, with half of the detections (n = 54) occurring during the first third of the week, 

and half during the remaining time. This was because all apples were consumed before 

the end of the detection period, in 13 of the 15 replicates. On average, apples were 
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consumed after only 2.2 days, and in some instances, only several hours after being 

set down.  

a) 

 

b) 

 

Figure 10: a) Mean detection rate of deer at treatment sites, b) Mean group size of deer at 

treatment sites. 

ii) Interest 

Deer interest was highly significantly different between treatments (χ2 

(4)=62.619, p<0.001, Figure 11a). Pairwise differences between the control and both 

apple and sugarbeet treatments were very highly significant (p<0.001), and differences 

between apple and aniseed (p=0.006), apple and salt (p=0.001), and salt and sugarbeet 

(p=0.002), were all highly significant. Deer also showed greater interest in sugarbeet 

compared to aniseed (p=0.012).  

However, in many of the apple replicates, apples were consumed by other 

species (pine marten, red squirrel, fox, badger) often before deer were detected. Thus 

when deer arrived, there was no attractant and hence interest at these sites was lower 

than at apple plots where apples were present throughout the detection period. Despite 

removing detections in which deer arrived after the apples had been consumed, 

differences between the treatments remained highly significant (χ2 (4)=86.625, 
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p<0.001, Figure 11b), and all pairwise differences remained the same, except for salt 

and apple where the difference in interest was even greater than the initial analysis 

before the removal of these specific detections (p=0.001).  

The mean interest score for apples was 2.3, placing it within the category where 

contact with the attractant lasted up to 15 seconds (Table 2), yet the greatest detection 

time was 16 minutes, and there were six visits where contact lasted more than 5 

minutes (category 5). Sugarbeet also demonstrated some attractiveness, with three 

category 5 visits, the longest visit lasting 9 minutes. Fallow deer also showed almost 

3 times more interest in the apples than sika deer (U=16.5, p=0.003). 

a) 

 

b) 

 

Figure 11: a) Interest shown in each treatment, b) Interest show in each treatment after 

accounting for apple consumption by other species. Bars = S.E. * (p<0.05), ** (p<0.01), *** 

(p<0.001). 

iii) Latency 

Latency of deer was different between treatments (χ2 (4)=5.868, p<0.003, Figure 

12a). Deer arrived to sites with apples (1.07 days, 0.63 S.E.) significantly more quickly 

than to aniseed (3.35 days, 0.66 S.E., p=0.018), control (2.94 days, 0.57 S.E., p=0.04), 

and salt (4.00 days, 0.64 S.E., p=0.001) treatment areas. 
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However, this measure does not reflect the interest shown in the treatments, as a 

deer merely moving past the camera by chance without having detected the attractant 

would be included in the analysis. To avoid this, only detections where interest was 

shown (>1 on the interest scale) were used. With this new approach, the control latency 

was 7 days, as deer did not show any interest in the treatment area. Deer visited apple 

(p=0.003) and sugarbeet (p=0.043) treatments more quickly than control areas (χ2 

(4)=15.657, p<0.004, Figure 12b). Sika deer also arrived at apple plots faster than 

fallow deer (U=109.0, p=0.001). 

a) 

 

b) 

 

Figure 12: a) Latency of deer to each treatment, b) Latency of deer to treatments accounting 

for interest shown. Bars = S.E. * (p<0.05), ** (p<0.01), *** (p<0.001). 

iv) Activity pattern 

Deer activity in the total sample was clearly crepuscular, with two peaks of 

activity at dawn and dusk (Figure 13a). On average, 9.5 deer were detected per hour 

in the pre-dawn, day, and post-dusk periods, significantly lower than the 45.5 deer per 

hour in the dawn and dusk periods (χ2 =125.0, df=4, p< 0.001, Figure 13b). 

Deer activity at control sites was similar in pattern – though more pronounced – 

compared to the total sample, with two distinct peaks of activity at dawn and dusk, and 

relatively low activity outside of these times (Figure 13c). Frequency of deer 
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occurrence during the peak times was significantly higher than the rest of the diel 

period (χ2 = 110.0, df=4, p< 0.001). This was also the case for aniseed (χ2 =51.3, df=4, 

p< 0.001, Figure 13d), and sugarbeet treatments (χ2 =17.9, df=4, p=0.001, Figure 13e), 

except pairwise differences within the latter were only significant between dawn and 

predawn (p = 0.031), dawn and post dusk (p < 0.001), day and post dusk (p = 0.013), 

dusk and predawn (p = 0.05), and dusk and post dusk (p = 0.001). The difference in 

frequency of deer occurrence between periods at salt plots was very highly significant 

(χ2 = 29.1, df = 4, p < 0.001, Figure 13f), with more deer visiting in the predawn period 

compared to dawn (p = 0.019), and all other periods (p < 0.001), and between dawn 

and dusk (p = 0.005) and post dusk (p = 0.012). At apple treatments, deer occurrence 

was greatest during the day (χ2 = 47.1, df = 4, p < 0.001, Figure 13g). 
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Figure 13: a) The total number of deer detected during each hour of the diel period, b) The 

percentage of total deer detected during each period of the diel period, the percentage of deer 

a) Total number of deer during each hour 

 

b) % of total deer in each period 

 

c) Control 

 

d) Aniseed 

 

e) Sugarbeet 

 

f) Salt 

 

g) Apples 
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detected during each period of the diel period at c) control, d) aniseed, e) sugarbeet, f) salt, 

and g) apple plots. Bars are 95% confidence intervals. 

Discussion 

This study was designed to test whether four attractants were able to attract wild 

deer to specific areas, such that they could be more easily observed and culled in order 

to facilitate success of a management plan. An attractive resource should draw animals 

from the surrounding environment, in greater numbers and in quicker time compared 

to what would normally be experienced by an identical area without an attractant. 

Furthermore, an effective attractant should keep individuals interested once present. 

Four measures were used in this study to test the efficacy of the attractants based on 

these qualities. 

The attractants in this study appeared to lack the capability to draw in deer from 

the surrounding areas compared to the control. Indeed, deer visits to the control 

treatment were as much as twice that of visits to one of the attractants. However, it is 

unlikely that control areas were attractive to deer in themselves, as the detection rates 

at all treatment sites, including the control, did not differ significantly. The detection 

rate however does not take group size into account, and thus differences in the number 

of deer visiting attractants may have been overlooked using this measure. Yet, further 

analysis found that deer were not more abundant at attractant sites. Of interest is the 

proportional differences in detection rate among sika and fallow deer – the majority of 

fallow deer visited apple sites, suggesting a strong preference for this resource 

compared to the other items. 

The likeliest reason for low detection rates at apple sites, despite apples receiving 

the greatest interest, is that at nearly all plots apples were consumed by other 



53 

 

mammalian species, often before deer had visited. The absence of apples likely made 

plots less attractive and diminished the reason for deer to return, hence why the 

detection rate at apple sites was lower after apples had been eaten.  

If the attractant had been present for the entirety of the week, and deer visited at 

the same rate as at the start of the week, almost 60% more detections could be expected 

than were observed. Of the 15 replicates, 13 sites experienced the loss of all the apples 

before the cameras were collected. On average, apples were finished after only 2.2 

days, and in some instances, only a few hours after being set down. Thus, in the 

majority of sites, the absence of apples likely diminished the reason for deer to revisit 

and likely why the detection rate dropped. In total, there were 54 deer detections at 

apple sites, of which 27 occurred in the first 2.2 days when apples were still present, 

and 27 detections were observed over the rest of the week (4.8 days). If the attractant 

had been present for the entirety of the week, and deer visited at the same rate as at the 

start of the week, almost 32 more detections ((27*(4.8/2.2)) – 27 = 31.9) could be 

expected. 

While detection rate was similar between the treatments, the behaviour of 

individuals showed marked differences. At the apple and sugarbeet sites, deer 

exhibited higher interest scores, meaning they remained in the area for longer while in 

contact with the attractant. When accounting for the removal of apples by other species 

before deer even arrived at the site, apples were the most effective attractant, keeping 

deer interested for longer. The other attractants had negligible mean interest scores, 

indicating inefficacy as attractive resources.  

In terms of interest also, apples appear to be more attractive to fallow deer than 

to sika. The fallow only visited 4 replicate treatment areas over a 2 week period, with 
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the majority of detections arising from visits to the apple treatment. At apple sites, on 

average, fallow deer spent longer eating apples than sika did. This may be because sika 

deer are a secretive species (Bartoš, 2009), and therefore may be less inclined than 

fallow deer to spend time in one area. Additionally, while apples are a novel resource 

to sika at this study site, the fallow deer are occasionally fed apples by a local farmer 

(B. Gaw, pers. comm), and thus having developed a familiarity with this resource, may 

be more likely to feed for longer. If this is the case, apples are further validated as an 

effective tool for attracting deer, even over longer periods of time.  

According to the latency measure, apples again appear to be the most effective 

treatment tested, as deer arrived at the apple sites significantly more quickly compared 

to control sites. This suggests they could attract deer from surrounding areas, in 

apparent contrast to the detection rate which showed apples were unable to attract deer 

in greater numbers. Interestingly, sika had a lower average latency than fallow, despite, 

on average showing less interest. This may be explained by far greater sika numbers, 

making it more likely for this species to come across the treatment.  

Although sugarbeet did show some level of attractiveness, it is less reliable than 

apples as an attractant, and therefore unlikely to be used as a management tool. The 

other attractants – aniseed spray and salt block – were generally unsuccessful as 

attractants, contrary to descriptions from the suppliers. There were no instructions for 

use of the aniseed oil except to spray on foliage and branches, therefore the amount 

used at each replicate site (15 sprays) may have been insufficient, or indeed excessive. 

There were several detections of deer demonstrating category 3 behaviour, i.e. contact 

with the treated tree for at least 15 seconds, demonstrating sika probably discovered 

the scent, but did so only if they passed very close to the odour source. It is also 

possible that the spray became diluted or washed off with heavy rains, but if so, it 
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would clearly be an unreliable attractant.  Overall, it appears that the aniseed spray is 

ineffective, at least for the deer species involved, and therefore has little potential to 

be used as a tool in deer management.  

Ping et al. (2011) showed that sika deer adjusted activity budgets to lick salty 

soil, and showed sex differences in temporal use of artificial salt licks, both diurnally 

and seasonally. However, this study was conducted in the subtropical humid climate 

of eastern China where vegetation species are different and sodium requirements may 

be higher. Mineral consumption is related to physiological demand, and ungulates 

have evolved to detect the mineral content of diets and modify their behaviour or 

regulate intake to meet their requirements (Weeks & Kirkpatrick, 1976; Villalba et al., 

2008; Ceacero et al., 2009). Although possible, sodium requirements may not be 

fulfilled by the natural diet of deer alone, as minerals are usually deficient in food 

sources in the wild (Ceacero et al., 2009). Thus, the sika deer in this study may already 

be exploiting an alternative source of sodium, such as salty soil or other natural sodium 

deposits, hence why the salt blocks were ignored.  

Ping et al. (2011) also noticed a delay of around one month before licks were 

visited regularly by deer. In this study, cameras were active for only one week before 

being moved to new locations, so perhaps insufficient time was permitted for deer to 

become familiar with, and start using the attractant. Whereas Ping et al. (2011) chose 

sites to place salt licks where deer had frequently been sighted, salt blocks in this study 

were placed randomly and thus could potentially have been deployed in locations 

seldom used by deer. Nevertheless, if salt blocks were an ideal attractant, they would 

attract deer and provoke their interest, which was not observed in the present study. 
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The activity patterns of the deer also provide insight into the effect of the 

attractants. As expected, behaviour at control sites was very similar to the population 

sample, with twin peaks of activity around dawn and dusk. This crepuscular pattern of 

activity is common among cervids in areas with human disturbance, where otherwise 

diurnal behaviour is observed (Borkowski, 2001). Disturbance from dog walkers, 

forest management machinery, and deer stalkers is likely to be the cause of the 

crepuscular deer activity in Grogey Forest. The aniseed and sugarbeet sites had similar 

patterns of deer activity, with most deer detected during the dawn and dusk periods. 

The sugarbeet treatment had slightly higher deer activity during the day, likely because 

the piles of sugarbeet were more visible to deer during daytime feeding bouts.  

The daytime activity of deer was much greater at apple treatments, suggesting 

that apples may be sufficiently attractive to modify deer daily activity patterns. This 

shift towards more daytime activity at apple treatments has important management 

implications, as culling may be easier for deer managers. Despite shots being more 

accurate during day time, Cockram et al. (2011) found that the percentage of red deer 

wounded was not significantly higher at night. Thus although shooting during the day 

may not be necessarily more humane, it is certainly easier to recover deer that may run 

after a hit during the day, compared to finding deer in failing light. Secondly, more 

day time activity increases the window of opportunity for deer stalking, which 

typically occurs around sunrise and sunset when deer are most active. With day time 

culling a possibility, the likelihood of attaining cull targets is increased. 

The salt treatment provided unexpected results as deer were mainly detected in 

the predawn period, and there were fewest detections during the dusk period. It is 

unlikely that the salt treatment is the cause of this change in diel pattern, as the salt 

blocks were ineffective in attracting deer and most deer were unaware of, or ignored 
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the blocks. Almost half of all the detections of deer at the salt treatment occurred in 

the final replicate week, the only week (which gained detections) that began after the 

start of the open season for sika hinds, meaning a potential sharp increase in hunting 

pressure may have caused the deer to become more nocturnal. 

Only resident sika deer were targeted in this investigation, and the more transient 

fallow deer were incorporated opportunistically. The results indicate some differences 

between the two species, in relation to the intensity of interest shown in the preferred 

attractant. Further investigation is required to establish whether apples demonstrate the 

same level of attractiveness within a larger population of fallow deer, and among the 

other species of wild deer found in the UK. Studies investigating attractants are lacking 

for all deer species found in the UK, but future research in this area could provide 

valuable insights that might aid management techniques. 

The attractants in this study were deployed in a small conifer plantation with a 

relatively high deer density (30-50/km2), thus further work could determine the 

efficacy of attractants in other deer habitats, namely deciduous woodland and open 

grass/moorland, and across a range of densities. For attractants to be used as part of a 

management plan, research will also need to confirm whether such resources retain the 

interest of deer under hunting pressure. While this study overlapped with the open 

seasons for stags, and partially with hinds, a longer term study covering both open and 

close seasons would provide further insights into the effects of attractants and their 

implications for deer management. 

This study tested a small number of the innumerable items advertised or reported 

as deer attractants, as an exhaustive test of every attractant was impossible. It is also 

known that what is attractive to deer changes with season, nutritional requirements, 
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sex, and population density. Thus any of the attractants used in this study may provide 

different results under alternative circumstances. However, the results of this study 

indicate that of all the attractants tested, apples are the most effective at drawing in 

deer and retaining their interest. The interest measure is perhaps most important of the 

measures used here as it provides the clearest demonstration of the attractiveness of 

the resource.  

If deer are able to be kept in a static location for longer periods, especially during 

day light hours, and encouraged to return to the same area, deer managers can take 

advantage of this behavioural modification to increase the likelihood of taking a safe, 

clean shot and thus a humane kill. Using attractants such as apples may be a useful 

strategy for deer managers seeking to attain cull targets, and especially for the control 

of invasive species which must be managed intensively and effectively in order to 

control numbers and mitigate their ecological and economic impacts.   
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Chapter 3: Do deer react to predator odours despite a long 

period of predator absence? 

Abstract 

Olfactory cues of predators often provoke strong responses in prey, as they signal 

predator presence and thus increased predation risk. Predator odours can significantly 

affect deer behaviour, for example through increasing investigation of cues, causing 

trade-offs between foraging and vigilance, and altering habitat use in space and time. 

Deer may react strongly to odours despite many years of predator absence, indicating 

innate threat-sensitivity. In this study, remote camera traps were employed to 

investigate how fallow deer (Dama dama) and sika deer (Cervus nippon) – which have 

not been predated by wolves (Canis lupus) for over two centuries – reacted to scats. 

Three research objectives were identified: to investigate whether behavioural trade-

offs occur, examine if increased quantities of wolf faeces compound the response, and 

explore whether faeces of cattle (Bos taurus) cause similar responses to clarify if there 

is a general effect of faeces in altering deer behaviour, or whether specific predator 

signals are responsible. Results indicate that wolf faeces did not alter the rate, duration, 

or latency of deer visits to plots, but did affect the time spent in specific behaviours. 

Sniffing behaviour was elevated in wolf scat treatments compared to control and cattle 

faeces plots, most notably by sika deer. Male deer demonstrated increased vigilance at 

both wolf and cattle faeces plots, and the difference in time spent walking between day 

and night was pronounced at wolf scat plots. There was no evidence of an increase in 

vigilance at the expense of foraging or other behaviours; increased quantities of faeces 

did not alter response intensity; but there were differences in the effects of cattle and 

wolf faeces. It is unclear whether deer recognised wolf odours as originating from a 
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potential predator, or merely responded differently because of greater potency or 

foreignness. In the absence of continual reinforcement from predator presence, innate 

responses to predators may be lost or persist, although which of these is likely to occur 

is not well understood. These findings indicate that by themselves, wolf odours are 

unlikely to be able to establish a landscape of fear, and are relevant to understanding 

non-lethal effects during wilding programmes involving wolf reintroductions.  
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Introduction 

The interaction between predator and prey is an evolutionary arms race, where 

selection acts on predators to become more adept at capturing prey, and likewise on 

prey to become more effective at evading predation (Abrams, 1986; Ferrari et al., 

2010; Wilson et al., 2018). In addition to diverse physiological and morphological 

adaptations, prey have evolved behavioural strategies to reduce predation risk 

(Monclús et al., 2005). Among them, avoidance behaviour is predicted to have the 

greatest impact on the outcome of a predation event (Endler, 1993), yet to enact 

behavioural responses, animals must first detect a predation risk, typically either the 

predator itself or potential of predator presence (Barrio et al., 2010). Early detection 

of risk, essential in increasing the likelihood of survival, is facilitated by a number of 

sensory modalities, including visual, auditory, and olfactory (Maclean & Bonter, 2013; 

Fischer et al., 2017). For many mammalian species, predator detection comes mainly 

via olfactory signals which can be accurate indicators of predation risk, even in the 

absence of predators (Barrio et al., 2010).  

Once detected, these signals often elicit anti-predator behavioural responses, 

such as direct avoidance of the odour (Kats & Dill, 1998), increased vigilance (Elgar, 

1989), reduced foraging time (Abramsky et al., 2002), changes in group size, and 

spatial-temporal activity modifications (Kats & Dill, 1998; Lima & Bednekoff, 1999). 

Responses to predator signals and their associated costs have been studied in a wide 

range of taxa, in both aquatic and terrestrial systems (reviewed in Chivers & Smith, 

1998; Apfelbach et al., 2005; Ferrari et al., 2010). There are, however, tradeoffs 

between predator avoidance and food acquisition (Berger, 2010), as vigilance induces 

foraging costs (Fortin et al., 2004), and avoidance behaviour leads to lost opportunities 

for resource use with knock-on impacts for fitness (Barrio et al., 2010). Additional 
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costs associated with approaching predators, are increased risk of mortality to 

approacher and relatives, and increased energy costs (Dugatkin & Godin, 1992). 

Predators influence ecosystems through their effects on herbivores (Manning et 

al., 2009), predominantly in two ways:  

i)  Lethal or consumptive (density-mediated) effects, i.e. by consuming 

herbivores and thus reducing their numbers and therefore grazing pressure. 

ii) Non-lethal or non-consumptive (behaviourally-mediated) effects, which alter 

behaviour and have fitness costs.  

The reintroduction and presence of grey wolves (Canis lupus) in North America 

has had significant effects on prey behaviour, with consequences for lower trophic 

levels, and even on some physical features of the environment. Since the reintroduction 

of wolves to Yellowstone National Park in 1995, three main behavioural responses 

have been observed in wapiti (Cervus canadensis): changes to group size and sex 

composition (Creel & Winnie, 2005; Winnie & Creel, 2007; Liley & Creel, 2008), 

habitat use (Creel et al., 2005; Fortin et al., 2005; Mao et al., 2005), and time spent 

foraging and being vigilant (Laundré et al., 2001).  

In response to wolf presence, wapiti moved into or closer to protective cover, 

increased vigilance levels in exchange for foraging, and herd size generally decreased 

(Creel & Winnie, 2005; Winnie & Creel, 2007). Less dangerous (i.e. lower predation 

risk) wooded areas were also selected over preferred grassland habitats with higher 

predation risk, demonstrating further tradeoffs between foraging and predation risk 

(Creel et al., 2005). Female wapiti were also significantly more vigilant in areas with 

wolves compared to “wolf-free” zones, and vigilance levels increased over subsequent 

years of sympatricity, and as wolves expanded into new areas (Laundré et al., 2001). 
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In short, the presence of wolves is increasingly thought to have re-established a 

‘landscape of fear’ (Laundré et al., 2001). This ‘landscape’ “represents relative levels 

of predation risk as peaks and valleys that reflect the level of fear of predation a prey 

experiences in different parts of its area of use” (Laundré et al., 2010). 

Removing top predators from ecosystems also has effects that cascade through 

successively lower trophic levels and which may profoundly alter vegetation 

communities (Estes et al., 2001). Structure, species composition, diversity, 

productivity, and succession of vegetation, as well as habitat quality for fauna may all 

be altered through increased ungulate herbivory (Ripple & Beschta, 2004). Indeed, 

when sufficiently severe and sustained, it may ultimately lead to the loss of woody 

browse species on which various species and even riparian functions depend (Ripple 

& Beschta, 2004). For example, riparian plant communities help stabilize stream 

banks, maintain carbon and nutrient cycling, and provide important habitat structure 

(NRC, 2002). The loss of apex predators such as wolves can therefore lead to 

simplified or degraded ecosystems (Soulé et al., 2003), and the ecological impacts of 

extirpation can be severe (Ripple & Beschta, 2004). 

In Yellowstone, wapiti released from predation pressure had significant impacts 

on plant communities, suppressing growth and recruitment of deciduous riparian 

species (Ripple & Larsen, 2000; Beschta, 2005). After reintroduction, wolves reduced 

browsing of aspen (Populus tremuloides) (Ripple & Beschta, 2004, 2007), willow 

(Salix spp.) (Ripple & Beschta, 2006; Beyer et al., 2007), and cottonwood (Populus 

angustifolia and P. trichocarpa) (Beschta, 2003), especially in riparian areas 

associated with high predation risk (Ripple & Beschta, 2007), aiding the recovery of 

plant and animal communities. Evidence suggests that wolf predation on ungulates in 

the Yellowstone ecosystem is driving a density-mediated and behaviourally-mediated 
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trophic cascade (Laundré et al., 2001, 2010; Ripple & Beschta, 2004, 2007). However, 

the relative importance of non-lethal and lethal effects and their interaction is still 

unclear. Behavioural responses to carnivore presence are proposed to have similar or 

even greater importance than lethal effects in modifying consumer-producer 

interactions (Schmitz et al., 1997; Preisser et al., 2005; Creel & Christianson, 2008). 

Yet recent findings show that wapiti track the diel activity pattern of wolves, enabling 

use of areas with a higher predation risk during periods of wolf downtime, which 

diminishes the impact of fear on resource use. In this respect, a landscape of fear may 

have less practical importance than direct killing (Kohl et al., 2017). 

These findings have implications for the potential reintroduction of wolves to 

Scotland, an idea that has gained momentum and considerable media attention in 

recent years (Manning et al., 2009). Reintroduction of red deer (Cervus elaphus) 

predators has been discussed as a possible solution to naturally reduce the population 

size, which is currently considered to be at densities that approach carrying capacity 

and greatly exceed ecological sustainability (Clutton-Brock et al., 2004). Heavy 

grazing and browsing pressure by deer released from predation has serious, ongoing 

consequences for the structure, composition and function of native ecosystems in the 

Scottish Highlands (Manning et al., 2009), such as native scots pine forest (Baines et 

al., 1994). An important step in restoring such systems is the reintroduction of 

organisms that have been extirpated, especially ‘keystone species’ such as wolves 

(Manning et al., 2009), which have a disproportionately large effect on the ecosystem 

(Power, 1996). Wolves are predicted to reduce deer densities (but see Gorman, 2007) 

and remove the need to cull hinds for management purposes, thus making deer estates 

more profitable (Nilsen et al., 2007).  
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Yet, research into wolf reintroduction in Scotland has concentrated on modelling 

the potential lethal effects on deer populations, without considering the non-lethal, 

behaviourally-mediated effects of wolves, known to profoundly affect deer behaviour. 

Manning et al. (2009) suggest that restoring a landscape of fear for deer through the 

re-establishment of wolves in the Scottish Highlands could be as important as the lethal 

effects, and that potentially fewer wolves may be required than models of lethal effects 

predict in order to have significant positive ecosystem impacts. By eliciting avoidance 

at landscape and fine scales (Ripple & Beschta, 2006), it is also plausible that wolves 

could prevent browsing damage in a manner similar to deer fences, but without the 

disadvantages of costs, poor landscape aesthetics and accidental deaths of protected 

species (Manning et al., 2009). 

As reintroduction of wolves in the Highlands is a contentious and strongly 

debated issue within the UK (Nilsen et al., 2007), and may be a far off event (Manning 

et al., 2009), in the interim, it may be possible to use odours of wolves to elicit threat-

sensitive behavioural responses and simulate a landscape of fear. Predator odours 

alone have been shown to produce similar effects to predator presence (Apfelbach et 

al., 2005). Responses of deer to predator odours have been well studied, in both natural 

and artificial environments, as odours have attracted research attention over the years 

as potential repellents through their putative ability to reduce deer browsing. Predator 

odours are considered to be aversive to prey species (Epple et al., 1993) with some 

ungulates responding with an aversion equal to that of actually sighting a predator 

(Schaller, 1967).  

Numerous studies testing predator faeces, urine and fur have found significant 

avoidance of treated food or browse (Müller-Schwarze,1972; Melchiors & Leslie, 
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1985, Sullivan et al., 1985; Swihart et al., 1991; Andelt et al., 1991, 1992;  Seamans 

et al., 2002; Osada et al., 2014). Among the faeces tested, the most consistent 

avoidance was produced by that of the deer’s sympatric predators (Müller-Schwarze, 

1972), and efficacy was correlated with the concentration of faeces in the initial 

formulation, with higher concentrations producing a better repellent effect (Melchiors 

& Leslie, 1985). Physiological responses in the form of increased heart rate and 

oxygen consumption were elicited when wapiti were exposed to fresh cougar (Puma 

concolor) and wolf faeces compared to other scents, giving clear indication that 

ungulates react to predator odours for reasons other than reduced food palatability 

(Chabot et al., 1996). 

Yet repellents rarely completely prevent browse damage, and are always 

susceptible to failure (Conover, 1987; Mason, 1998; Ward & Williams, 2010). For 

example, Ward and Williams (2010) found that coyote urine provided no protection to 

browsing of yew trees, and Elmeros et al. (2011) observed that wolf urine did not 

reduce visitation of red and roe (Capreolus capreolus) deer to baited areas, likely due 

to low sensitivity to predator cues. In contrast, a recent study by Osada et al. (2014) 

showed several volatile pyrazine compounds present in wolf urine were responsible 

for inducing aversive and fear-related responses in sika deer (Cervus nippon). The 

pyrazines suppressed the approach of deer to feed stations, and remained effective for 

at least 1 month with no habituation to the urine extracts over the course of the trial. 

Most interestingly, the deer in this study avoided the wolf odour despite the Japanese 

wolf (Canis lupus hodophilax), a potential predator, having been extinct for 

approximately 100 years.  

Similarly, sitka black-tailed deer (Odocoilus hemionus sitkensis) were shown to 

react more strongly to wolf urine than urine of the less dangerous black bear (Ursus 
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americanus) despite having had no contact with wolves for more than a century 

(Chamaillé‑Jammes et al., 2014). It is suggested that “prey that have previously 

evolved under high risk of predation by wolves may react strongly to the return of wolf 

cues in their environments thanks to innate responses retained during the period of 

predator absence.” This study contrasts with Berger et al. (2001) who found that wolf-

naïve moose (Alces alces) no longer responded to wolf olfactory cues after more than 

80 years of wolf absence, but did respond to wolf auditory cues, demonstrating 

persistence of some anti-predator tactics. 

More recently, Kuijper et al. (2014) found that while presence of wolf faeces did 

not affect duration and rate of red deer visits, these olfactory cues did increase 

vigilance at the expense of time spent foraging, demonstrating fine-scale behavioural 

changes in response to perceived risk. The study was conducted in Białowieża Forest 

(Poland), a large, protected old-growth forest where the native assemblage of 

ungulates and their natural predators still occurs (Kuijper et al., 2014). Thus in this 

system, red deer continue to exist under threat from wolf predation, and thus clearly 

retain sensitivity to wolf odours.  

The exact time of wolf extirpation in Great Britain is unclear, but it is suggested 

that in much of the Scottish Highlands, their last stronghold, wolves were eradicated 

by 1769 (Nilsen et al., 2007). The last wolf in Ireland is thought to have been killed 

several years later (Hickey, 2000). The grey wolf subspecies of Japan (C. lupus 

hodophilax and C. lupus hattai) are thought to have become extinct in 1905 and 

between 1868-1912, respectively (Fujiwara, 1988), but Japanese sika deer were 

introduced to the British Isles in 1860 (Swanson & Putman, 2009). Thus, fallow deer 

in the British Isles have been without natural predators for at least 200 years, while 
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Japanese sika have been released from predators for over 150 years. This study 

investigated whether naturalised fallow deer and introduced sika deer responded to 

wolf cues in a landscape without wolves, and despite a long period of their absence. 

Three specific objectives were identified:  

1) to identify whether deer traded off foraging time for increased vigilance as 

has been shown in numerous locations where deer and wolves are sympatric (Laundré 

et al., 2001; Winnie & Creel, 2007; Kuijper et al., 2014). 

2) to establish whether increased quantities of wolf faeces compounded deer 

responses.  

3) to compare the faeces of a predator with that of another ungulate species, 

cattle (Bos taurus), to clarify if there is a general effect of faeces in altering deer 

behaviour, or whether specific predator signals are responsible.  

Urine of non-predatory mammals (human and cottontail rabbit (Sylvilagus 

floridanus)) did not induce aversive responses or suppress damage by deer (Sullivan 

et al., 1985; Swihart et al., 1991), indicating specific components of predator urines 

are responsible for deterrence (Sullivan et al., 1985). However, Moe et al. (1999) 

found that both reindeer (Rangifer tarandus) and sheep (Ovis aries) faecal pellets were 

associated with an aversive response from reindeer when mixed with food, although it 

is suggested this behaviour has evolved in reindeer to reduce the risk of parasite 

infection (Edwards & Hollis, 1982). Whether deer respond to herbivore odours in a 

manner similar to those of predators remains to be tested under field conditions.  
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Methods 

The study was conducted at two locations in Northern Ireland: Grogey Forest 

(54°19’17”N, 07°19’50”W) in County Fermanagh (Figure 14a), and Clandeboye 

Estate (54°38’42”N, 05°42’31”W) in County Down (Figure 14b). Grogey is a 300ha 

sitka spruce (Picea sitchensis) plantation forest with various growth stages. Ground 

cover is dominated by common wood sorrel (Oxalis acetosella) and mosses, with some 

ferns and sedges present. The resident population of approximately 100 Japanese sika 

deer (Cervus nippon) and approximately 10 fallow deer (Dama dama) (B. Gaw, pers. 

comm.), are managed by Colebrooke Estate stalking syndicate, and Forest Service. 

Clandeboye is an 810ha estate with the largest broad-leaved woodland in Northern 

Ireland, dominated by oak (Quercus robur), beech (Fagus sylvatica), and silver birch 

(Betula pendula), and an additional 250ha of farmland. There are an estimated 65 

fallow deer on the estate (J. Witchell, pers. comm) which are managed by estate 

gamekeepers and Forest Service.  

Field work was conducted between October and November 2016 in Grogey 

(Survey 1), and between August and November 2017 (Survey 2) in Clandeboye. In 

Grogey forest, 14 cameras were deployed within one stand of pole stage trees, and 

twelve smaller areas of thicket trees, totalling 0.23km2. In Clandeboye, 9 cameras were 

deployed in a single area of broad-leaved woodland approximately 0.28km2. Bushnell 

Trophy Cam HD (model 119677), and Trophy Cam HD Max (model 119577) camera 

traps, with passive infra-red (PIR) motion detectors and No-Glow LED night-vision 

flash, were used exclusively. A random sampling design was used to select camera 

trap locations within these areas, which were inputted into a Garmin GPS unit (eTrex 

Vista HCx, Kansas, USA), and navigated to in the field. Given GPS accuracy of only 
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several metres, the nearest available tree was selected to which a camera was attached. 

Treatments were assigned randomly to each location, and the individual camera used 

was also chosen randomly.  

a) 

 

c)  

 

b)  

 

d)  

 

Figure 14: a) Grogey forest, showing survey areas. Pole stage blocks are highlighted orange, 

thicket blocks are highlighted purple, b) Clandeboye estate, with the area of deciduous 

woodland highlighted in green, c, d) Maps of the British Isles with study sites highlighted in 

red. 

The treatments used were wolf and cattle faeces, as well as a blank control. Wolf 

faeces were donated by Dublin Zoo, The Highland Wildlife Park, Wolf Watch UK, 

and a private wolf owner in Northern Ireland. All wolves were captive animals 

maintained on fresh meat diets. Samples were collected by the wolf keepers and kept 

frozen until delivery. During transit samples were kept on dry ice, and transferred to a 
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freezer at -20˚C upon receipt, where they were kept until ready for processing. Faeces 

were thawed, then weighed to determine the average mass (185g) of the samples 

provided. The cattle faeces was collected locally from various locations in counties 

Antrim and Down of Northern Ireland, and were kept frozen at -20˚C until processing. 

Different methodologies were used for the first and second survey regarding how 

faeces were prepared and deployed. For survey 1, three quantities of wolf faeces were 

used, based on the total quantity of faeces available, designated small, medium and 

large. All wolf faeces was combined together, with enough water (approx. 100ml/kg) 

to form a homogenised slurry (removing any effects of individual wolf odours, 

variation in diet etc.). The slurry was weighed out to produce samples of 113g (+2g), 

226g (+2g), and 339g (+2g), which were then frozen until deployment in small sample 

bags. Thus the average wolf scat was between the small and medium sizes. Cattle 

faecal samples were weighed out and separated in the same proportions as the wolf 

faeces to give equal quantities for both species, and were kept frozen. For survey 2, 

wolf faeces were kept as individual scats, and both wolf and cattle faeces were weighed 

to produce 113g (+2g) samples. 

An a priori power analysis (G*Power version 3.1.9.2; Faul et al., 2007) 

predicted a necessary sample size of n=98 for Analysis of Variance F tests between 

the 7 treatments (3 wolf, 3 cattle, 1 control) of survey 1 (Effect size = 0.4, Power = 

0.8); comprising 14 replicates of each treatment. As survey 2 only tested 3 treatments 

(wolf, cattle and control), 66 samples were required to produce the same power and 

effect size, however only 63 samples were obtained.  

During survey 1, two replicate groups each comprising all 7 treatments, were 

deployed at a time, thus 14 cameras were active simultaneously. The mean 
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interplacement distance between cameras was 58.5m (SD = 23.3m, min = 29m, max 

= 178m). For survey 2, only 1 replicate group was deployed each week for 9 weeks, 

then survey intensity was increased with 3 replicate groups run each week for the 

remaining 4 weeks. Cameras were left in-situ for 7 days, and redeployed in new 

locations after changing batteries and replacing with 8GB SDHC cards. Each camera 

was positioned on a tree approximately 50cm high, set perpendicular to the ground, 

and secured with a metal Python security cable. Treatments were placed approximately 

5 metres in front of the cameras.  

Cameras deployed in survey 1 were set to capture 3 pictures (3264 X 2448 

pixels) and a 60 second video (1280 X 720 pixels) per trigger, while during survey 2, 

were set to record only video. All media were date and time-stamped. Motion detectors 

were set to medium sensitivity, and the delay between triggers was set at the minimum 

of 1 second.  

Coding deer behavioural responses 

Behaviour of deer was classified according to the scheme used by Kuijper et al. (2014), 

comprising 8 categories:  

1) Vigilance – individual standing still with head held parallel to body or higher, 

looking around and/or twitching the ears, without chewing 

2) Foraging – grazing or browsing, and chewing regardless of head position 

3) Walking – while neither feeding or chewing 

4) Running 

5) Sudden rush – rapid movement from standing still to running  
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6) Sniffing – head near the ground while smelling, and not feeding or chewing 

7) Checking camera – walking to camera and/or sniffing it 

8) Other – all other types of behaviour such as scratching and licking 

Behaviour that could not be analysed due to poor video quality or reduced 

visibility of deer was designated as unclassified. Otherwise, behaviour of each 

individual deer was classified according to the categories above. Detections which 

clearly captured the same individual(s) (by visually assessing sex and age class) within 

a 5 minute interval were grouped together and considered a single detection. 

Detections of the same individuals after an interval of 5 minutes, or any detections of 

different individuals regardless of the time interval between detections, were 

considered as separate detections. As fawns exhibit behaviour that is largely 

determined by the mother (Kuijper et al., 2014), their detections were excluded from 

the analyses.  

Five measures were used to evaluate the effect of treatments on deer: 

i) Visitation rate – the total number of individuals detected for each replicate, 

divided by the monitoring time (in all cases, 7 days), to give rate per day. 

ii) Visitation duration – the total time that each individual deer was present at 

the plot, while in view of the camera, including unclassified behaviour. 

iii) Cumulative visitation duration – the sum of the durations (in seconds) of 

all individual deer visits per replicate. 

iv) Latency – the time between when the camera was deployed and the first 

deer detection.  
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v) Behaviour – the time (in seconds) that each behaviour was displayed was 

calculated. Behaviours of negligible duration (running, sudden rush, 

checking camera) were grouped into the category 'Other'.  

Statistical Analysis 

Analyses of behavioural measures i - iv were conducted using SPSS 22.0 (IBM 

Corp. 2013) using Kruskall-Wallis tests as data were non-normally distributed. Data 

from both surveys were combined so that behaviour could be analysed more robustly 

using Generalised Linear Models (GLMs) in RStudio (version 3.2.2, R Core Team 

2015). For data from the sika survey, the separate treatments based on quantities were 

grouped to give control, cattle, and wolf treatments in line with the fallow survey.  Two 

additional factors were incorporated in the models for better explanatory power: “Time 

of day” and “Mother”. Time of day was a binary factor consisting of day and night, 

and was allocated depending on the time of detection. Detections were considered to 

be daytime when they were between 1 hour before sunrise and 1 hour after sunset 

(using timeanddate.com for sunrise/sunset times at both locations), while all other 

detections were classed as night. Fallow deer with young were classed as mothers, 

while all other females unaccompanied by young or males were non-mothers. This 

differentiation could not be made for sika deer as it was impossible to distinguish age 

classes of deer.  

GLMs with negative binomial distribution of errors were used to analyse all 

behaviour types, as models with Poisson errors all had significant overdispersion. 

Automated model selection using the dredge function of R package MuMIn (v. 1.40.4) 

(Bartoń, 2009), generated the most parsimonious model from the combination of terms 

in the global model, based on AIC value. 
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Tukey HSD and pairwise t-tests with Holm adjustment, to avoid inflation of Type 

I errors from conducting multiple pairwise comparisons (Holm, 1979) were used to 

clarify pairwise relationships. Significance was set at 0.05. 

Results 

Survey 1 

There was no difference in mean daily sika deer visitation rate (χ2 (6) =7.353, 

p=0.289), average duration of individual deer (χ2 (6) =9.402, p=0.152), cumulative 

visit time of all deer (χ2 (6) =2.387, p=0.881), or latency (χ2 (6) = .081, p=0.583) among 

treatments (Figure 15). 

a)  b)  

c)  d) 

 

Figure 15: Response of sika deer to faeces treatments. a) Visitation rate, b) Average 

visitation duration of individual deer, c) Cumulative visitation duration of all deer per plot, 

d) Latency of deer to plots. 
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Survey 2 

Likewise with fallow deer, there were no differences between treatments using 

the same measures (Figure 16): visitation rate (χ2 (2) =0.362, p=0.835), average 

duration of deer visits (χ2 (2) =0.076, p=0.963), cumulative visit time of all deer (χ2 

(2) =1.623, p=0.444), or latency (χ2 (2) =1.703, p=0.427). 

a)  b) 

c) d) 

Figure 16: Response of fallow deer to faeces treatments. a) Visitation rate, b) Average 

visitation duration of individual deer, c) Cumulative visitation duration of all deer per plot, 

d) Latency of deer to plots. 
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There was no overall effect of treatment on time deer spent vigilant, and despite 

males being less vigilant than females on average (p<0.001, Figure 17a), male deer 

were significantly more vigilant at cattle faeces plots (henceforth cattle plots) and wolf 

faeces plots (henceforth wolf plots) (p=0.003, p=0.030, respectively) than at control 

plots (Figure 17b), however, levels of male vigilance at cattle and wolf faeces plots 

were similar to that of females even in control plots. Time of day was excluded from 

the model, but vigilance was greater during the day (p=0.029, Figure 17c).  

Sika deer foraged less than fallow deer (p=0.003, Figure 18a), and males foraged 

less than females during the night when their foraging was almost entirely abandoned 

(p<0.001, Figure 18b). Deer sniffed more at wolf plots compared to control (p=0.012, 

Figure 19a). Although species was not included in the model with best fit, a Tukey 

HSD test showed that sika deer demonstrated much greater sniffing at wolf plots 

compared to control plots (p=0.009) and cattle plots (p=0.025) (Figure 19b). Sika 

walked less than fallow (p=0.024, Figure 20a), and  although treatment was omitted 

from the most parsimonious model, a Tukey HSD test revealed a significant difference 

between time deer spent walking during the day and at night at wolf plots (p= 0.005, 

Figure 20b). There were no differences between any variables in the “other” behaviour 

category.  
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a) 

 

b) 

 

c) 

 

 

Figure 17: Average duration of vigilance of both fallow and sika deer, a) for both sexes, b) 

at each treatment for both sexes, and c) for both time periods. Bars = S.E. * (p<0.05), ** 

(p<0.01), *** (p<0.001).  

a)  

 

b) 

 

Figure 18: Average duration of foraging of both fallow and sika deer, a) at each treatment 

for both species, b) for both time periods and sexes. Error bars = S.E. ** (p<0.01), *** 

(p<0.001). 

*** 

         **                       

* 

                    *                                     

   **                  
   **                     **                  

     ***                   
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a) 

 

b) 

 
  

 

Figure 19: Average duration of sniffing of both fallow and sika deer, a) at each treatment, b) 

at each treatment for both species. Error bars = S.E. * (p<0.05), ** (p<0.01). 

a) 

 

b) 

 

Figure 20: Average duration of walking, a) for both species, b) at each treatment for both 

time periods. Error bars = S.E. * (p<0.05). 

 

Discussion 

The central objective in this study was to investigate whether wolf and cattle 

olfactory cues, in the form of fresh faeces, affected deer in terms of fine-scale space 

use and time allocated to different behaviours. It was expected that vigilance would 

increase at wolf plots, compared to control and cattle plots, with a consequent trade-

off with other behaviours, particularly foraging. However, vigilance was similar 

between treatments and no evidence was found supporting a trade-off between 

                     *                                   
                      **                                   

          *                          

*               

     *                   
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vigilance and other behaviours, as demonstrated in other studies (Laundré et al., 2001; 

Creel et al., 2005; Kuijper et al., 2014), for example where vigilance was twofold 

higher at wolf scat plots, and foraging was reduced more than twofold (Kuijper et al., 

2014).  

Yet, male deer exhibited significantly lower levels of vigilance at control plots, 

compared to cattle and wolf plots. Several explanations exist: firstly, male deer may 

indeed have modified their behaviour in response to faecal odours, but because 

responses to both types of faeces were similar, rather than recognizing specific 

predator signals, males may be merely responding to novel odours with increased 

alertness. Secondly, the higher male vigilance at cattle and wolf plots was actually 

comparable with female vigilance at all plots, including controls, suggesting that levels 

of male vigilance at cattle and wolf plots was perhaps more typical behaviour, based 

on the premise that males and females acted similarly. It is possible that females are 

less sensitive to the faeces than males, or may be ignoring the odours entirely, hence 

why levels of vigilance were similar for females across treatments. However, this is 

highly unlikely because in the present study female deer were often observed to be 

highly vigilant in the presence of both cattle and wolf faeces. Furthermore Osada et al. 

(2014) found that female, but not male deer, exhibited fearful reactions to predator 

odours, and Winne & Creel (2007) found that vigilance was higher in cow wapiti than 

in bulls particularly when wolves were present.  

 A final explanation may be due to the small sample size and lower average visit 

duration of male deer in control areas (16.4s, n=14) compared to cattle (34.2s, n=29) 

and wolf (36.7s, n=10) plots. During longer visits, the duration of vigilance behaviour 
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is likely to be greater, thus the generally short visits of male deer at control plots likely 

constrained the vigilance level.  

Deer vigilance decreased during times of darkness, which has previously been 

explained by two hypotheses (Lashley et al., 2014): reduced efficiency of visual 

vigilance leading to greater use of other senses and postures; and/or perception of 

reduced likelihood of predation at night. Given the absence of predators, but frequent 

hunting at locations used in this study, reduced vigilance is perhaps more correlated 

with the lack of hunting at night, as has been demonstrated for roe deer (Sönnichsen 

et al., 2013). 

Males foraged less than females, particularly during the night when foraging was 

almost entirely abandoned. However, this may just be a result of sample size and was 

not influenced by treatment as levels of foraging by males were very low at both 

control and wolf plots. Sika deer also foraged less than fallow deer, which may be 

explained by differences in habitat. Camera locations at the sika deer study site were 

often in thicket stage blocks of sitka spruce plantation where ground flora was absent, 

compared to the mature deciduous woodland of the fallow survey in which forage was 

abundant, and thus foraging was more readily observable. Another explanation may 

be that the sika deer surveys were conducted during the rutting season, when males 

may have reduced foraging in order to concentrate on maintaining territories and 

mating.  

Wolf faeces elicited greater sniffing than was observed at cattle and control plots, 

and this was pronounced for sika deer, demonstrating that a relevant predator odour 

may modify deer behaviour. Increased investigation of faeces may be in accordance 

with predator approach behaviour, whereby individuals approach predators in order 
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to, for example, acquire information about a potential threat (Dugatkin & Godin, 

1992). In this case, deer may have approached wolf faeces in order to identify possible 

predator presence, although if deer recognised the faeces as having originated from a 

predator, a concomitant increase in female vigilance would be also expected. Yet lack 

of a behavioural response does not necessarily mean no response is experienced (see 

below). Alternatively, perhaps deer lacked the ability to recognise wolf faeces as a 

predator odour, and the greater interest it received was stimulated because of greater 

potency or foreignness. Sika showed more pronounced differences in sniffing between 

treatments than fallow, however, the reason for this is unclear. 

Deer walking at wolf plots was lower at night, which is also an interesting 

finding that cannot be explained with certainty. One possibility is that deer were being 

more cautious or had heightened stress at wolf plots and thus reduced walking in order 

to minimise noise that could alert potential predators. Sika walked less than fallow, 

which may be explained by habitat differences, as sika were often detected in areas of 

dense plantation forest where detection range of the cameras is likely to have been 

lower than that of cameras in the relatively open woodland where fallow could be 

observed for longer.  

The secondary objective of this study was to investigate whether increased 

concentrations of wolf odours affected deer behaviour in terms of visitation rate, 

duration of visits and latency. The results clearly demonstrate that wolf odours had no 

effect on these measures of deer behaviour, and increasing the quantity of faeces 

likewise made no difference. It is likely that faeces quality or freshness is more 

important than quantity in eliciting a response. The scats used in this study are unlikely 

to have been very fresh, given that it was not possible for keepers to collect faeces 

immediately after deposition, and once collected delivery generally took at least 
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another day. In contrast, Kuijper et al. (2014) collected scats from nearby captive 

wolves regularly to ensure faeces were less than two days old.  

In addition, predator diet may alter faeces quality. In the above study, wolves 

were maintained mainly on wild ungulate carcasses, whereas the wolves from which 

scats in the present study were collected were fed a variety of meats, including calf, 

horse, chicken, rodents, game, butchers’ by-products, fish and vegetables. As diet 

impacts faecal odour (Le et al., 2005), it is possible that the type of meat consumed by 

wolves affects odour repellency and thus deer behaviour. Nolte et al. (1994) 

demonstrated that rodents consumed less food treated with urine from coyotes fed meat 

compared to coyotes on a fruit diet, indicating that diet is important in altering the 

efficacy of predator odours. No studies have focussed on how specific meats in diets 

of predators affects odour repellency, and thus there is a clear opportunity for further 

research to explore the effects of diet, as well as odour source on the repellency of 

predator odours on ungulates.  

The third objective of the study was to compare the faeces of a predator with that 

of another ungulate species, cattle (Bos taurus), to clarify if there is a general effect of 

faeces in altering deer behaviour, or whether specific predator signals are responsible. 

This study found that deer visitation rate, duration, and latency were similar at plots 

with predator and herbivore faeces, but deer sniffed more and male deer were more 

vigilant at wolf plots, indicating that faeces of predators and herbivores does provoke 

different responses. However, as the extent of response in these deer to wolf faeces 

was greatly diminished compared to deer in other locations where predators are present 

(e.g. Kuijper et al., 2014), it is suggested that deer in this study may lack sensitivity to 

wolf odours given the long period of predator absence. 
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This was also suggested by Elmeros et al. (2011) to explain the ineffectiveness 

of wolf urine in reducing red deer and roe deer visitation rates to baited areas in 

Denmark, where wolves were eradicated in the early 1800s. While not discussed by 

the researchers, it is possible that deer were sensitive to wolf odours but in a landscape 

with no wolves – and thus no risk of wolf predation – this threat was easily overcome 

in favour of exploiting the bait to optimise foraging. In contrast, Osada et al. (2014) 

showed that in an experimental set-up also using baited stations, deer still responded 

to chemical components of wolf urine by displaying fear responses, despite an absence 

of wolves for over 100 years. In the present study which did not use baits, visitation 

rate to plots was not reduced by wolf odours, despite an equally long absence of 

wolves, suggesting the use of baits has little effect on visitation rate and behaviour.  

However, a key difference between these studies is the duration of predator 

absence. Deer in Japan were free from predation for approximately 100 years (Osada 

et al. 2014), compared to at least 200 years for deer in Denmark (Elmeros et al. 2011) 

and in this study. It is possible that following wolf extirpation, the latter populations 

have become genetically isolated and subsequently lost hard-wired behaviour through 

drift or founder effects (Berger, 1999), whereas in Japan insufficient time may have 

elapsed for these processes to affect innate responses.  

Yet, prey species do not necessarily innately recognize potential predator odours, 

and many studies have shown a lack of prey response even to sympatric predators (see 

Apfelbach et al., 2005). These negative findings can be difficult to explain, especially 

as there are often a number of contributing factors and overall the situation seems to 

be complex (Apfelbach et al., 2005). One possibility is that the odours are presented 

in the incorrect context or in unnatural settings, or otherwise the odour concentrations 
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used are too weak. These reasons are unlikely to be valid for this study, as odours were 

presented in the same context as would be found naturally, and in ecologically 

meaningful concentrations under natural field conditions. 

Effectiveness of odours may also be dependent on whether the odour originates 

from fur, urine, faeces, or scent glands. Evidence from comparative studies suggests 

that fur produces the most dramatic behavioural and endocrine responses (Blanchard 

et al., 2003a; Masini et al., 2005), perhaps because fur-derived cues have greater 

potency and endure for longer (Apfelbach et al., 2005), or because they indicate a 

higher level of predatory immanence than other modalities (Blanchard et al., 2003b). 

Nevertheless, studies have still shown positive effects from using wolf urine and 

faeces. Wolf faeces was tested because it was the most readily available odour source, 

but lower vigilance levels of deer in this study may be due to faeces that were not 

sufficiently fresh or potent. 

Additionally, lack of an observed response, for example an increase in female 

vigilance, does not necessarily imply that odours have not been recognized or effective 

(sensu Ydenberg & Dill, 1986; Monclús et al., 2005), because less conspicuous 

physiological responses may have occurred without detection. Such responses have 

rarely been studied in investigations of predator recognition despite knowledge that 

animals show physiological stress responses under stressful conditions such as 

encountering predators (Monclús et al., 2005). Physiologically, predator odours induce 

increased levels of stress hormones such as corticosterone and adrenocorticotropic 

hormone (Apfelbach et al., 2005). This has been demonstrated in various rodents 

(reviewed in Apfelbach et al., 2005; Takahashi et al., 2005), and rabbits (Monclús et 

al., 2005), but research into the endocrine effects in ungulates remains lacking. Thus, 
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although female deer did not increase vigilance behaviour in response to wolf scats, it 

may be possible that they experienced increased stress. Further detailed studies are 

needed to determine how deer respond physiologically to predator odours, which could 

be accomplished by quantifying stress hormones through measuring corticosteroid 

levels in the faeces of wild deer (Millspaugh & Washburn, 2004), and to establish how 

physiological responses relate to behavioural changes (Apfelbach et al., 2005). 

The most likely explanation for the suppressed response towards wolf faeces is 

the lack of wolf predation on deer. In systems such as Yellowstone or Białowieża, 

signals are continually reinforced by wolf presence and predation. That deer in this 

study did not avoid wolf faeces, or decrease time spent in areas with wolf scats, and 

that female deer did not respond to wolf cues with elevated vigilance, suggests that 

validation of the cues by predation may be required to significantly alter deer 

behaviour, thus supporting the theory of the primary importance of potential lethal 

effects. This corresponds to previous findings from the research of repellents, which 

suggest that avoidance will be short-lived unless the repellent is periodically reinforced 

to “validate” its quality (Nolte et al., 1993), perhaps through visualizing a predator or 

other negative influence (Gallagher et al., 2000). Swihart et al. (1991) recognised that 

the “frequency of life-threatening versus innocuous encounters with a predator may 

influence selection for an aversive response to the predator or its odor”. Thus, in a 

landscape without any life-threatening encounters with predators, deer may react less 

intensely to wolf cues as demonstrated in this study.  

Evidence from experiments testing predator signals on naïve animals 

demonstrates that aversive responses may have a genetic component (Müller-

Schwarze, 1972), but even genetically hard-wired behaviours can be lost over time 
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(Berger, 1999). “One must wonder how many other behavioural responses of wild 

species around the world have been lost as a consequence of the widespread 

extirpation of large carnivores” (Berger, 2010). Further research is required to 

understand the extent to which deer in the UK, for so long without their natural 

predators, have lost certain innate behaviours. Deer did respond to wolf odours, but 

not to the same degree as observed in locations such as Yellowstone, where predators 

are present and wolf faeces represents potential predation threat. If wolves were to be 

reintroduced into the UK at a landscape scale as part of ongoing rewilding efforts, it is 

uncertain whether the same indirect effects would be observed as in Yellowstone. 

Gervasi et al. (2013) concluded that the possibility for wolves to have large ecosystem 

effects and establish a behaviourally-mediated trophic cascade in Scandinavia is 

limited, due in part to the human-dominated nature of the Scandinavian ecosystem. 

Given that the UK has little suitable habitat for wolves (forest cover is 13% compared 

to an average 58.4% in Scandinavia, The World Bank, 2015), and is already highly 

anthropogenically modified, the possibility for the same effects to be observed is even 

less likely.  

In conclusion, wolf faeces did not alter the duration, latency, or rate of deer visits 

to plots, but did to some extent modify the time spent in specific behaviours. Wolf 

scats increased vigilance in males but not females, and increased the amount of time 

deer spent sniffing, but changes to behaviour were more subtle than has been 

demonstrated elsewhere. The cause for this may be due to a lack of experience of wolf 

cues caused by the extirpation of wolves approximately two centuries ago. The innate 

response of prey to predator odours may be much less heightened without continual 

reinforcement of predator presence, although in some cases deer may retain anti-

predator behaviour even over long periods of predator absence. By themselves, wolf 
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odours are unlikely to be powerful enough to establish behaviourally-mediated 

cascades that normally arise when predators instigate lethal effects (i.e. predation).  
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Chapter 4: Invasive Species Distribution Modelling: Predicting 

the colonisation of muntjac in Ireland 

Abstract 

Predicting invasive species arrival, dispersal and spread, a priori, is technically 

challenging. Species Distribution Models (SDMs) have been used to predict 

environments vulnerable to non-native species invasion, but models informed by 

actively expanding populations violate assumptions of equilibrium making model 

building and interpretation difficult. SDM-type analyses are further complicated by 

the non-uniform, clumped distribution characteristic of invasive species. Predicted 

environmental suitability has limited utility unless dispersal patterns and populations 

can also be predicted. An invasive Species Distribution Model (iSDM) for Reeves’ 

muntjac deer (Muntiacus reevesi) in Great Britain was developed, accounting for non-

equilibrium and overdispersal, which, when paired with Least Cost Path Analysis 

(LCPA), allowed the spatial pattern of invasion of a novel area, the island of Ireland, 

to be predicted, based on the species recent arrival there. The iSDM suggested muntjac 

were associated with broad-leaved woodland, coniferous plantations, mixed forest but 

not scrub and were restricted by the minimum temperature of the coldest month. 

Nowhere, other than the high uplands, in both Great Britain and Ireland, was unsuitable 

for colonisation due to the dispersion of suitable habitat fragments, consequently, the 

iSDM suggested 94% of Ireland is vulnerable to invasion. LCPA, assuming a range 

expansion rate of 2.5km/year, predicted that Ireland may be entirely colonised by 

muntjac by the first half of the 22nd century, assuming no further introductions or 

anthropogenically-mediated translocations occur which would accelerate invasion. 

Assuming a density of 22.9 (95%CIs 20.7 - 26.3) individuals/km2 in woodland 
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habitats, Ireland, once fully colonised, could support a total population of ca. 98,000 

[95% CIs 89,000 - 113,000] individual deer, raising concerns regarding their 

ecological and economic impact. Pairing iSDM and LCPA approaches allowed the full 

colonisation process and patterns of a highly invasive species to be predicted. This also 

highlighted key habitats and locations within which early intervention could take place 

to eradicate establishing populations at an early stage, directing limited conservation 

resources and efforts.  
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Introduction 

Invasive species are recognised as one of the major causes of biodiversity loss, 

species endangerment and extinction (Walker & Stefan, 1997; Clavero & García-

Berthou, 2005; Simberloff et al., 2005; Pejchar & Mooney, 2009; Simberloff et al., 

2013). With increasing globalisation, invasive species are increasing in number, extent 

and influence (Pysěk & Richardson, 2010; Seebens et al., 2017), and the consequent 

impacts on native species, communities and ecosystems are considered to be of global 

ecological and economic concern. Thus, predicting species arrival and spread (e.g. 

Kelly et al., 2014a), likelihood in becoming invasive and impacting native species (e.g. 

Dick et al., 2012; 2017), and the dispersal and colonisation patterns that they are likely 

to exhibit presently and in future (e.g. Kelly et al., 2014b), has become an increasingly 

urgent topic of research.  

Species Distribution Models (SDMs) may be used to predict potential species 

distributions (Guisan & Zimmerman, 2000; Franklin, 2010), by correlating spatially 

explicit species occurrences and environmental data (Elith & Leathwick, 2009). SDMs 

are being increasingly adopted to predict the potential ranges of invasive, non-native 

organisms (Václavík & Meentemeyer, 2012), however, invasive Species Distribution 

Models (iSDMs) face several challenges typically not encountered when modelling 

native species (Václavík & Meentemeyer, 2009).  

In many instances, potential invasive ranges cannot be readily extrapolated from 

the species’ native range, as the behavioural plasticity of some species make it difficult 

to predict which ecotopes and environmental conditions are suitable. For example, 

Reeves’ muntjac deer (Muntiacus reevesi Ogilby 1839) naturally occurs from the 

warm, high rainfall, dense subtropical primary forests of Taiwan to within the southern 
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reaches of temperate forests in low mountains and hilly regions of China (Sheng, 1992; 

Pei & Chiang, 2004; Smith & Xie, 2008). Yet it has successfully invaded Great Britain, 

where preferred habitat is either deciduous or coniferous forests with diverse 

understorey vegetation, although agricultural land and scrub is also favoured, and 

urban areas including railway embankments, and residential gardens are increasingly 

being used (Corbet & Harris, 1991; Chapman et al., 1994; BDS, 2015b). In this case, 

predicting the species’ potential invasive range a priori (before arrival and 

establishment), by extrapolating an SDM-type analysis from its native range, would 

be unlikely to successfully identify Great Britain as susceptible to invasion.  

Moreover, invasive species often violate a central assumption of SDMs i.e. that 

the target species is at equilibrium with its environment (Václavík & Meentemeyer, 

2009). The species should occur in all suitable locations representing environmental 

selectivity, and be absent from all unsuitable locations representing environmental 

avoidance (Guisan & Zimmermann, 2000; Araujo & Pearson, 2005). However, for 

invading species still in the process of colonisation, absence from an area beyond its 

current range may be due to insufficient time for organisms to colonise, rather than 

reflecting avoidance of particular habitats or environmental conditions. Thus, any 

correlative SDM-type analysis may penalise habitats (disproportionately negative 

correlation coefficients) that may well be colonisable within the study area, but have 

yet to be reached, scoring them erroneously as unsuitable.  

Another issue for all SDM-type analyses is the non-uniform, often clumped, 

distribution of species records (overdispersion of data), which is particularly 

problematic for species in the process of invading and which are often densely 

clustered. This will result in models placing undue statistical weight 

(disproportionately positive correlation coefficients) on occupied habitats colonised 
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early in the establishment process. SDMs are widely used and the simplicity of some 

modelling platforms, for example, Maximum Entropy or Maxent (Phillips et al., 

2006), means that many users disregard sources of error and bias in their data, ignore 

the assumptions of the model or misinterpret results (Yackulic et al., 2012). Maxent is 

the most popular presence-only modelling technique, using a machine-learning 

approach to combine presence-only data and environmental features in order to create 

a model that estimates the relative environmental suitability of the focal species by 

minimising relative entropy in covariate space (Elith et al., 2011).  

Another popular tool used in ecology is Least-Cost Path Analysis (LCPA), 

which measures landscape connectivity (Adriaensen et al., 2003; Etherington & 

Holland, 2013). LCPA models potential animal movement across a landscape based 

on a species-specific ecological ‘cost’ analogous to the permeability or resistance of 

habitat patches to dispersing individuals (Chetkiewicz & Boyce, 2009; Sawyer et al., 

2011), which derive from greater risk of mortality, variable energy expenditure or 

behavioural aversion (Etherington & Holland, 2013; Stevenson-Holt et al., 2014). The 

least-cost path is the contiguous combination of cells in the raster surface (a grid where 

continuous variables are summarised as the mean value within each cell) that 

minimises the cumulative total cost incurred between two patches: the origin and the 

destination (Verbeylen et al., 2003; Sawyer et al., 2011). LCPA has been used in 

various conservation contexts (Ferreras, 2001; Epps et al., 2007; LaRue & Neilsen, 

2008; Alexander et al. 2016), including predicting the dispersal and movement of 

invasive species (Gonzales & Gergel, 2007; White et al., 2012; Stevenson et al., 2013; 

Stevenson-Holt et al., 2014).  

A critical step in least-cost modelling is the estimation of cost values for each 

habitat or land cover type (Adriaensen et al., 2003; Beier et al., 2008; Spear et al., 
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2010). Most previous studies use expert-opinion to derive these values (Zeller et al., 

2012), where habitats may be ranked in the order of perceived preference by the target 

species, which is necessarily subjective and unreliable (Ray & Burgman 2006; 

Stevenson-Holt et al. 2014) and is particularly difficult for non-native species that have 

yet to invade given the lack of any informative data on their likely environmental 

associations in a novel environment. Discrete habitat-based approaches also do not 

accommodate continuously varying environmental parameters, for example, 

temperature or rainfall gradients, resulting in cost surfaces excluding and ignoring 

important sources of variation. However, some have recently used SDMs to 

parameterise least-cost models to reduce sources of error and bias when generating 

landscape costs (e.g. Stevenson-Holt et al., 2014; Milanesi et al., 2016).  

Deer species (Family: Cervidae) are among the world’s most invasive mammals 

(Davis et al., 2016). At least twenty species (43%) of the approximately 46 extant 

species of deer have been introduced beyond their native range (Moriarty, 2004; 

Dolman & Wäber, 2008). Reeves’ muntjac (Muntiacus reevesi) were first brought to 

Great Britain in 1838 (Chapman et al., 1994), although the first known release of 11 

individuals released from a private collection at Woburn Estate, Bedfordshire did not 

occur until 1901 (Chapman, 1993). The entire invasive population, estimated in 2018 

at 128,000 individuals throughout England, Scotland and Wales (Mathews et al., 

2018), is descended from just 4-5 founding females (Freeman et al., 2016), 

demonstrating the risk of establishment from a small inoculum.  

Muntjac cause extensive ecological damage (Cooke, 1994; 2004; 2006; Cooke 

& Farrell, 2001), including altering ground flora community composition and structure 

through loss of the shrub layer and limiting tree recruitment and regeneration, resulting 

in ecological cascade effects on a wide range of taxa, from invertebrates (Tabor 1998; 
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Pollard & Cooke 1994), to small mammals (Flowerdew & Ellwood, 2001) and birds 

(Fuller & Gill, 2000; Holt et al. 2011). Muntjac damage to agriculture and forestry 

may be limited compared to other species (Putman & Moore, 1998; Williams et al., 

2010), but costs of deer-vehicle collisions and the economic “value of prevention” are 

significant. Muntjac cause a quarter of all deer-vehicle collisions in England, 

representing millions of pounds worth of damage (Langbein, 2007). It has been 

estimated that the costs of perpetual control of a fully established population of 

muntjac in Scotland, could reach £1.9 million per year (Ward & Lees, 2011), based on 

the geographical maximum extent estimated by Acevedo et al. (2010). 

There have been multiple sightings of free-ranging muntjac in Ireland since 2007 

(Carden et al. 2011; Dick et al. 2010; Figure 21) and, although the status of the 

population remains unknown, pregnant females and young have been shot in the wild 

(J. Dick, pers. obs.). Given that small releases of species, such as muntjac, may lead 

to extensive invasions if ignored (Freeman et al., 2016), predicting muntjac occurrence 

and likely routes of dispersal in Ireland may be key to preventing colonisation whilst 

establishment is still at an early stage. Prevention is the most cost-effective approach 

to dealing with biological invasions (Leung et al., 2002; Clout & Russell, 2011; 

Crooks, 2011), thus concerted efforts are required immediately in order to avert 

widespread invasion of muntjac throughout Ireland. This also applies to large areas of 

Europe that are as yet uncolonised by muntjac. 

In this study, an iSDM was developed for muntjac deer in the core of their 

invasive range in Great Britain, avoiding the difficulties of transferring models from 

their ecologically distinct native range, and a focus on their core invasive range 

minimised problems of non-equilibrium. Further, accounting for overdispersion by 

thinning species records, this model was extrapolated throughout the rest of 
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uncolonised Great Britain and Ireland. The total land area vulnerable to invasion in 

Ireland and the total population that might establish once the island is fully colonised 

were estimated. The inverse of the iSDM predicted probabilities of species occurrence 

were used as ecologically informative cost values, avoiding expert opinion and 

accounting for continuously varying environmental parameters. A Least-Cost Path 

analysis (LCPA) was performed to estimate the most direct route of dispersal from 

confirmed records of free-ranging individuals in Ireland to the most distant point of 

the land mass. Using known invasive range expansion rates from Great Britain, the 

date at which full colonisation of Ireland may occur if no meaningful management 

action is taken was estimated. Pairing iSDM and LCPA approaches allowed the full 

colonisation process and patterns of this highly invasive species to be predicted, and 

highlights the key habitats and locations within which early intervention could take 

place to eradicate establishing populations at an early stage, directing limited 

conservation resources and efforts.  

a) 

 

b) 

 
c) 

 

d) 
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Figure 21: Photographs of live, free-ranging muntjac individuals in Ireland a) Male near 

Wexford Wildfowl Reserve, North Slob, Co. Wexford (T094264), 19/01/2018 (credit: 

Killian Mullarney), b) Muntjac in Ard McCool Estate, Stranorlar, Co. Donegal 

(H1484295101), 21/05/2017 (credit: Dippy Bradley), c) Breeding female and young fawn, 

Carrowdore, Co, Down (J5858372592), 06/07/2017 (credit: Alan Nicolls), d) Female 

missing right hind leg at AFBI Loughgall, Co. Armagh (H9124452096), 21/12/2016 (credit: 

Erfan Fadaei). 

 

Methods 

Species records 

Records of muntjac in Britain were extracted from the National Biodiversity 

Network Atlas (NBN; available from https://nbnatlas.org/). Duplicate records were 

removed, and only those with a spatial resolution of ≤100m were retained for analysis, 

leaving a total of 3,329 muntjac records (Figure 22a). An additional 111 records of 

muntjac were collated from Ireland (Figure 22b) extracted from the National 

Biodiversity Data Centre (www.biodiversityireland.ie), and a database of incidental 

records collated by Freeman (2014), updated with more recent records (Appendix 1). 

Each record was assigned a veracity score based on an ordinal scale of 0-10 (Table 3) 

following the methods of Freeman (2014), with 0 given when insufficient information 

was available to make any conclusion as to the veracity. Scores of 1-4 were allocated 

to observations which may have been mistaken with other species, while direct 

sightings of muntjac were scored 5-7 depending on the number of observation events 

and the experience of the recorder, with professional biologists, countryside 

professionals and deer stalkers earning the higher score. Verified evidence, molecular 

genetic (DNA) or a carcass were scored 8-9. Four records were given the highest score 

of 10 representing living, free ranging, animals supported by photographs in situ in the 
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wild (Figure 21), and were taken as the only records representing potentially 

establishing populations i.e. the origin for potential dispersal.  

Table 3: Veracity score definitions 

Veracity score Explanation  

0 Insufficient information to make any determination  

1 Localised rumours of small deer  

2 Putative tracks or signs  

3 Anecdotal report of localised barking  

4 Anecdotal report of ‘small deer’ sightings  

5 Single anecdotal sightings of muntjac  

6 Multiple anecdotal sightings of muntjac  

7 Sighting(s) reported by experienced observer  

8 DNA confirmed pellets or tissue  

9 Confirmed carcass (shot or road traffic accident)  

10 Photographic evidence of living, free ranging, animals 

 

Environmental parameters 

Environmental data covering Great Britain and Ireland were mapped, using 

ArcGIS 10.5 (ESRI, California, USA), at a 500m raster resolution (i.e. grid or cell 

size). Eight environmental parameters were extracted, comprising 3 bioclimatic 

variables and 5 habitat types (Table 4). These were selected based on existing 

ecological knowledge of muntjac (Chapman et al., 1994) and factors that contributed 

significantly to previous studies (Chapman et al., 1994; Acevedo et al., 2010; 

Freeman, 2014; Palmer, 2014). Bioclimatic variables were downloaded from the 

WorldClim databank (www.worldclim.org) at the highest resolution available (30 arc-

seconds or approx. 1km2) before being resampled at a 500m cell scale. Habitat data 

were downloaded from the European Environment Agency (EEA) CORINE Land 

Cover map (www.eea.europa.eu/data-and-maps).  
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Table 4: Environmental parameters used to model muntjac deer distribution. 

Variable name Description (units) 

Bio1 
Annual mean temperature (˚C) downloaded from  

www.worldclim.org/bioclim 

Bio6 
Minimum temperature of coldest month (˚C) downloaded from 

BioClim 

Bio12 Annual precipitation (mm) downloaded from BioClim 

Agriculture with 

natural 

vegetation  

Areas principally occupied by agriculture, interspersed with 

significant areas of natural vegetation (m2) defined as Habitat Code 

243 in CORINE 

Broad-leaved 

forest 
(m2) defined as Habitat Code 311 in CORINE 

Coniferous 

forest 
(m2) defined as Habitat Code 312 in CORINE 

Mixed forest 
Mixed coniferous and broad-leaved woodland (m2) defined as 

Habitat Code 313 in CORINE 

Scrub 

Natural grasslands, moors and heathland, sclerophyllous vegetation, 

transitional woodland-shrub (m2) defined as Habitat Codes 321-324 

in CORINE 

 

Statistical Analyses 

An invasive Species Distribution Model (iSDM) was built using Maxent ver. 

3.4.1 (Phillips et al., 2006). As with all invasive, non-native species that are still in the 

process of colonisation i.e. actively spreading, muntjac in Great Britain are not at 

equilibrium. Thus, species absence may be as much to do with a lag in colonising new 

areas, as habitat selectivity or avoidance (Gasso et al., 2012). Maxent uses presence-

only data and ‘background points’ selected randomly from the extent of the area being 

modelled. Modelling habitat suitability by using the full extent of Great Britain would 

have resulted in background points being drawn from areas yet to be colonised, but 

which the model would treat as a pseudoabsences i.e. representing unsuitable habitat, 

leading to bias. To overcome this, the model was built within the 50% kernel or ‘core’ 
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range of muntjac in Great Britain derived using the Spatial Analyst tool in ArcMap 

(Figure 22a). Thus, background points i.e. pseudoabsences, were drawn from within 

an area that had been totally colonised by muntjac for some decades and thus were 

more likely to represent true absences i.e. habitat avoidance, than uncolonised regions 

beyond the species’ range edge boundary.  

To deal with overdispersion, pre-model data were thinned using the software 

OccurrenceThinner (Verbruggen, 2013), by filtering out a greater proportion of 

records from areas of highest muntjac record density. OccurrenceThinner 

automatically rescales kernel densities between 0 and 1, and records were removed 

randomly from cells with a density between 0.5 and 1, thereby increasing the chance 

of removing records from areas with the highest density. After thinning, a total of 751 

records remained within the 50% kernel range for analysis (Figure 22a). 

The model was built using a training dataset comprising 75% of the muntjac 

records retained for analysis (n=563) selected randomly, and was initially evaluated 

using a test dataset comprising 25% of the records (n=188) known as Test set #1. This 

test set evaluated the success of the model in predicting muntjac records within their 

invasive range in Great Britain. Four further test sets were used to evaluate the model 

in predicting muntjac records in Ireland; no data from which contributed to the original 

model. Test set #2 contained all putative muntjac records in Ireland scored 0-10 on 

veracity (n=111 records), however, some of these records may represent Type I errors 

i.e. false positives due to misidentification (veracity scores <5) and it is highly unlikely 

that all such records represent free-ranging muntjac. Test set #3 contained only records 

highly likely to be muntjac i.e. those with veracity scores of 6 or higher (n=49 records), 

defined as multiple anecdotal sightings. Test set #4 contained only records of muntjac 

confirmed by molecular genetics (DNA), a confirmed carcass or photographs i.e. 
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veracity scores 8-10 (n=23 records); however, most do not represent living individuals. 

Test set #5 contained only records of individuals that were confirmed to be alive and 

free-ranging (n=4 records) confirmed by photography including camera trap records 

i.e. veracity score 10.  

Environmental response curves were generated using a combination of linear 

and quadratic features only. Model performance was evaluated using the Area Under 

the Curve (AUC) value of the Receiver Operating Characteristic (ROC) curve (Merow 

et al., 2013). The minimum training presence value of the Maxent model was used to 

threshold the predicted probabilities of muntjac presence to create a predicted 

presence/absence map (Figure 22c). The number of cells predicted as suitable for 

muntjac throughout Ireland were enumerated separately for each political jurisdiction 

(Northern Ireland and Republic of Ireland) and converted to area in km2 and expressed 

as a percentage (%) of the total land area to demonstrate the vulnerability of Ireland to 

muntjac invasion. Lakes and large rivers (the Rivers Shannon, Barrow, Nore and Suir) 

were removed from this area as unsuitable habitat. The total predicted population of 

muntjac (±95% CI limits) after full colonisation was estimated as the sum area of 

broad-leaved woodland, coniferous plantation and mixed woodland (i.e. suitable 

habitat) within the predicted area of suitable landscape (as predicted by the thresholded 

iSDM) multiplied by the most recent (2018) estimate of average muntjac density of 

22.9 (95% CIs 20.7 - 26.3 individuals/km2) within their invasive range in Great Britain 

following Mathews et al. (2018). Population estimates were rounded to the nearest 

thousand individuals. 

The reciprocal of the predicted probabilities of muntjac occurrence, interpreted 

as landscape favourability, were used as surface cost values (1 - P) i.e. a cell with a 

0.80 probability of muntjac suitability was deemed highly permeable with a low 
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resistance to dispersing muntjac and was given a low cost value of 0.20, while the 

converse was true for low permeability, high resistance cells. The cost surface was 

created using the Distance toolset in ArcMap. For the Least-cost Path Analysis 

(LCPA), the origin cells were taken as those from Test set #5 i.e. those with living, 

free-ranging individuals (veracity score 10), and the destination was the furthest 

possible location from all source locations, based on the assumption this would be the 

last location to be colonised based on distance. The colonisation dates for the 

destination point as well as contours in-between the origin and the destination point 

were calculated by converting the distance from the origin point along the least-cost 

path by an assumed range expansion rate of 2.5 km/year based on an estimate of 

invasion of Great Britain (Harding, 1986).   

Results 

The AUC value of the iSDM training set (0.632) and Test set #1 (0.611) were 

better than random (0.500) prediction of muntjac presence (Table 5). The favourability 

of the landscape associated with records in Ireland predicted their presence with a high 

degree of accuracy (≥0.774), although Test set #5 (living, free ranging individuals) 

was poorly predicted (0.563), but this is not to be unexpected given its extremely small 

sample size (n=4).  

Table 5: Area under curve (AUC) values of the receiver operating characteristic (ROC) 

curve for training and test datasets in Maxent modelling.  

 
 

Dataset n AUC 

Training set (75% records within 50% kernel range) 563 0.632 

Test set #1 (25% records within 50% kernel range) 188 0.611 

Test set #2 (All putative records in Ireland) 112 0.800 

Test set #3 (High veracity records in Ireland) 49 0.774 

Test set #4 (Confirmed records in Ireland) 23 0.786 

Test set #5 (Free ranging individuals in Ireland) 4 0.563 
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Broad-leaved woodland, coniferous plantations, mixed woodland and the 

minimum temperature of the coldest month (Bio6) had the greatest importance in the 

final model (Figure 23), with muntjac presence being positively associated with each 

(Figure 24). Other variables had considerably less importance though muntjac had a 

notable negative relationship with annual precipitation (Bio12).  

Predicted probabilities of muntjac presence were greatest in lowland regions 

most notably in the south of Great Britain (Figure 22d) and were above the minimum 

training presence threshold (P ≥ 0.324) for all but the uplands i.e. Snowdonia and the 

Brecon Beacons in Wales, the English Pennines and Scottish Highlands, as well as a 

large part of the Scottish lowlands (Figure 22c). A total of 309,632 out of 331,196 cells 

or 77,408km2 (93.5%) of Ireland was predicted as favourable. Only the uplands i.e. the 

Sperrins and Mourne Mountains in Northern Ireland, and the Wicklow Mountains in 

the Republic of Ireland, with fragmented areas of Co. Donegal, were predicted as 

unsuitable in Ireland (Figure 22c).  

Thus, these regions had the highest cost i.e. were least permeable for dispersing 

individuals, whilst most of the lowlands, and in particular, patches of woodland, had 

the lowest cost i.e. were most permeable in the Least-cost Path Analysis (Figure 22e). 

Given the high degree of predicted landscape suitability and low cost for dispersal 

throughout Ireland, the least-cost paths associated with each of the locations at which 

living, free ranging muntjac have been recorded, did not deviate greatly from straight-

line paths to the destination point, i.e. the location on the mainland furthest from each 

record (Figure 22f). Given the distances and assumed range expansion rate, it was 

estimated that the island of Ireland could be entirely colonised by muntjac by the first 

half of the 22nd century (Figure 22f); assuming no further introductions or 

anthropogenically-mediated movements occur. Once fully colonised, the suitable 
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habitat in Ireland was estimated to be able to support ca. 98,000 [95% CIs 89,000 - 

113,000] individual muntjac deer, rounded to the nearest thousand (Table 6).  
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a) Muntjac records (Great Britain) 

 

 

d)  Predicted probabilities 

 

 

c) Thresholded suitability (P ≥ 0.324) 

 

 
b) Muntjac records (Ireland) 

 

 

 

  

e) Cost surface (habitat 

permeability) 

 

 

 

f) Predicted colonisation dates 

 

 

 

 
 

Figure 22:  

a) Muntjac deer recorded in 

Great Britain showing the 

95% and 50% kernel ranges  

 

b) records from Ireland 

classed as all, high veracity 

or confirmed records 

 

c) thresholded habitat 

suitability 

(suitable/unsuitable) 

 

d) Maxent predicted 

probabilities of landscape 

favourability 

 

e) cost surface (interpreted 

as habitat permeability) 

derived from predicted 

probabilities 

 

f) predicted colonisation 

dates showing confirmed 

records as origins of 

introduction, the point 

furthest away from the 

origins as the destination, 

and the Least Cost Paths of 

likely dispersal 
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Figure 24: Jackknife analysis with variables listed in descending order of their model 

permutation importance (values to right of bars). The AUC value of the global model is 

shown in red, the AUC value of a model where each variable is fitted in isolation is shown in 

blue, and the damage to the global model by each variable’s exclusion is shown in green.  

a) 

 

b) 

 

c) 

 

d) 

 
e) 

 

f) 

 
g) 

 

h)  

 
 

 

Figure 23:  

Environmental parameters 

response curves illustrating 

how the predicted probability 

of muntjac presence changed 

as each environmental 

parameter varied, keeping all 

other environmental variables 

at their average sample value. 
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Table 6: The area of Ireland split into its two political jurisdictions (Northern Ireland as part of the UK and Republic of Ireland) suitable for muntjac and the 

predicted population that it may support at full colonisation.  

 

Region Habitat 

 Broad-leaved  

woodland 

Coniferous plantation & 

mixed woodland 

Other 

habitats 

Total 

     

a) Area within predicted suitable range (km2) 

Northern Ireland 73 491 12,733 13,297 

Republic of Ireland 292 3,449 65,810 69,551 

All-Ireland 365 3,942 78,543 82,850 

     

b) Predicted muntjac population (individuals [95%CI]) 

Northern Ireland 1,672 [1,511 - 1,920] 11,244 [10,164 -   12,913] 0 [0 - 0] 12,916 [11,675 -   14,833] 

Republic of Ireland 6,687 [6,044 - 7,680] 78,982 [71,394 -   90,709] 0 [0 - 0] 85,669 [77,439 -   98,388] 

All-Ireland 8,359 [7,556 - 9,600] 90,272 [81,559 - 103,675] 0 [0 - 0] 98,630 [89,155 - 113,274] 
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Discussion 

This study aimed to overcome a number of key challenges in predicting the 

invasion of a novel environment by non-native species; in this case Reeves’ muntjac 

deer in Ireland, with applicability to other regions especially in Europe. An invasive 

Species Distribution Model (iSDM) was developed where pre-thinning of species 

occurrence data and geographically focusing the training of the model explicitly 

conformed to the assumptions of the analysis (which are frequently ignored). Species 

records were thinned prior to analysis to avoid problems associated with 

overdispersion i.e. clumpiness (Hijmans, 2012; Kramer-Schadt et al., 2013), typical of 

invasive species occurrence data. The model was trained using only the 50% core 

invasive range in Great Britain within which the species was assumed to be at 

equilibrium due to a long-history of establishment; thus background points (treated as 

pseudoabsences) were much more likely to represent habitat avoidance than yet to be 

colonised areas. The spatial extrapolation of the model to the rest of Great Britain and 

Ireland, therefore, avoided unduly penalising yet to be colonised landscapes as 

unsuitable (Elith, 2013), and was taken as a more realistic representation of habitat 

suitability than previous models which drew background points at random from areas 

beyond the species’ currently colonised range (e.g. Acevedo et al., 2010). Despite the 

difficulties in modelling the potential distributions of invasive species at non-

equilibrium, it is often these range-shifting taxa for which predictions are most needed 

(Elith et al., 2010).  

The output of the iSDM was paired with a Least Cost Path Analysis (LCPA) by 

using the reciprocal of the model’s predicted probabilities for the likelihood of muntjac 

presence (based on bioclimatic and habitat parameters), as cost values in a friction 

surface are indicative of the permeability or resistance of each cell in the model to a 
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dispersing muntjac. LCPA is rarely based on actual travel costs through different 

landscapes features, as there is a paucity of research on how best to estimate actual 

costs (Beier et al., 2006). Habitat suitability is invariably used as a cost proxy 

(Adriaensen et al., 2003; Zeller et al., 2012; Wade et al., 2015), based on the 

assumption that animals will travel through habitats similar to their preferred habitat 

(Beier et al., 2008), but this may not always be the case for dispersing individuals 

which may have to traverse patches of unsuitable habitat. Thus, the quantitative 

approach adopted here avoided the problems ordinarily associated with trying to 

ascribe cost values which are derived from perceived expert opinion or ranking 

habitats by their importance to previously published models.  

This approach allowed the LCPA to incorporate continuous bioclimatic 

variables which are even more difficult to weight using expert opinion or rankings than 

discrete habitats. Pixel or cell-based LCPA is likely to fail in identifying the true least 

cost paths as they fail to capture fine-scale corridors suitable for dispersal at a spatial 

resolution lower than that used in the model; nevertheless, they have been shown to 

approximate dispersal corridors and are thus of some use (McRae & Beier, 2007; 

McRae et al., 2008; Pinto & Keitt, 2009). The least cost paths generated here are thus 

unlikely to be the exact paths that dispersing muntjac will take when their range 

expands, but rather illustrate the minimum length of time during which species might 

fully colonise Ireland based on a constant rate of range expansion.  

The estimate of full colonisation within a century is, however, a likely 

underestimate. In Great Britain, muntjac, whilst initially released in Bedfordshire, 

have been subject to human-mediated, salutatory, dispersal; a process driven by 

deliberate translocation of individuals from the invading wave edge front to 

uncolonised locations beyond the invasive range boundary resulting in ‘hops’ or 
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‘leaps’ in range expansion (Chapman et al., 1994; Rotherham & Derbyshire, 2012). 

Thus, if muntjac are deliberately translocated within Ireland during the invasion 

process, their range expansion may be greatly accelerated resulting in colonisation well 

before the date predicted here. Additionally, only records of free-living muntjac 

confirmed by photography were used as origin locations for LCPA. However, there 

are many more muntjac reports throughout Ireland, of varying states of veracity, which 

if confirmed, may represent other origin locations resulting in yet further acceleration 

of their establishment and range expansion. Furthermore, the estimate of total 

population size after full colonisation is also a likely underestimate, given that the 

recent average density figure given by Mathews et al., (2018) is based on the 

population of muntjac in Great Britain that is still expanding in abundance and likely 

density also; and this estimate does not incorporate other habitat types used by 

muntjac, but for which density estimates are lacking.  

Taken together, iSDM and LCPA provided a dual approach which allowed the 

spatial patterns of landscape suitability, permeability/resistance and likely dispersal 

routes to be predicted for a species which has yet to fully establish in Ireland. This 

enabled future range expansion and the ultimate population size to be estimated by 

transferring empirically-derived values associated with range expansion and 

population densities from the historical invasion of neighbouring Great Britain. This 

allows the alarm to be raised now at the earliest stage of inoculation, such that action 

can be taken to prevent the spread of the species to mitigate its associated ecological 

and economic damage. The model provides a means by which key habitats and 

locations can be targeted for early intervention e.g. eradication attempts, directing 

conservation resources and efforts. This is important not just for Ireland, but across 

Europe, where muntjac have recently been noticed in the wild (e.g. Belgium; J. Dick, 
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pers. comm.) and for other species of invasive non-native deer globally (Dolman & 

Wäber, 2008). 

Rapid response is key to tackling biological invasions (Caffrey et al., 2014; Piria 

et al., 2017). Immediate eradication while populations are still spatially and 

numerically restricted is often the only method for effective control (Stokes et al., 

2006). Now present in Ireland, muntjac represent a significant threat to Irish 

biodiversity, including natural habitats and species of conservation concern (Dick et 

al., 2010). Eradicating muntjac now will be more cost-effective than subsequent efforts 

at containing, controlling and eradicating muntjac once established. Thus, at this 

critical juncture, there is still the possibility to reverse the muntjac invasion of Ireland 

with effective policy and concomitant action. If muntjac are now ignored, these 

analyses suggest that populations will likely establish throughout the island with up to 

113,000 individuals at full colonisation which are likely to have a substantial 

ecological impact. It is critical for the responsible authorities in both jurisdictions of 

the island; the Northern Ireland Environment Agency (NIEA), Department of 

Agriculture, Environment and Rural Development (DAERA) in Northern Ireland, and 

the National Parks & Wildlife Service (NPWS), Department of Culture, Heritage and 

the Gaeltacht, in the Republic of Ireland, to take immediate action in attempting to 

eradicate establishing populations by whatever means are possible.  

There is no central organisation principally responsible for managing deer in the 

UK (Putman, 2011) or Ireland (Purser et al., 2009), thus once firmly established, 

muntjac are unlikely to be eradicated . Eradication efforts have been successful in 

Ireland, for example, the removal of muskrat (Ondatra zibethicus) and roe deer 

(Capreolus capreolus) during the early 20th century (Fairley, 2001; Fairley et al., 

2002), and more recently, chub (Squalius cephalus) (Caffrey et al. in press), 



112 

 

demonstrating that total extermination is possible if a population is targeted early in 

its establishment phase (Reid & Montgomery, 2007).  
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Chapter 5: Application of novel methods of impact assessment 

to native and invasive deer in the UK 

Abstract 

Invasive species are a major threat to biodiversity, economies, and human livelihood, 

and tackling biological invasions is now a global undertaking. Prevention and 

mitigation of future invasions is a crucial, cost-effective approach, but relies on reliable 

predictions of species invasiveness and impact which are often lacking. Methods of 

predicting and assessing impacts of invasive species have, until recently, lacked 

efficacy but the novel Relative Impact Potential (RIP) metric has significantly 

improved predictive power. While this tool has been used to successfully predict the 

impact of a number of invasive species across multiple taxa, it has not been applied to 

any terrestrial vertebrate species. This study utilises the RIP to assess the ecological 

impact of native and invasive deer on native plant communities in Britain. The study 

also presents a new variation of the RIP, the Relative Total Impact Potential (RTIP). 

The RTIP compares the total impact of native and invader species with the baseline 

impact of the native prior to the introduction of the invader, providing a better 

understanding of how impacts change over the course of an invasion. In almost all 

cases reviewed in this study, impact potential of invasive deer was greater than that of 

analogous natives. The RTIP metric demonstrated that after several years of population 

growth, total impact of invasive muntjac (Muntiacus reevesi) and native roe deer 

(Capreolus capreolus) was vastly higher compared to baseline impact, indicating 

likely significant invader impact. Investigation of impact potential within growth 

stages of coniferous forest showed that in all except restock stages, invasive deer are 

likely to exert greater impact on vegetation than natives, with impact up to threefold 
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higher. Focus on stages within the same forestry block over 3 months revealed 

temporal changes in likely impacts, and even more pronounced invader impacts. This 

study is a validation of the RIP and related metrics as simple yet powerful tools to 

assess occurrence and extent of invader impacts.  
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Introduction 

Invasive non-native species are now recognised as a global threat to 

biodiversity, the economy, and human livelihood (Mack et al., 2000; Born et al., 2005; 

Simberloff et al., 2005; Pyšek & Richardson, 2010; Pimentel, 2011; Early et al., 2016). 

Invasive species reduce richness, diversity and abundance of native species (Kelly et 

al., 2006; Dick et al., 2013, 2014, 2017) and, in the extreme, cause native species 

extinction (Clavero & Garcia-Berthou, 2005; Simberloff, 2015). They disrupt 

ecosystem functions and services (Charles & Dukes, 2007; Strayer, 2012), and 

detrimentally impact the physical environment (Simberloff, 2011), and human and 

animal health (Simberloff, 2013b; Jeschke et al., 2014). The economic consequences 

of invasive species are enormous (Kelly et al., 2013; Pimentel et al., 2005), and are 

likely to be even greater than estimated because the means for translating the effects 

of invasions into monetary terms is underdeveloped (Pyšek & Richardson, 2010).  

These impacts typically arise once species establish (Marbuah et al., 2014), 

therefore preventing invasions is seen as the most cost-effective management strategy 

(Leung et al., 2002; Crooks, 2011). This is particularly important in light of the 

accelerating rate of biological invasions (Alexander et al., 2014; Caffrey et al., 2014; 

Rosewarne et al., 2016). Invasion ecology urgently requires predictive methodologies 

that can forecast the ecological impacts of existing, emerging, and potential invasive 

species (Dick et al., 2014; Alexander et al., 2014, Caffrey et al., 2014). Once a 

mechanistic understanding of impacts is developed and the ability to accurately predict 

and quantify them refined, focus can shift to the prevention and mitigation of invasion 

threats (Dick et al., 2014; Rosewarne et al., 2016), for which there is growing pressure 

to prioritize (Simberloff et al., 2013; Alexander et al., 2014).  
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Predicting impacts is difficult (Caffrey et al., 2014; Laverty et al., 2017), and 

until recently, this endeavour has seen little progress (Dick et al., 2013). Linking 

species characteristics to invasiveness has seen some success (; Keller et al., 2011), 

for example with plants (Pyšek et al., 2009; van Kleunen et al., 2010), and some animal 

taxa (Jeschke & Strayer, 2006; Blackburn et al., 2009). However, in general this 

species trait-based approach to predict impact and outcomes of invasions has been 

largely unsuccessful (Dick et al., 2013, 2014). Specifically, morphological, genetic 

and behavioural variation across invasive ranges hampers identification of traits that 

consistently predict invader impacts (Hayes & Barry, 2008; Tecco et al., 2010). 

Further, numerous exceptions to such predictions dilute the predictive power of this 

technique (Dick et al., 2014). Another approach has been to reference invasion history 

in forecasting an invader’s likely future impacts (Kulhanek et al., 2011; Kumshick & 

Richardson, 2013), but this is clearly restricted to known invaders with well-

established impacts (Ricciardi, 2003; Dick et al., 2014).  

A promising advance in predicting invader impacts has been the development of 

comparative functional responses (Dick et al. 2013, 2014). The functional response 

(FR) is a classic tool of ecology (Jeschke et al., 2002; van Leeuwen et al., 2007), 

relating resource density to consumer uptake rate (Solomon, 1949: Holling, 1959). 

Functional responses have been used before in invasion biology to describe predator-

prey interactions (see Dick et al., 2014), to evaluate biocontrol potential of introduced 

parasitoids (e.g. Jones et al., 2003), and more recently, to specifically compare native 

and invasive species (Bollache et al., 2008). The comparative functional response 

methodology stemmed from the realization that ecologically damaging invaders are 

commonly associated with the rapid and efficient exploitation and depletion of 

resources (Funk & Vitousek, 2007; Dick et al., 2013; Alexander et al., 2014), leading 
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to predictions of higher functional responses in invaders compared to trophically 

analogous natives.  

Numerous studies of species across taxonomic and trophic groups and invaded 

regions, have since demonstrated that in most cases invaders do indeed have higher 

functional responses, which rise more rapidly, and to higher asymptotes, compared 

with native species (Bollache et al., 2008; Haddaway et al., 2012; Dick et al., 2013; 

Alexander et al., 2014; Barrios-O’Neill et al., 2014; Dick et al., 2014; Alexander et 

al., 2015; Laverty et al., 2015; Xu et al., 2016). Further, the Type II functional 

responses (Holling, 1959) of invaders are typically associated with potential 

population de-stabilizing effects (Dick et al., 2013), leading to conclusions that 

invasive species are likely to deplete resources to a greater degree than natives, 

equating to greater ecological impact (Dick et al., 2013, 2014, 2017). These 

experimental comparisons corroborate observed detrimental impacts of invaders on 

native biodiversity, where declines in species richness, abundance and biomass have 

been detected following invasion (Kelly et al., 2003, 2006). Comparative functional 

responses thus emerged as an effective tool to understand and predict the impact of 

invaders upon arrival in novel environments (Dick et al., 2013, 2014). 

Yet functional responses only assess per capita impacts, and do not account for 

the effect of invader abundance in impact predictions, and used alone might only 

predict little or moderate impact in contrast to known extreme impacts (Laverty et al., 

2017). Combining the Numerical Response (NR) – the predator population response 

to increasing prey density (Holling, 1949) – of the consumer population, with the 

Functional Response elicits a more complete understanding of potential invader 

impacts (Dick et al., 2017), and gives Total Response, that is: 
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𝑇𝑅 = 𝐹𝑅 × 𝑁𝑅      eqn 1 

Compared to FRs which can be readily calculated, NRs are more nebulous and 

difficult to measure, for example, due to time lags (Dick et al., 2017). Instead, NR may 

be replaced by the proxy of consumer abundance (AB), which captures the same 

features as the NR (e.g. aggregation and reproduction), and for which data are often 

readily available or can be easily estimated in the field if required (Dick et al., 2017). 

This yields a new metric, the Impact Potential (IP):  

𝐼𝑃 = 𝐹𝑅 × 𝐴𝐵      eqn 2 

where FR = estimated maximum feeding rate, and AB = the field abundance/density 

of the species.  

By itself, an absolute IP value has no meaning relative to the existing impact of 

the native analogous consumer species (Dick et al., 2017), but following the 

comparative FR approach, the IP of invaders can be related to the IP of natives through 

the Relative Impact Potential:  

𝑅𝐼𝑃 = (
𝐹𝑅𝑖𝑛𝑣𝑎𝑑𝑒𝑟

𝐹𝑅𝑛𝑎𝑡𝑖𝑣𝑒
) × (

𝑁𝑅𝑝𝑟𝑜𝑥𝑦 𝑜𝑓 𝑖𝑛𝑣𝑎𝑑𝑒𝑟

𝑁𝑅𝑝𝑟𝑜𝑥𝑦 𝑜𝑓 𝑛𝑎𝑡𝑖𝑣𝑒
)       eqn 3 

Whereas high-impact invaders were associated with higher FRs compared to 

native species in 39 out of 47 cases, with the incorporation of abundance in the RIP, 

this new metric offers 100% predictive power of high-impact invasive species (Dick 

et al., 2017). Furthermore, it can be used to rapidly and robustly predict the identities 

and ecological impacts of emerging and future potential invaders with no invasion 

history, making it a simple yet important tool that may be used to inform invasive 

species risk assessments, management, policy, and legislation (Dick et al., 2017). 
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Although the invasive species assessed by the RIP metric thus far have typically 

been predators, since all organisms use resources, FRs may be derived for any species, 

making the RIP metric applicable for use with any taxa or invasion scenario (Dick et 

al., 2017). Indeed, it has been successful in predicting the impacts of two marine filter 

feeder mussels (Mytilus galloprovincialis and Semimytilus algosus), the herbivorous 

channeled apple snail (Pomacea canaliculata) and gamba grass (Andropogon 

gayanus) (Dick et al., 2017). However, to date, the RIP has not been applied to any 

terrestrial vertebrate species. In this study, the RIP metric is applied to native and 

invasive non-native deer in Britain, to predict the impacts of herbivore pressure on 

native plant communities.  

A new metric, the Relative Total Impact Potential (RTIP), is also presented. This 

describes the total impact of both invasive and native species over the course of an 

invasion, and provides a better understanding of the influence of the addition of an 

invader on native systems over time. The RTIP was developed as the RIP assumes 

complete replacement of a native species by an invader, as in the case of the 

introduction of Gammarus pulex which has caused the extirpation of the native 

Gammarus duebeni celticus in many rivers in Northern Ireland (Kelly et al., 2006). 

However, there are often lag phases between the arrival of invasive species and 

ecological impacts (Coutts et al., 2018), and how such impacts vary over time is not 

well studied (Závorka et al. 2018). 

The change in impact on a temporal scale can be described by a conceptual 

model consisting of three stages (Figure 25), where the first of these (zone 1) shows 

the baseline impact of a native species before an invader is introduced (a). After this 

point, when native and invader species are sympatric (zone 2), impacts of both will be 

additive and the total impact on the prey community will suddenly increase up to a 
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temporary peak (carrying capacity) (b). Depending on invasiveness and 

species/community interactions, the invader may completely replace the native, may 

be prevented from establishing entirely, or both invader and native co-exist. The 

impact level in the third stage could be higher (i), equal to (ii), or less than (iii) the 

initial baseline. By dividing the total impact potential of the native and invader by the 

baseline impact of the native alone, we can calculate the RTIP:   

 𝑅𝑇𝐼𝑃 = (
(𝐹𝑅𝑛𝑎𝑡𝑖𝑣𝑒 × 𝐴𝐵𝑛𝑎𝑡𝑖𝑣𝑒) + (𝐹𝑅𝑖𝑛𝑣𝑎𝑑𝑒𝑟 × 𝐴𝐵𝑖𝑛𝑣𝑎𝑑𝑒𝑟)  

(𝐹𝑅𝑛𝑎𝑡𝑖𝑣𝑒 × 𝐴𝐵𝑛𝑎𝑡𝑖𝑣𝑒)
)    eqn 4 

where FR = estimated maximum feeding rate, and AB = the field abundance/density 

of the species. 

 

Figure 25: Conceptual stages of invasion and three levels of potential total impact of native 

and invader dependent on the outcome. 
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Native and invasive deer  

There are six species of deer found in Britain. The two native species, red deer 

(Cervus elaphus) and roe deer (Capreolus capreolus) are widespread across the UK, 

and have significant populations (approx. 346,000 and 265,000 respectively; Mathews 

et al., 2018) which are continuing to expand in size and geographic range (Ward, 

2005). ‘Naturalised’ fallow deer (Dama dama) number 264,000 individuals spread 

across England and Wales (Mathews et al., 2018), in numerous locations throughout 

Ireland (Carden et al., 2011), and with patchy distribution in Scotland (BDS, 2016). 

Muntjac deer (Muntiacus reevesi), native to China and Taiwan (Hutchins et al., 2003), 

were introduced to England in the late 19th century (Chapman et al., 1994), but are 

now present throughout much of England and Wales where the population is estimated 

to be around 130,000 (Mathews et al., 2018).  

Japanese sika deer (Cervus nippon) were first introduced to the British Isles in 

1860, and there are currently many large free-ranging populations in Scotland, 

England and Ireland (Swanson & Putman, 2009), in total numbering just over 100,000 

individuals (Mathews et al., 2018). Chinese water deer (Hydropotes inermis) are also 

an introduced species, but number less than 5,000 (Mathews et al., 2018) and their 

distribution is restricted to only several counties in eastern England (BDS, 2016).  

Deer foraging is of course a natural ecological process which contributes to 

determining the structure and dynamics of ecological systems (Putman & Moore, 

1998). However, expanding numbers and ranges of native deer (Mathews et al., 2018), 

and the introduction of non-native species has increased pressure on vegetation. Deer 

herbivory can alter forest structure and composition (Dolman & Wäber, 2008), with 

preferred forage in the ground and shrub layers depleted and replaced by unpalatable 
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or browse-resistant species, and forest canopies eventually impacted by sustained 

browsing pressure on susceptible trees and a lack of regeneration (Horsley et al., 2003; 

Joys et al., 2004; Rooney et al., 2004; Stone et al., 2004; Focardi & Tinelli, 2005; Gill 

& Fuller, 2007). These impacts are often observed in areas of conservation concern 

such as semi-natural ancient woodlands (Cooke & Farrell, 2001; Cooke 2004, 2006), 

and deer may also negatively impact managed forestry and agriculture. Although 

initially impacting vegetation, intense herbivory can have cascade effects on 

biodiversity, affecting invertebrates (Tabor, 1998; Pollard & Cooke, 1994; Allombert 

et al., 2005b), small mammals (Flowerdew & Ellwood, 2001) and birds (Fuller, 2001; 

Allombert et al., 2005a; Holt et al., 2011). Thus both plant and animal communities 

can be negatively affected.  

This study presents three case studies to demonstrate the impacts of native and 

invasive deer on native plant communities. In Case Study 1, the impact potential of 

five species of deer found in Britain (excluding Chinese water deer as the population 

is restricted geographically and numerically small) are assessed, and the use of two 

different measures of FR (absolute and metabolic intake rate) are compared.  

In Case Study 2, the Relative Total Impact Potential (RTIP) is applied to native 

and invasive deer in Thetford forest, an area of eastern England where deer populations 

have changed drastically over time. Roe deer are native to Britain but due to forest 

clearance and over-hunting, were extinct in England by 1800 (BDS, 2015a). They were 

reintroduced to the area of Thetford Forest in 1884 (Chapman & Whitta, 1996), and 

by 1939 they were numerous and heavy culling was undertaken to reduce the 

population (Taylor, 1939). Muntjac were first recorded in Thetford forest in 1953 

(Chapman & Whitta, 1996). By 1975 they were established throughout the forest and 

towards the end of that decade they were rapidly increasing in number (Wäber, 2010). 
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The population continued to expand until culling began in 1984 (Chapman & Whitta, 

1996). In 2002, total deer density was estimated at 31.9 deer/km2 (Hemami, 2003), and 

the impacts on the structure and species composition of the forest vegetation from a 

population of this size are substantial (Gill, 1996). 

In Case Study 3, the impacts of sympatric deer on vegetation within the growth 

stages of coniferous plantations is analysed. As each stage is associated with a different 

composition of native plant species and varying deer densities, the impact of deer on 

each stage will also vary. The Impact Potential metric is used to assess the impact of 

native roe deer and invasive muntjac deer across the whole of Thetford forest, in 

addition to looking at temporal trends in impact within a single forest block. This 

exercise is extended by using Thetford forest densities of muntjac and roe, and 

incorporating densities of red and sika deer from locations in Scotland to predict the 

impacts of all deer on a forest where they are potentially all sympatric.  

Methods 

Case Study 1 

Functional responses of deer are not well described, and only a few studies have 

produced empirical FR curves (e.g. Gross et al., 1993; Illius, 2002), the asymptote of 

which can be used to derive the RIP. Although Illius (2002) derived FRs for roe deer, 

they are unavailable for the other deer species found in Britain, and to calculate FRs 

for these species was not possible in this study. Instead, two proxies of FR – per capita 

absolute intake (g/day) and per capita metabolic intake (g/kg0.75/day) were used. 

Absolute intake represents the likely consumption rate of biomass by deer in the wild, 

with the largest species (red deer) consuming significantly more than the smallest 

species (muntjac). Thus, according to this proxy, out of two species with identical 
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abundances, the species with the highest intake rate will exert a greater ecological 

impact. The metabolic intake rate proxy of functional response was used to control for 

body size and thus to compare species like for like, to clarify whether introduced 

species, in this case sika and muntjac, consumed more per kilogram of body mass than 

the native species. As multiple figures were available in the literature for each species 

(Appendix 2) (with the exception of muntjac deer) averages of both measures were 

used (Table 7). 

There was only a single study measuring absolute intake of Reeves’ muntjac, 

and even this was for a smaller sub-species of muntjac, M. reevesi micrurus, which is 

assumed to have a lower intake rate due to smaller body size. Individuals of this 

Taiwanese subspecies are typically 8-10kg (Chen, 2003), approximately 1.5 times 

smaller than M. reevesi found in southern England (12.2-14.8kg, Chapman et al., 

1993). In order to calculate an absolute intake for UK muntjac, based on the absolute 

intake of M. reevesi micrurus, the intake range (91-399g/day) published by Lin et al. 

(2011) was multiplied by 1.50.75
 as “absolute food intake should scale allometrically 

(0.75) with body weight” (Weckerly, 2013), and the average of the resulting two 

figures was taken. To calculate the associated metabolic intake, this figure was then 

multiplied by the average body mass of Thetford muntjac (13.5kg; Chapman et al., 

1993) to the power 0.75.  

For case study 1, maximum density figures were used as the measure of 

abundance (Dick et al., 2017), again extracted from the available literature (Table 8). 

Confidence intervals were only available for the density estimates of fallow and roe 

deer. Impact potential was calculated by multiplying intake and density.  
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Table 6: Average intake rates of deer species in the British Isles. 

Species Absolute intake (g/day) (SD) Metabolic intake (g/kg0.75/day) (SD) 

Fallow 752.5 (312.7) 45.0 (9.4) 

Muntjac 337.5 (287.5) 47.9 (0) 

Red 1619.2 (431.7) 56.8 (10.6) 

Roe 558.5 (129.6) 51.6 (11.3) 

Sika 1185.3 (348.5) 64 (9.72) 

 

 

Table 7: Maximum densities of deer species in the British Isles, as found in the literature. 

Species Maximum density (deer/km2) (95% CI) Reference 

Fallow 46.4 (21.7 – 67.1) Gill et al., 1997 

Muntjac 152 Cooke, 2006 

Red 40 Chadwick et al., 1996 

Roe 76 (68 – 90) Gill et al., 1996 

Sika 93.7 Swanson & Putman, 2009 

 

Case Study 2 

The literature was searched for estimates of muntjac and roe deer abundance 

and/or density in Thetford forest. As data were not available for every year since 

introduction, estimates were taken for every 5th year beginning in 1930 for both 

species. If data for some of these years were unavailable, an average was calculated 

from among the estimates published within the previous 5 year period. As data were 

lacking for roe deer before 1965, the 1965 estimate was used for all previous years, 

based on the assumption that the population size before this was not greater. 

Data for muntjac were particularly sparse, with no numbers available between 

1953 and 1986, and most studies after 1986 gave only densities within smaller forestry 

blocks. These densities were extrapolated to estimate abundance for the entire area of 
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Thetford forest, however, it is acknowledged that the resulting figures are unlikely to 

be accurate as the densities in each study location do not represent densities of the 

larger forested area. Furthermore, the extrapolated figures do not provide a clearer 

picture of likely abundance in the 33 year gap, thus as an alternative, the intrinsic rate 

of population growth was calculated, based on a population size of 12 deer in 1953 (N. 

Chapman, pers. comm.) growing to 11,853 in 2002 (Hemami et al., 2005). Using this 

rate of approximately 15.11% annual growth, abundance estimates were selected for 

every 5th year beginning in 1955 to complement the roe deer data set. The abundance 

estimates for roe and muntjac in 2010 were derived by multiplying each density 

estimate by the total area of Thetford forest (187 km2).  

In this case study, several scenarios are envisaged to predict the likely impacts 

of both native and invasive deer under various hypothetical population changes. In 

Scenario 1, both muntjac and roe populations grew based on the observed population 

growth prior to culling that reduced the population between 2002 and 2010. After 

reaching the maximum abundances based on highest observed densities in Thetford 

forest [136.3 muntjac and 43.9 roe deer/km2] (Hemami, 2003), the population 

plateaued at this level. In Scenario 2, the muntjac population experienced the same 

changes as in Scenario 1, but the roe population followed the observed changes and 

levelled off. In Scenario 3, the muntjac population began to decline after reaching peak 

abundance, while the roe population changes remained the same as in the previous 

scenario. Finally, in Scenario 4, both populations reflected the observed changes in 

Thetford forest, except that the muntjac did not decline, but remained at peak 

abundance.  

For all scenarios the impact potential of both species was calculated by 

multiplying abundance by the metabolic intake; the total impact potential was 
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calculated by summing the impact of both species; and the RTIP was derived for every 

5th year.  

Case study 3 

Hemami et al. (2005) investigated the habitat structure and associated densities 

of roe and muntjac in various growth stages of planted coniferous stands in Thetford 

forest overall and specifically in the Mundford block (Hemami et al., 2004). They 

recognised five growth stages: restock (0–4 years); pre-thicket (5–10 years); thicket 

(11–20 years); pole stage (21–30 years); and pre-fell (>30 years). These data, together 

with the intake estimates, were used to calculate RIP and predict the impact of both 

species on each stage. The total impact on each stage of plantation was calculated by 

summing the impact for each species.  

Densities of red deer were taken from Mayle et al. (1999), who gave only figures 

for four growth stages in forest in north-west Scotland: establishment (restock), pre-

thicket, thicket and pre-fell.  Due to the lack of density estimates for pole stages, this 

growth stage was removed from the multi-species comparison. Sika densities were 

given by Marques et al. (2001) for two Scottish locations, which were averaged. 

“Native impact” was calculated by the addition of impacts of red and roe deer, while 

“invader impact” was the total of muntjac and sika impact. 

Results 

Case Study 1 

Using absolute daily intake as the FR proxy revealed that introduced sika deer 

have the greatest impact potential, despite having neither the highest intake rate nor 

maximum density (Figure 26a). The extremely high population density of muntjac was 

offset by the low absolute intake, such that their impact became comparable to the 
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native roe deer and naturalised fallow deer. Similarly, the high absolute intake rate of 

red deer was offset by comparatively low population density, yet impact was still 

predicted to be second greatest. When using the metabolic intake rate (Figure 26b) 

instead, introduced muntjac and sika deer were predicted to have the greatest impact 

on native plant communities when at their maximum densities, whilst the predicted 

impacts of red deer were reduced to second lowest.  

a) 
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b) 

  

Figure 26: Impact potential of deer in the UK, based on maximum deer densities and a) 

absolute intake (g/day), b) metabolic intake (g/kg0.75/day). Error bars for intake are SD, and 

for density are 95% Confidence Intervals. 

 

Case Study 2 

From 1965, roe deer in Thetford Forest increased steadily in number from 467 

individuals until reaching their peak population size of 5222 in 2002 (Hemami et al., 

2005) (Figure 27a). After the introduction of muntjac around 1950, there was a lag of 

approximately 20 years before they likely numbered more than 100 individuals. The 

population continued to expand until reaching its peak of 11,853 muntjac in 2002 

(Hemami et al., 2005), after which intensive culling of both roe and muntjac reduced 
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their numbers to an estimated 2580 and 4520 individuals respectively in 2010. As 

intake rates of both deer species are similar, impact potential is predicted mainly by 

density, and thus deer impact on Thetford forest also likely increased as densities of 

both deer increased (Figure 27b). Combined impact potential of roe and muntjac 

peaked in 2002, at which point muntjac impact was likely twice that of the native roe 

deer, and Relative Total Impact Potential (Figure 28) reached 35 in the same year, then 

dropping to 15 in 2010 following population reduction.  

In the first proposed scenario, abundance (Figure 27c), and thus impact potential 

(Figure 27d), of muntjac greatly exceeds that of its native analogue, despite roe having 

the greatest population size in any scenario. In this scenario, the predicted total deer 

impact is likely to be approximately double the impact potential estimated for the 

observed populations in Thetford (Figure 27b). With the huge increase of both 

populations, the RTIP in this scenario rises to 65 in 2010 (Figure 28), demonstrating 

extreme impacts of deer relative to the baseline native impact of 1. In Scenario 2, the 

total impact potential (Figure 27f) and peak RTIP (Figure 28) are lower than in the 

previous scenario, although the RIP (the impact ratio between native and invader) is 

greater given the larger proportion of muntjac in the total deer population. Although 

the RTIP drops with the decline in abundance of the native roe deer, this decrease is 

small relative to the magnitude of population decline. In Scenario 3, while roe deer 

numbers remain the same, muntjac numbers decline after reaching their peak (Figure 

27g), causing a reduction in total impact (Figure 27h) and RTIP (Figure 28), although 

this remains high in 2020. In Scenario 4, the muntjac population is as actually observed 

and plateaus here (Figure 27i), while the roe population decreases as documented, 

meaning RTIP reaches 29 and remains here (Figure 28). 
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Abundance Impact Potential 

a)  

 

b)  

 

c) 

 

d) 
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g) 

 

h) 
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i)  

 

j) 

  

Figure 27: a) The abundance of muntjac and roe deer in Thetford forest between 1930 and 

2010, b) The predicted impact of both species and total impact on vegetation in Thetford 

over this same period, c,e,g,i) Hypothetical abundances of both deer species in Scenarios 1-

4, d,f,g,j) Species and total impact of deer in Scenarios 1-4. 

 

Figure 28: The Relative Total Impact Potential of roe and muntjac deer on Thetford forest 

between 1930 and 2010, and predicted RTIP under various hypothetical scenarios. 

 

Case Study 3 

Across the whole of Thetford forest, densities (Table 9a) and impacts (Figure 

29a) of both roe and muntjac deer were highest in the pre-thicket and pre-fell growth 

stages, which had abundant forage resources, primarily grasses, bramble (Rubus 

fruticosus agg.), broom (Cytisus scoparius), gorse (Ulex europaeus), holly (Ilex 
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aquifolium), hawthorn (Crataegus monogyna), and heather (Calluna vulgaris) 

(Hemami et al., 2005). Combined together, total impact of deer herbivory on these 

resources in these areas is expected to be highest, between two- and three-fold higher 

than in other growth stages. Muntjac density and impact was greater than that of roe 

in all growth stages except for restock, leading to RIP values greater than 1 (Table 9b), 

indicating likely invader ecological impacts. Despite highest total impact potential 

calculated for pre-fell stages, pole-stage areas experienced the greatest difference 

between invader and native impact, thus RIP and invader impacts were greatest for 

this growth stage. 

Table 8: Densities (a) and Relative Impact Potential (b) of native roe and invasive muntjac 

deer in Thetford forest.  

a) Density (deer/km2). Figures for Thetford from Hemami et al. (2005), figures for Mundford 

from Hemami et al. (2003). 

Growth 

Stage 
Thetford 2002 

Mundford January 

2005 

Mundford March 

2005 

 Roe Muntjac Roe Muntjac Roe Muntjac 

Restock 20 13 38.2 14.9 5.4 5.6 

Pre-thicket 47 66 27.8 34.6 53.4 44.6 

Thicket 20 52 11.4 33.9 10 54.9 

Pole stage 10 33 8.9 54 22.2 37.3 

Pre-fell 35 91 4.1 62.3 9.4 55.5 

 

b) RIP. Values of >1 indicate the invader had a greater impact potential than the native. 

Growth 

stage 

Thetford 

2002 

Mundford 

January 2005 

Mundford March 

2005 

Restock 0.60 0.36 0.96 

Pre-thicket 1.30 1.16 0.78 

Thicket 2.41 2.76 5.10 

Pole stage 3.06 5.63 1.56 

Pre-fell 2.41 14.11 5.48 
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Figure 29: Impact of roe and muntjac deer, and their combined Total impact, on plant assemblages associated with 5 growth stages of conifer plantation in a) 

Thetford forest, b) Mundford block in January 2005, c) Mundford block in March 2005. 

a) 

 

b) 

 

c) 
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Deer densities (Table 9a) and impacts (Figure 29b) in the Mundford block during 

January 2005 were different to those observed across Thetford forest as a whole. 

Lowest roe density and impact was observed in pre-fell growth stages, and highest 

density and impact in restock areas, while for muntjac, the converse was true. This 

pattern meant that RIP (Table 9b) in restock was only 0.36, thus muntjac were 

predicted to have a lesser impact than roe, whereas in pre-fell stages where RIP was 

14.1, invader impacts were predicted to be extreme. Total impact was predicted to be 

similar across all growth stages, but invader impacts were greater in pre-fell and pole 

stages. Forage resources were most abundant in restock, pre-thicket, and pre-fell stages 

(Hemami et al., 2005), meaning the herbs, grasses, and bramble – which are the main 

diet of muntjac (Jackson & Chapman, 1977) will be heavily browsed by high densities 

of muntjac. 

Densities and impacts in the same block two months later were different (Table 

9a; Figure 29c), indicating likely temporal changes in impact. Potential for roe deer 

impact is likely to have doubled in pole stage and pre-fell stands, and increased 

significantly in pre-thicket stages, while in restock stages, impact of roe deer herbivory 

is likely to have declined by almost an order of magnitude. Total impact is likely to 

have been similar in March compared to January except where impact likely increased 

in pre-thicket stands and decreased dramatically in restock stages. RIP values for 

thicket and pre-fell stages were over 5, indicating that likely significant invader 

impacts persisted, despite a decrease in RIP from January 2005, and little change in 

impact potential.  
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Impacts of other native and invasive deer on coniferous forest growth stages can 

also be predicted in addition to roe and muntjac, if the species are sympatric in a 

specific location. In Thetford forest, the native red deer is also present but at very low 

densities (<5km-2; Wäber, 2010), equivalent to the threshold deer density suggested 

for commercial forestry (Putman et al., 2011). Although the red deer is significantly 

larger and has a greater intake rate than both roe and muntjac deer (by a factor of 2.9 

and 4.9 respectively – Appendix 2), these smaller species occur in Thetford at much 

higher densities (28.2 km-2 and 64.0 km-2 respectively; Hemami et al., 2005), high 

enough to outweigh the greater intake of the larger red deer, and thus likely exert 

greater impact on plant communities.  

In areas occupied by both sika and red deer, such as in the Scottish highlands, 

densities of sika can be high compared to red deer. This, combined with a high intake 

rate, means impact potential of sika deer may be markedly higher than the larger native 

species. Based on figures from Scotland, sika deer may have an impact potential twice 

that of red deer in restock stands, almost four times higher in thicket stands, and in pre-

thicket stage forest impact potential may be an order of magnitude higher (Figure 30).  

If muntjac continue spreading across the landscape and reach upland coniferous 

plantations, there is potential for muntjac, roe, sika and red deer ranges to overlap, and 

possibly for them to be present in the same forest. In such a scenario, the invasive 

muntjac and sika deer combined could have a higher impact potential in pre-thicket, 

thicket and pre-fell stages, but in restock stages, their impact is likely to be less than 

that of natives.  
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Figure 30: Impact potential of deer in various coniferous forest growth stages, with impact 

potential of roe and red deer summed to give native, and the same for muntjac and sika for 

invader. Total impact potential is the addition of all species together.  

 

Discussion 

Employing the RIP metric in this study demonstrates that in almost all contexts 

introduced deer species have a greater impact potential on forest vegetation than native 

deer. This supports growing evidence of invader ecological impacts being often 

considerably greater than those of comparative native species across diverse taxa (Dick 

et al., 2017).  

In the first case study, two different proxies for functional response, absolute 

intake rate and metabolic intake rate were used to predict impacts from several species 

of deer found in the British Isles. According to both intake rates, introduced species 

were predicted to have the highest impact. When using the metabolic intake rate, to 

account for size differences and thus compare species “pound-for-pound”, introduced 

muntjac were predicted to have the greatest impact, despite having the lowest absolute 

intake rates. Combined with high densities attained in introduced ranges, muntjac were 
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predicted to exert significantly higher impacts than both native deer species. This 

demonstrates the importance of taking account of body size, as significant impacts 

might otherwise have been concealed by only using absolute intake rates.  

Small animals should have a greater metabolic intake than larger animals to meet 

metabolic demands (Weckerly, 2013), but this was not apparent in this study as the 

smallest species had a lower metabolic intake than three larger species. This could be 

the result of using only a single estimate of muntjac intake, signifying a clear need for 

better estimates of intake and density of invading species in order to improve impact 

predictions and assessments. If muntjac do have a higher metabolic intake rate than 

used in this study, then impacts on native communities could be even greater than 

predicted here.  

Unfortunately, accurately assessing herbivory rates of wild deer on natural 

forage is a more complicated process than calculating FRs of small organisms that can 

be readily observed in a laboratory setting as achieved in previous studies (see Dick et 

al., 2013), but this has been done for deer in North America (White et al., 2003; Faison 

et al., 2016). It was not feasible to replicate these studies, and thus estimates of intake 

rate were extracted from the literature, despite the numerous variables (including 

experimental conditions, time of year, and subspecies, ages and diets of deer) that were 

inconsistent between studies and which may greatly alter intake rates. Furthermore, 

the well-known difficulty in estimating population sizes of wild deer, especially in 

forested habitats (Gill et al., 1997; Fuller & Gill, 2001), means a good understanding 

of deer populations throughout Britain is lacking and estimates of density are often 

outdated. Clearly, there is great need for more relevant and reliable estimates of intake 

and up-to-date density estimates for all deer species across different habitat types 

within Britain to better predict impact.  
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An important assumption that was made in this study was that impact scaled 

linearly with intake, such that as intake increased, impact also increased. It is possible 

that specific interactions (e.g. interference, aggression, synergy) between individuals 

may cause intake to be density-dependent, as has been demonstrated for the amphipod 

Echinogammarus berilloni (Medoc et al., 2013), and African hunting dogs Lycaon 

pictus (Creel & Creel, 1995). As it was not possible to measure such effects in this 

study, and as density-dependence on intakes rates appear not to have been studied in 

deer, future research is needed to establish if such interactions exist. 

The second case study predicted the impacts of the invasive muntjac deer under 

different invasion scenarios within Thetford forest, the only location in the UK where 

muntjac and roe deer have been sympatric for a number of years. They have been 

studied together for only a part of this period, therefore there are substantial gaps in 

knowledge of muntjac and roe interactions, not only within this forest but across their 

shared range. In the context of Thetford, knowledge of their abundance across the 

whole forest and over the entire period of their presence was lacking, making it 

difficult to understand the likely impacts of each species over time as population 

dynamics changed. However, for specific points in time, such as in 2002 when muntjac 

abundance was known to be double that of roe, it is clear that invader potential impacts 

at this time would have been significantly higher than that of the native.   

It is interesting to note that in the second scenario, despite a 50% reduction in 

the population of the native roe deer, as observed in Thetford forest from 2002-2010, 

the total impact potential only declined marginally. This was due to the higher 

proportion of muntjac, demonstrating that when intake rates are similar, the most 

effective approach to reducing the ecological impact on a system is to focus on 

controlling the invasive species, which may often occur at higher densities.  
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In other RIP studies, native species populations are typically stable, whereas in 

this study roe deer had only been reintroduced to the study location relatively recently, 

and were still increasing in number when muntjac were introduced. Thus, total impact 

on forest vegetation is likely to have been lower than would have been observed had 

roe deer been fully established for longer in Thetford. It is possible that with fewer roe 

deer initially, muntjac experienced less competition and were able to establish and 

reach higher densities more quickly, thus causing ecological impacts to occur sooner. 

Furthermore, other native species have been replaced by ecologically damaging 

invaders, such as the native freshwater shrimp Gammarus duebeni celticus by its 

invasive analogue Gammarus pulex (Dick et al., 2017). Roe deer however, are unlikely 

to be totally replaced by muntjac, because despite competition with the latter, they can 

coexist in forests with a diverse mosaic of different aged plantings as they are probably 

better adapted to the early stages of a forest cycle (Forde, 1989). Therefore, once 

muntjac arrive in a woodland, total impact on forest vegetation will inevitably increase, 

and may then decrease if numbers of the native decline naturally as a result of 

competition, but impact potential is highly unlikely to return to baseline (pre-invasion) 

levels.  

In previously studied systems, populations of natives and invaders have changed 

organically and to an extent proportional to the strength of their interactions, with 

ecological impact following the pattern of natural population change. However, deer 

in the British Isles have no natural predators and their numbers are controlled by 

human intervention to mitigate damage to ecological and economic interests. In such 

an artificial environment where population sizes are largely dictated by land use needs 

and culling effort, impact may also be governed by population management. Thus, 

culling can be targeted to areas with a high risk of serious impact, such as woodlands 
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of conservation concern, areas of restock forest where tree seedlings may be heavily 

browsed, or even agricultural areas where impact will be on economically important 

vegetation.   

In the final case study, variation in deer densities between growth stages of 

coniferous forest led to predictions of varying levels of potential impact, with the 

higher densities suggesting greater potential impact. Previous studies have found that 

there is substantial habitat and resource use overlap between muntjac and roe deer 

(Chapman et al., 1993; Hemami et al., 2004), for example bramble is a key resource 

for both species (Harding, 1986; Forde, 1989) and both aggregate on it in winter 

(Hemami et al., 2004). Forde (1989) suggested that vegetation quality, particularly 

bramble, may have reduced due to browsing pressure in areas of high muntjac density 

and more recently, vegetation surveys across the forest have shown extensive 

herbivore pressure on bramble, such that it is highly depleted in some management 

blocks, and across all growth stages (Hemami, 2003). In pre-fell stands, where muntjac 

densities were highest, bramble cover could be further reduced. 

Due to similar habitat and dietary requirements, muntjac may impact roe deer 

through inter-specific competition (Chapman et al., 1993; Hemami et al., 2004). In 

areas of high muntjac density, roe deer density may be suppressed (Forde, 1989), 

individuals may change their pattern of habitat utilisation (Chapman et al., 1993), and 

may select a lower quality diet in winter resulting in a low combined dietary overlap 

(Forde, 1989). While this may relax browsing pressure on heavily exploited shared 

forage resources, roe deer may shift resource use and consume other vegetation, 

increasing impact on these species. Roe deer also feed more readily in open habitats 

(Putman, 1986), and are particularly important for maintaining open conditions in 

early successional habitats (Dolman & Wäber, 2008). Herbivory in young stands 
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benefits biodiversity, but roe and muntjac deer are likely to have different impacts in 

this regard (Dolman & Wäber, 2008). Muntjac are also poorer seed disperses compared 

to the native roe deer (Eycott et al., 2007), which although does not have immediate 

herbivory impacts on vegetation, may disrupt future plant spatial dynamics and 

regional species persistence (Dolman & Wäber, 2008). 

Deer potential impact on growth stages across the whole of Thetford forest 

provided here represents only a snapshot of a continuum of potential impact over time. 

However, surveys from the same management block for two separate months revealed 

substantial changes in deer density within growth stages, providing a better 

understanding of impacts at a finer spatial and temporal scale. Future studies within 

the same study location and over longer periods of time will further improve our 

understanding of potential impacts and are warranted as invasive deer continue to exert 

a greater influence over native deer and flora.   

In conclusion, this study used impact potential, RIP and RTIP to predict the 

impact of invasive deer in Britain. In almost all cases, introduced deer were predicted 

to produce more substantial impacts than natives because they generally attain higher 

densities and have greater intake rates. Improved management of all deer species is 

required to mitigate the rising impacts on native vegetation, and a focus on invasive 

species is likely to be the most effective tool in this respect. Areas recently invaded by 

non-native species, such as Ireland which has seen the recent introduction of muntjac 

(Carden et al., 2011; Dick et al., 2010), demand immediate attention as currently small 

impacts from rare but rapidly spreading species may become much larger in future 

(Jeschke et al., 2014). 
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Chapter 6: General Discussion 

This thesis has examined aspects of the ecology, impacts and management of 

native and invasive deer in the British Isles. It appears to be the first study to 

empirically test the efficacy of several attractants on deer species found in the British 

Isles, and suggests the most effective of these could be used to improve deer 

management. A potential deer repellent, wolf faeces, was investigated by analysing 

how deer respond to the odours of a predator that has been absent from the landscape 

for over two centuries. A particular focus of this thesis has been to study invasive 

species, including the muntjac deer which has recently been introduced to Ireland. In 

this study, an invasive Species Distribution Model combined with Least Cost Path 

Analysis was used to predict the future range and population size of muntjac if they 

are permitted to fully colonise the island of Ireland, and assess the time this might take. 

An additional aim has been to predict and assess the extent of impacts that non-native 

introduced deer species may have on vegetation communities, by applying a range of 

newly developed predictive tools.  

Deer attractants 

Deer populations, globally and in the British Isles, are growing and spreading, 

bringing increased pressure to bear on ecological systems, as well as negatively 

impacting human interests including forestry, agriculture, and transportation 

(Apollonio et al., 2010; Côté et al., 2014). Deer management, principally culling, is 

crucial to controlling deer numbers and thus protecting ecosystems and aspects of 

economic concern. However, there is much scope for the development of other 

methods of management to be used in addition to culling, which are rarely used and 

are certainly understudied. This thesis explores two such approaches, namely the use 
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of attractants and repellents. The use of attractants could potentially improve 

management by helping managers meet harvest goals (Jacobson et al., 2011), and also 

draw deer away from residential areas (Bowman, 2011) into locations where they can 

be culled more easily, safely and humanely. This may be especially important for 

muntjac deer which are easily able to live in urban areas where shooting safety is 

imperative. As muntjac are likely to continue spreading within Great Britain (Ward 

2005; Palmer, 2014) and are predicted to colonise most of Ireland (Chapter 4), urban 

areas will assuredly become more populated. Other means of controlling muntjac, 

particularly in residential areas where shooting may not be feasible, may need to be 

investigated, and the use of attractants in this respect could prove essential.  

Previous studies have tested the efficacy of attractants on deer in North 

America, as well as investigated how their use contributes to improved hunting 

success, however the latter has produced mixed results (Milner et al., 2014). 

Equivalent research on attractants is lacking for deer species found in the British Isles, 

therefore this study is an important first attempt to begin generating knowledge in this 

area. Deer also appear to be generally increasing in number across their entire global 

range (Côté et al., 2004), thus effective attractants could become important tools for 

deer managers struggling to control deer populations in numerous countries. Therefore 

further research is required, in both Britain and in other countries with deer 

populations, to reveal how attractants actually affect culling success. 

Importantly, this study demonstrated the efficacy of apples in attracting deer, 

providing an indication that this attractant could potentially be used as a management 

tool. However, the study only tested attractants on two species of deer and in one 

habitat type over a single period of four months. Therefore, future studies should 

address these limitations by testing these attractants with additional species, in 
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different habitat types, and over longer periods, in order to improve understanding of 

the potential of these attractants as management tools.  

Furthermore, only four attractants were tested representing a tiny fraction of the 

putative attractants available. Thus, exploring additional attractants may reveal some 

that are equally effective as apples, or indeed more so, and can be added to the arsenal 

of the deer manager. Clearly, there is ample opportunity to develop our understanding 

of how attractants affect the behaviour of deer in Britain and further afield.  

Of particular concern for deer management are invasive species such as muntjac 

which are spreading rapidly (Ward, 2005), increasingly into urban areas (Rotherham 

& Derbyshire, 2012), and whose ecological and economic impacts can be severe 

(Cooke & Farrell, 2001; Cooke, 2004, 2006; Langbein, 2007; Ward & Lees, 2011). 

Where muntjac have established, and attained particularly high densities such as in 

Eastern England, there is now a need for much greater population control, and thus an 

effective attractant could potentially aid this situation by reducing culling effort and 

costs. There is some indication that apples are attractive to muntjac (E. Fadaei, pers. 

obvs), and future studies should empirically test their efficacy. If this attractant does 

work reliably for this invader, the possibility of improved management in the future is 

greatly anticipated. Those responsible for deer management in Ireland should 

experiment with this attractant, but also use any other means in order to halt the 

invasion of muntjac on this island. 

In addition to potentially aiding culling efforts, attractants could also be used in 

a number of other contexts, for example, in research work (Donohue et al., 2013). 

Attractants could be used in presence/absence surveys by potentially increasing 

detection probabilities of elusive species, improve estimation of deer abundance 
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through use of camera traps (DeYoung, 2011), and aid assessment of sex and age ratios 

required for effective population management (Koerth & Kroll, 2000). Attractants may 

also be used to help deliver medication and oral vaccines (Cross et al., 2007; Pound et 

al., 2009), and apply pesticides to control ticks (Grear et al., 2014).  

However, attractants may not be universally effective in every situation, 

therefore further research will help to build a more comprehensive picture of how and 

when attractants work in various contexts. In such cases where attractants may be 

unsuccessful, other deer management techniques, for example the use of repellents 

could provide other benefits. In Chapter 3, two potential repellents were explored.  

Deer repellents 

Deer repellents are another potential management tool, and in this study they 

were investigated to see whether they could deter deer from a treated area. Repellents 

that can successfully achieve this could potentially deter deer from woodlands and 

areas of conservation concern and thus reduce the impacts of deer foraging and 

damage, or deter deer from entering roads where they are likely to cause road traffic 

accidents. Numerous substances have previously been tested as ‘contact repellents’, 

which are placed on food sources and deter deer from browsing. However, few 

repellents have been tested as ‘area repellents’ to deter deer from entering entire areas.  

Predator olfactory cues often provoke strong prey responses across diverse taxa 

in both terrestrial and aquatic systems (Chivers & Smith, 1998; Apfelbach et al., 2005; 

Ferrari et al., 2010), and avoidance behaviour is a typical response (Kats & Dill, 1998; 

Osada et al., 2014). Therefore faeces of the grey wolf (Canis lupus), the natural co-

evolved predator of deer native to the British Isles as well as introduced fallow and 

sika deer, was tested for its effectiveness in deterring deer from treatment areas.  
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My main objective to was to examine whether behavioural trade-offs occurred, 

primarily between vigilance and foraging, as has been observed for red deer in the 

Białowieża Primeval Forest (Poland) where wolves maintain a predation threat 

(Kuijper et al., 2014). In general, wolf faeces appear to be a poor deterrent to deer in 

Ireland. The faeces did not alter the rate, duration, or latency of deer visits, and there 

was no evidence of behavioural trade-offs, particularly where foraging was sacrificed 

in favour of increased vigilance. Faeces did modify deer behaviour, but surprisingly, 

rather than repelling deer, the faeces elicited increased investigation compared to 

control and cattle plots. There are numerous explanations for these results, and further 

studies are needed to explore these possibilities in greater detail.  

 Perhaps the odour source was not fresh enough to signal predator presence and 

thus greater predation risk, which is possible given that the faeces were likely to be at 

least several days old before being collected and received. This was an inherent 

limitation of the study as the captive wolves were being kept in locations distant from 

the field sites and fresher faeces could not be acquired. Without the presence of 

predators in the area to validate odours, the presence of faeces alone may have been 

insufficient to cause greater vigilance in deer.  

Alternatively, odours may have been recognized and responded to 

physiologically without behavioural manifestation and thus without detection. This 

possibility also warrants further study as neural and endocrine effects of predator 

odours have been observed in rodents (Apfelbach et al., 2005; Ferrero et al., 2011) and 

in aquatic taxa (Mitchell et al., 2017), but remain understudied in ungulates. Future 

studies are needed to determine how deer respond physiologically to predator odours, 

which could be accomplished by quantifying stress hormones, for example through 
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measuring corticosteroid levels in the faeces of wild deer (Millspaugh & Washburn, 

2004). Another area requiring further study is establishing how physiological 

responses relate to behavioural changes (Apfelbach et al., 2005). 

Deer may have lost sensitivity to wolf odours over the two centuries during 

which they have been without predation. Other studies investigating deer responses to 

predator odours have conversely found that deer in North America and Japan still 

reacted with aversion and fear to wolf odours, despite wolves having been absent from 

the landscape for a century (Chamaillé‑Jammes et al., 2014; Osada et al., 2014). A 

notable difference is that deer in these locations have been sympatric with other 

potential predators – the black bear (Ursus americanus) in North America (Chamaillé

‑Jammes et al., 2014) and Ussuri brown bear (Ursus arctos lasiotus) in Japan 

(Kobayashi et al., 2012) – for the duration of the wolf absence, while deer in the British 

Isles have been without predation for 200 years. The potential loss of anti-predator 

behaviour in deer in Ireland appears to be consistent with the multi-predator hypothesis 

(Blumstein, 2006) which predicts that presence of a single predator may be sufficient 

to explain persistence of antipredator behaviour, while isolation from predators may 

lead to a rapid loss of antipredator behaviour (Blumstein et al., 2004). Additional 

research on various deer populations in Great Britain may help to confirm this theory.  

One area of research that can be advanced is the effect of diet on the potential 

for faeces to act as a repellent. Diet impacts faecal odour (Le et al., 2005), and the 

effect of predator diets on prey responses to odours has been investigated for both 

terrestrial and aquatic prey (Nolte et al., 1994; Jermacz et al., 2017; Mitchell et al., 

2017; Beattie, 2018), but no studies appear to have focussed on how specific meats in 

carnivore diets affect the efficacy of faeces as a repellent. Therefore, further research 
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should explore the effects of diet, as well as the source of odour (fur, faeces, urine), on 

the repellency of predator odours on ungulates. 

This research indicates that wolf faeces is an ineffective deer repellent under 

the conditions tested, and that recreating a ‘landscape of fear’ using wolf faeces is 

unlikely without predators present in the landscape itself to validate the odours 

through predation. However, for countries considering or implementing wolf 

reintroductions that have had other species of potential deer predators while wolves 

have been absent, the use of wolf faeces may have significant non-lethal effects on 

deer, and could potentially be used effectively as repellents. In the British Isles, other 

forms of repellents may prove more successful in altering deer behaviour, and further 

research should continue to investigate other potential repellents in order to find 

alternatives that may be used to aid deer management.  

Modelling invasive muntjac deer 

Invasive species are now well recognised as one of the most important drivers 

of biodiversity loss and species extinction (Pejchar & Mooney, 2009; Simberloff et 

al., 2013), with numerous other ecological and economic impacts (Simberloff et al. 

2005). Improving our understanding of invasive species’ impacts is critical to informed 

decision making, effective management and impact mitigation (Vanderhoeven et al. 

2017). Addressing invasions early on is key to avoiding economically and 

environmentally costly management procedures (Hulme, 2009), and ecological 

modelling is one tool that can be used to evaluate potential management strategies 

(Samson et al., 2017). Predicting the arrival, spread and future distribution of invasive 

species in a novel environment, a priori, is technically challenging, but rewarding, if 

effective management plans are developed and implemented. 
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This study is the first to predict the likely colonisation process and spatial 

dispersal of the highly invasive muntjac deer in Ireland, where this species has recently 

established. An invasive Species Distribution Model (iSDM) was developed and 

paired with Least Cost Path Analysis (LCPA), to estimate the time frame for full 

colonisation of Ireland and the eventual likely population size. However, both of these 

figures are likely under-estimations. The Least Cost Path Analysis was based on an 

estimate of range expansion rate of 2.5 km/year (Harding, 1986), but this figure itself 

appears to be based on the assumption that all muntjac occurrences were the result of 

natural dispersal (Chapman et al., 1994). Muntjac range expansion has clearly been 

supplemented by human-mediated dispersal (Smith-Jones, 2004), therefore the figure 

used is likely to underestimate the time to full colonisation, given that muntjac are 

likely being released from new locations.  

The LCPA in this study also used only 4 source locations based on confirmed 

detections of free-ranging muntjac, yet there are many reports of muntjac throughout 

Ireland indicating likely presence, suggesting that muntjac invasion may be more 

accelerated than predicted. This study also predicted that once fully colonised, Ireland 

could be inhabited by a total population of ca. 98,000 individual deer. This too may be 

an underestimate, as muntjac densities can easily exceed the 22.9 deer/km2 used in this 

study, and the estimate does not incorporate other habitat types used by muntjac, but 

for which density estimates are lacking. 

The dual use of an iSDM and LCPA allowed landscape suitability and 

permeability, and likely dispersal routes, to be predicted for a species that has begun 

to establish in a new area, providing a means for targeting important sites and habitats 

for early intervention. Importantly, the method used in this study overcame notable 

challenges of modelling invasive species, namely concerning overdispersion and non-
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equilibrium. This approach was effective for a species that continues to invade, and 

future modelling of other invasive organisms using a similar methodology may greatly 

aid conservation efforts through generating knowledge of locations, ecotopes, and 

invasion pathways that are susceptible to invasion and can be targeted for management 

purposes. 

Muntjac are a highly successful invasive species, and are now unlikely to be 

eradicated from Great Britain given the extent of their invasion, and the lack of a 

centralised body that could coordinate such a task. Immediate action is recommended 

if muntjac are to be eradicated from Ireland during this early stage of inoculation, and 

prevented from causing significant and widespread ecological damage. Unfortunately, 

there are several challenges reducing the likelihood of successful eradication. Firstly, 

despite EU and national legislation that prohibits the release of invasive species into 

the wild, human-mediated dispersal of muntjac (Smith-Jones, 2004; Rotherham & 

Derbyshire, 2012) is enabling this species to continue spreading rapidly throughout 

Great Britain at approximately 11.6% per annum (Ward et al., 2008). Recent releases 

in Ireland indicate that a similar challenge will be faced there also.  

Furthermore, the response to invasive species in the UK has generally been 

reactive rather than proactive (Manchester & Bullock, 2000), meaning that typically 

action is taken only after a species has started to cause damage. In the case of muntjac, 

damage may only become apparent after substantial numbers have accumulated, at 

which point the likelihood of effective action and eradication is greatly reduced. 

Although recent national policy has made a shift towards a more proactive, 

preventative approach to tackling invasive species, as outlined in the Great Britain 

Invasive Non-Native Species Strategy (APHA, 2015), long-term management will still 
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be needed to manage the impacts of the ca. 2000 invasive species that have already 

arrived and established in the UK.  

Four main types of long-term management are identified in the Strategy: large 

scale eradication, containment, control, and mitigation, but there are also many 

instances in which it is not appropriate or feasible to take any action (APHA, 2015). 

Large-scale eradications of vertebrates, such as the coypu (Myocastor coypus) and 

muskrat (Ondatra zibethicus) have been successful, and recent efforts to eradicate the 

ruddy duck (Oxyura jamaicensis) and American mink (Neovison vison) are nearing 

completion. The eradication of muntjac from Great Britain is also probably technically 

feasible, but such an effort would require huge investment and prioritisation over the 

control of other species. Currently, the resources to deal with every invader is lacking, 

thus the UK government is directly supporting the management of only about 20 

species, representing around 10% of the most invasive species (APHA, 2015). Muntjac 

are not one of these priority species, therefore they are likely to remain in the 

environment indefinitely. In this context, the use of attractants and repellents will be 

particularly valuable as management tools to aid localised control and impact 

mitigation. For the island of Ireland, where muntjac are only just beginning to 

establish, successful eradication will depend on whether the responsible authorities act 

in time.  

Assessing impacts of native and invasive deer 

In this study, the Relative Impact Potential (RIP) and newly derived Relative 

Total Impact Potential (RTIP) metrics were used to assess the impacts of invasive and 

native deer in Britain, the first time these tools have been used for terrestrial 

vertebrates. As populations of native and invasive deer increase in number and spread 
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to new areas and habitats, the need for advancing our understanding of the likely 

impacts that deer will have on native vegetation and animal communities is evident.  

Other studies have qualitatively described various impacts of invasive deer 

(Dolman & Wäber, 2008; Chollet et al., 2015), however, this study is the first attempt 

to quantify the impacts of invasive deer by comparison to native species. This approach 

easily differentiates the contributions of native and invasive species to overall potential 

ecological impact, provides a mechanistic understanding of why invaders have their 

degree of impact, and highlights the significance of species introductions.  

However, the study was limited in several ways, firstly because it relied on intake 

rates for deer species taken from the literature. Unfortunately, numerous variables (e.g. 

diet, location and length of study, age of animals etc.) were inconsistent between 

studies, thus affecting the reliability of the intake figures used. Future impact 

predictions of vertebrates would benefit from more consistent estimates of intake, 

ideally being derived experimentally. Additionally, more complete and accurate 

abundance data for deer in Thetford forest, and more complete density data for the 

multiple species comparisons would have greatly aided this study by making impact 

predictions more accurate, and providing a more accurate picture of the relative 

impacts of invasive versus native species. 

As intake rates and deer densities change dynamically, over the course of a day, 

season and year, predicted impacts will similarly change over time. Study of focal 

organisms over these time scales will enhance our understanding of the ecological 

impacts of invaders and natives, and promote more effective species management. For 

example, in the case of Thetford Forest, an understanding of the relative impacts from 

roe and muntjac deer in different seasons may encourage deer managers to alter the 
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culling intensity of each species, depending on current densities and management 

objectives, and to concentrate on particular areas over others. Although this research 

has shown that concentrating on managing the introduced non-native species will 

likely be more effective in mitigating ecological impacts on plant communities, the 

picture is more complex and management should be dynamic, and based on local 

conditions, habitat types, and deer abundance and/or density. 

In conclusion, the RIP metric is a simple yet powerful tool which can be applied 

to species of diverse taxa to predict invader impacts (Dick et al., 2017), and its 

application to deer species in this study has attested to this. The related RTIP metric 

complements the RIP by accounting for changing impacts over time, which many 

invasive species studies have neglected (Strayer et al., 2006), eliciting insights 

regarding the long-term impacts of invasive species otherwise missed by species 

comparisons taken at only single snapshots in time.  

Management recommendations 

In recent years, global deer populations have increased dramatically (Côté et al., 

2004), and in Britain also, both native and invasive species are increasing in number 

and range (Ward, 2005; Mathews et al., 2018). Ecological and economic impacts of 

growing populations can be severe, and effective management is urgently needed to 

control population growth, and to conserve impacted habitats. Invasive non-native 

deer species are of particular concern, given they generally exert a greater ecological 

impact than natives (Dolman & Wäber et al., 2008), cause additional economic 

damage (Williams et al., 2010), and pose additional risk to human health (Côté et al., 

2004; Böhm et al., 2007). Therefore, efforts should concentrate on managing these 
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species where they are sympatric with natives, but also on native deer in areas where 

their density has detrimental ecological impacts.  

A particular issue in the UK and Ireland is the lack of a central organisation 

principally responsible for deer management (Putman, 2011). This means that deer are 

managed, if at all, by land owners based on their own land use objectives and attitudes 

toward deer. If unsupported by a sound knowledge of deer numbers and productivity, 

culling may be insufficient to prevent net population growth. Thus, even where deer 

density remains stable locally, deer may emigrate into the wider landscape and 

contribute to range expansion (Wäber et al., 2013). As deer ranges often extend across 

multiple land ownerships, current deer management at a local scale is unable to 

effectively control deer numbers in the wider landscape..  

Management of deer should therefore be based on a landscape-scale approach to 

culling (Wäber et al., 2013), and begin to incorporate additional tools, such as the use 

of attractants and repellents. Furthermore, deer management efforts must also 

concentrate on invasive species, particularly in areas recently colonised by invaders, 

such as muntjac in Ireland, before populations become established and ineradicable. 

This demands ongoing monitoring to detect deer, rapid response to contain and control 

spread, and potential eradication of species with well-known negative impacts. 
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Appendices 

Appendix 1 

All muntjac sightings in Ireland used to build the iSDM.   

Location County Grid Reference Date 
Abundance 

description 
Sex 

Veracity 

score 

Tullyratty Down J 56100 48800  01/01/1990 Several Both 7 

Ballyrolly Down J 60195 74496 01/01/1993 1 Unknown 5 

West side river near Coney Island Armagh H 93500 62500 01/01/2000 12 Unknown 1 

Near Mount Stewart Down J 54800 70100 01/01/2000 1 Male 5 

Florence Court Fermanagh H 15800 34200 01/01/2005 Several Unknown 6 

Scrabo Hill Down J 47500 72300 01/01/2005 1 Male 5 

Scrabo Golf Club Down J 47500 72300 01/01/2005 1 Unknown 4 

Coolyermer Lough Fermanagh H 17900 43100 19/09/2005 Several Unknown 5 

Coney Island, Lurgan Armagh J 04944 61383 01/01/2006 Several Male 6 

Tullywood, Lower Lough Erne Fermanagh H 12500 56700 01/01/2007 1 Unknown 4 

Spring Lane Down J 57300 69300 01/01/2008 1 Unknown 4 

Trooperstown, near Laragh Wicklow T 177958 31/05/2008 1 Unknown 7 

Avoca/ Aughrim Wicklow T 202801 01/06/2008 1 Unknown 10 

South Lough Neagh Armagh J 05000 61000 01/01/2009 4 Unknown 6 

Belleek Forest Fermanagh G 94900 60100 01/01/2009   Unknown 1 

Foymore Bog Armagh H 97600 58600 01/04/2009 Several Unknown 6 

Mount Stewart Down J 56500 70400 01/05/2009 1 Unknown 4 

Carrowdore Primary School Down J 58400 72800 04/05/2009 2 Unknown 6 
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Springlane Down J 56800 69600 25/05/2009 1 Unknown 8 

Dual Carridgeway (A20) Down J 46000 73800 01/06/2009 1 Unknown 5 

Killaughey road area Down J 55500 73400 01/06/2009 2 Unknown 5 

Woburn Road Down J 58500 73400 02/06/2009 1 Unknown 5 

Killaughey Road Down J 55400 76400 03/06/2009 1 Male 10 

Mount Stewart Down J 54900 70600 30/06/2009 1 Unknown 5 

Glenavy area Antrim J 16000 73000 01/07/2009 4 Unknown 1 

Greystone Road Down J 61800 71300 01/07/2009 1 Unknown 3 

Mount Stewart Down J 55500 70200 18/09/2009 1 Unknown 5 

Near Ballycarry Antrim J 43000 94500 01/11/2009 1 Unknown 5 

Woburn Road Down J 58500 73400 25/11/2009 1 Unknown 5 

Off Deerpark road, near Toome Antrim H 95800 92800 11/12/2009 Several Unknown 7 

Ballycarry Antrim J 44800 92800 11/12/2009 2 Unknown 7 

New Road, Carrowdore Down J 60600 71400 01/01/2010 Unknown Unknown 5 

Minnowburn Antrim J 32500 68500 01/01/2010 1 Unknown 4 

Mount Stewart Down J 55100 70700 18/02/2010 1 Unknown 5 

Mount Stewart Down J 55300 70300 25/02/2010 1 Unknown 4 

Mount Stewart Down J 54900 70600 25/02/2010 1 Unknown 4 

Six road ends Down J 52900 78200 01/04/2010 1 Unknown 5 

Temple Woods, Mount Stewart Down J 55800 69300 08/05/2010 1 Unknown 4 

White stag area, Mount Stewart Down J 55400 70200 11/05/2010 Unknown Unknown 2 

Temple Woods, Mount Stewart Down J 56400 68900 15/05/2010 1 Unknown 5 

Mount Stewart Down J 55000 70500 20/5/2010 Unknown Unknown 2 

Temple Woods, Mount Stewart Down J 55800 69300 02/08/2010 1 Unknown 6 

Salter's Grange Road Armagh H 88200 49700 01/10/2010 1 Unknown 7 

Giants Ring Antrim J 32800 67800 01/01/2011 1 Unknown 1 
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Roselawn Cemetery Down J 38500 69900 01/01/2011 1 Unknown 4 

Helen's Tower, Clandeboye estate Down J 48965 77395 03/01/2011 1 Male 5 

Carrowdore Road Down J 57385 68585 01/05/2011 1 Unknown 5 

Ballyhaft road Down J52758 72484 01/06/2011 1 Unknown 5 

Mount Stewart Down J54590 70780 11/06/2011 1 Male 10 

Garryhesta, near Ovens Cork W 517696 11/08/2011 1 Male 7 

Craigs wood Antrim D 00000 14000 25/09/2011 1 Unknown 4 

Whitespots wood/ Clandeboye 

estate 
Down J 49000 76000 01/10/2011 Several Female 6 

Rathgael Road, near Clandeboye Down J 48250 80031 01/01/2012 2 Unknown 6 

Rademan Down J 44000 52000 01/01/2012 2 Male 6 

Ballyhaft road Down J 52758 72484 02/02/2012 1 Unknown 5 

Ulster Hospital, Dundonald Down J 41478 74636 01/06/2012 1 Unknown 5 

Mount Stewart Down J 55400 69700 22/11/2012 1 Female 8 

Mount Stewart Down J 56500 69000 23/11/2012 1 Unknown 5 

Mount Stewart Down J 54700 70300 24/11/2012 1 Unknown 5 

Mount Stewart Down J 56400 69000 27/11/2012 1 Unknown 5 

Mount Stewart Down J 56400 68800 27/11/2012 1 Female 5 

Mount Stewart Down J 55400 70300 01/12/2012 Unknown Unknown 5 

Mount Stewart Down J 55100 70000 03/12/2012 1 Unknown 5 

Mount Stewart Down J 55300 70300 19/12/2012 1 Unknown 3 

Annamoe Wicklow O 175002 01/01/2013 1 Unknown 7 

South Greyabbey Down J 58455 66555 01/01/2013 1 Unknown 5 

Mount Stewart Down J 55300 70300 01/01/2013 Unknown Unknown 5 

Ballyrolly Down J 59995 74638 01/01/2013 1 Unknown 5 

Mount Stewart Down J 55500 70300 01/02/2013 Unknown Unknown 5 
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Mount Stewart Down J 55800 70200 01/02/2013 Unknown Unknown 5 

Mount Stewart Down J 55200 70170 19/02/2013 1 Female 10 

Mount Stewart Down J 56278 68740 01/04/2013 Unknown Unknown 2 

Mount Stewart Down J 55158 70642 01/06/2013 1 Unknown 5 

Clandeboye estate Down J 47289 79408 07/08/2013 1 Unknown 5 

Orchard Lane, Newtownards Down J 49418 75468 01/10/2013 Several Unknown 5 

Loughgall Armagh H 91063 51929 01/01/2014 1 Unknown 5 

Entrance to Redburn Country Park Down J 39447 77190 10/01/2014 1 Unknown 4 

Mount Stewart Down J 55433 70167 15/01/2014 1 Unknown 7 

Mount Stewart Down J 54562 70777 01/03/2014 1 Unknown 7 

Mount Stewart Down J 55450 70263  05/03/2014 1 Unknown 8 

Mount Stewart Down J 56406 68673 17/03/2014 1 Unknown 8 

Ballyhaft road Down J 52758 72484 23/06/2014 2 Female 6 

Comber Road/Grahamsbridge 

Road 
Down J 42272 73156 15/09/2014 1 Male 10 

Between Temple cross roads and 

Ballynahinch 
Down J 36407 57635 29/09/2014 1 Unknown 5 

Ballyhaft road Down J 52758 72484 19/11/2014 1 Unknown 3 

Near Coleraine Londonderry C 82375 32279 01/01/2015 1 Unknown 7 

Milltown Wood Antrim J 33758 68338 01/12/2015 2 Male 6 

Askingarron Lower, Courtown Wexford T 208516 27/01/2016 1 Unknown 8 

Saltwater Brig, Portaferry Road Down J 60238 58885 10/03/2016 2 Unknown 5 

28a Carrowdore Road Down J 57530 69983 20/05/2016 Several Both 4 

28a Carrowdore Road Down J 57530 70034 26/05/2016 1 Female 10 

28a Carrowdore Road Down J 57532 70036 30/05/2016 1 Female 10 

133 Manse Road Down J 58424 72846 02/06/2016 1 Unknown 8 
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28a Carrowdore Road Down J  57525 69936 19/06/2016 1 Male 8 

New Road, Carrowdore Down J 58409 72691 09/07/2016 1 Unknown 7 

Between Ballymoney and 

Coleraine 
Londonderry C 87538 30625 18/07/2016 1 Unknown 7 

Castle Archdale forest Fermanagh H 17614 58867 19/07/2016 1 Unknown 5 

Brookeborough Fermanagh H 36120 41442 09/09/2016 1 Unknown 7 

34 Inishargy Road, Kirkubbin Down J 61480 65447 05/10/2016 1 Unknown 5 

AFBI Loughgall Armagh H 91244 52096 23/11/2016 1 Female 8 

Mount Stewart Down J 55655 69643 25/11/2016 1 Male 7 

Mount Stewart Down J 55269 70401 28/12/2016 1 Male 7 

North Slob Wexford T 094264 19/01/2017 1 Male 8 

Mount Stewart Down J 55125 70420 04/04/2017 1 Male 8 

Portaferry Road Down J 56031 68826 07/04/2017 1 Male 10 

Carrowdore Down J 58581 72586 12/04/2017 2 Female 8 

Ard McCool estate, Stranorlar Donegal H 14842 95101 20/05/2017 1 Male 8 

Portavo estate Down J 56114 82281 31/05/2017 1 Male 10 

Carrowdore Down J 58583 72592 07/06/2017 2 Female 8 

Carrowdore Down J 58606 72579 29/07/2017 2 Both 8 

Ballymena/Toomebridge Antrim J 06083 96097 03/11/2017 1 Unknown 5 
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Appendix 2 

Intake rates of five species of deer used to calculate Impact Potential, RIP and RTIP.   

Species 
Intake 

(g/day) 

Intake 

(g/kgW0.7

5/day) 

Diet 
Sample 

size 
Age 

Weight 

(kg) 
Sex Authors 

Fallow 

1390   Lucerne hay and oats 6 "Mature"   M Newman et al., 1992 

1031   Lucerne (60%), oats (40%) 20 2-3y   M Newman et al., 1998 

819   Lucerne, oaten/wheaten, straw 6 10m 26 M Ru et al., 2002 

517 37.5 Control  (55% straw, 45% cereal) 

4 5-8m 31.6 Both Putman, 1980 

549 41.2 
High concentrate (40% straw, 60% 

cereal) 

583 43.7 
Low concentrate (70% straw, 30% 

cereal) 

551 41.3 
Extra low concentrate (75% straw, 25% 

cereal) 

580   
Ryegrass, medics and oats, supplemented 

with barley and lupin 
12 <1y   Both Ru et al., 2003 

  61.3 Soybean meal, maize meal, meadow hay 3 9m 27 M Ramanzin et al., 1997 

Muntjac 
245 (91-

399) 

45.0 

(estimated) 

Mulberry, India-charcoal trema, sweet 

potato, carrot, commercial concentrate 
4 2-5y 7.9-10.8 F Lin et al., 2011 

Red 

2381 73.7 Chaffed lucerne hay 6 "Adult"   M 
Freudenberger et al., 

1994 

1852 69.8 Dried grass pellets 
12 15m 74.5 M Milne et al., 1978 

1444 53.2 Chopped dried grass 
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1313 51.5 Agrostis-Festuca 

1021 36.2 Heather 

1478   Hay 12 4-25y 88 F 
Perez-Barberia & 

Gordon, 1998  

2143   

Turkey oak, Norway maple, horse 

chestnut, European beech, European 

dwarf elder 

1 4y 125 F Papageorgiou, 1978 

2101   
Barley (40%), Bran (23%), Lucerne 

(15%), Soybean (10%) 
8 1-2y 87.5 Both Semiadi et al., 1995 

1914         80.75 M 
P.F. Fennessy and I.D. 

Corson (unpublished)  

1820 54.0 Pelleted barley 6 2.5m 26.2 M Suttie et al., 1983 

1679   
46% barley 35% lucerne, 15% soybean, 

4% minerals & vitaminss 
6 3-15m 64.85 M Suttie et al., 1989 

1051 48.9 Pangola grass hay 
4 >1 year 44-50 M Tomkins et al., 1991 

1366 63.5 Pangola grass hay, Leuceana supplement 

1107   

80% pelleted concentrate (flaked maize, 

grass meal, bran beet pulp ), 20% 

chopped dried grass 

3 "Calves" 35-47 M Simpson, 1976 

  54.6 Lucerne hay 
5 2.5-3y 

94.8-

96.2 M 
Domingue et al. 1991  

  65.3 
55% barley, 35% lucerne and 10% 

linseed 5 6m 49 M Fennessy et al., 1980 

  53.7 Hay 

Roe 
467 61.1 Natural forage 3   15.5   

Drozdz and Osiecki, 

1973  

  35.5 Blueberry stems 3 1.5-3y   Both Holand, 1994 
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  52.8 High quality commercial concentrate 

650 57.0 Natural forage 10     Both Drozdz, 1979 

Sika 

1065   Commercial mixed ration 

3 2y 40.8 F Jeon et al., 2003 1043   Forest by-product silage 

1368   Oak leaf hay 

1200 71.8 Forest by-product silage 
4 2y 44.5 M Moon et al., 2004 

1075 65.4 Corn silage 

2217 73.0 
Concentrate, oak browse, commercial 

mixed roughage 
4 4y 96.5 M Moon et al., 2000 

1386   Concentrate, oak browse 

3   44.3 F Kim et al., 1996 1111   
Concentrate, rye silage (treated with 

formic acid) 

1131   Concentrate, rye silage (untreated) 

1142   Concentrate, oak browse 

4   44 F Kim et al., 1996 
914   Concentrate, maize (Milk stage) 

947   Concentrate, maize (Dough stage) 

954   Concentrate, maize (Yellow stage) 

1694   Alfalfa 
2   57.5 F Oikawa et al., 2011 

681   Timothy hay 

1289 60.9 Fresh hay 5       

Souma et al., 1998 in 

Masuko & Ishijima, 

2001 

983 49.0 Broad-leaved bamboo 4       
Masuko & Ishijima, 

2001 

 


