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“Read this book and you may find more, 

Of what agri-environment schemes are for. 

Protecting the beetles, flies, and bees, 

If you are interested, turn the page please”
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Summary 
 

The intensification of agriculture is driving the reduction in farmland species 

populations, and as the intensification of agriculture has been predicted to potentially 

double by 2050, biodiversity is likely to continue its recent dramatic declines. Recent 

major declines in invertebrate abundance linked to agricultural intensification and 

land-use change have been documented. There has been a widespread lack of 

environmental monitoring and assessment of agri-environment schemes, with a lack 

of evidence supporting clear benefits of agri-environment schemes for invertebrate 

communities.  

 This thesis aimed to investigate the efficacy of agri-environment schemes on 

invertebrate total and functional biodiversity to provide management 

recommendations to enhance invertebrate biodiversity in upland grasslands. The new 

information generated spans grassland ecology, spatial ecology, invertebrate 

functional ecology, food webs, and agricultural management. 

 Upland grassland swards were floristically poor, and were dominated by 

perennial ryegrass, Agri-environment scheme management increased ground-

dwelling invertebrate abundance and richness by 4% and 17%.  Soil microarthropod 

total abundance and species richness were similar between agri-environment scheme 

and conventionally managed grasslands but effects were different in the two most 

dominant taxa, Oribatid mites and Collembolan springtails. Aerial insect functional 

abundance and diversity were mainly driven by landscape scale habitat coverage 

effects rather than agricultural management, though agri-environment scheme 

management had an effect on some functional groups. The remotely-sensed Enhanced 

Vegetation Index (EVI) data suggested agri-environment scheme semi-improved 

grasslands were the least variable in terms of productivity and subsequently the most 

stable grasslands studied. Invertebrate trophic webs were associated with top-down 

control and a higher proportion of predators in conventionally managed fields. Results 

suggest invertebrate web structure may benefit from between agri-environment 

scheme management. Thus agri-environment scheme may provide the delivery of key 

ecosystem services, such as biological control of pests, with the enhancement of 

invertebrate abundance and diversity in upland grasslands.  

 Continued surveillance and monitoring is necessary to establish the impact of 

AESs and how agricultural management impacts invertebrate population temporal 

trends. Increasing the grassland sward diversity, by limiting dominance of perennial 

ryegrass monocultures and incorporating native grasses and herbs, is recommended 

to maximise benefits for multiple invertebrate groups and livestock production 

 Farming is likely to be challenged by ongoing global climate change and the 

frequency and severity of extreme weather events. Perturbations to the upland 

grasslands such as flooding and drought will have consequences for production, 

biodiversity and associated ecosystem services. As such, policy encouraging floristic 

diversity and minimising soil disturbance expanding the extent of semi-improved 

grasslands is needed to result in environmental outcomes for biodiversity. 
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1.1 The Biodiversity Crisis: Agriculture 
 

Almost 40% of the Earth’s land surface is utilised for agriculture (Foley et al., 

2011). The Earth is undergoing a 6th mass extinction event (Barnosky et al., 2011a; 

Ceballos, Ehrlich and Dirzo, 2017), and as the intensification of agriculture has been 

predicted to potentially double by 2050 (Tilman, 1999; Hunter et al., 2017), 

biodiversity is likely to continue its recent dramatic declines.  

World population growth indicates a need to incorporate conservation into 

agricultural practices, to offset declines in biodiversity and the provisioning of 

ecosystem services (Chapin III et al., 2000; Loreau et al., 2001; Butler, Vickery and 

Norris, 2007). Agricultural intensification disrupts food and habitat resources, 

reducing the potential of reproductive success for wildlife. It is estimated that 50% of 

species depend on agricultural habitats within the European Union (Batáry et al., 2015; 

O’Rourke et al., 2020).  

The intensification of agriculture during the second half of the 20th century is 

largely to blame for the reduction in farmland species populations (Kleijn and 

Sutherland, 2003; Raven and Wagner, 2021). Intensification of land drives habitat 

fragmentation and loss, with agricultural management creating perturbations, affecting 

ecological communities in many ways, mostly negatively.  Such events extend but are 

not limited to (Butler, Vickery and Norris, 2007; Macdonald and Feber, 2015): 

Increasing stocking densities, field boundary habitat loss (cutting, trimming of 

hedgerows), simplification of pasture or crop rotations (eliminating fallow land by 

constant sowing), agri-chemical usage and increased mechanisation, and grassland 

drainage and re-seeding (replacing diverse swards and creating homogenous fields). 



Chapter 1 

 

4 
 

Perturbations trigger short and long-term biodiversity loss directly and indirectly (e.g. 

by reducing prey availability). Although some opportunistic species may benefit from 

the sudden loss of competition for resources (e.g. certain species of Collembola as 

reported in Brennan, Fortune and Bolger, (2006), the general reduction in biodiversity 

will compromise functional diversity and subsequent ecosystem services.  

 

1.2 Agri-Environment Schemes 
 

1.2.1 The Common Agricultural Policy and Agri-environment schemes 

 

Before the rapid expansion of the human population, wildlife species had adapted to 

the agricultural management of extensive farming, which is now threatened by the 

urgent need to supply food to an ever-growing population (Kleijn et al., 2006). The 

increased intensification of farming in the post-war era directly decreased the 

abundance of available habitat for farm-dwelling species and thus caused massive 

reductions in biodiversity worldwide (Kleijn and Sutherland, 2003), and biodiversity 

is continuing to decline due to agriculture (Smith et al., 2020).  

Conversely, the traditionally based, extensive farming practices that are seen 

in upland farms have been relatively successful in maintaining levels of biodiversity, 

through reduced pesticides and fertilisers, maintaining a mosaic landscape on which 

livestock stocking densities lower than on intensive farms (Bignal and McCracken, 

2000).  However as semi-natural ecosystems, they may be threatened by land-use 

change through intensification and abandonment, most likely caused by policy 

transformations  (Strohbach et al., 2015).   

 Due to the less productive nature of upland farms, they were described as 

“High Nature Value” (HNV), in the 1990s when it was made apparent that farms with 
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high biodiversity were not economically viable (Strohbach et al., 2015). In 2000, the 

European Union developed the Pillar 2 support of Rural Development within the 

Common Agricultural Policy (CAP), delivering subsidies for conservation efforts 

existing in agricultural practices, in the form of Agri-Environment Schemes (AESs) 

(Strohbach et al., 2015). Such schemes are voluntary, and subsidies are awarded if 

cross-compliance rules are followed. Famers have a choice of Wider and Higher tier 

management options for their farm, in which the former applies to delivering benefits 

to the wider environment outside of sensitive-designated areas and the latter is based 

around strategically improving special environment sites. Farmers also have the option 

of Group management options, requiring group participation to maintain the 

communal environment in good ecological condition e.g. river catchments. Scheme 

management options include general management such as reducing: artificial inputs 

of fertilisers and pesticides, ploughing and reseeding, scrub and bracken control and 

livestock density. Other options include the development of specific structures 

designed to enhance select taxonomic groups for species of conservation concern such 

as: breeding wader sites, pollinator wildflower margins, and lapwing sites.  

 

1.2.2 AES efficacy 

 

EU countries are required by law to implement AESs and employ them nation-

wide (Kleijn et al., 2006). The optional nature of implementing AESs on one’s farm 

leads to further difficulties for biodiversity as in many cases, individual fields are the 

basic unit of implementation and, therefore, connectivity between habitats is reduced, 

as many species, especially mobile taxa, are not protected when dispersing (Kleijn et 

al., 2006). The length of implementation exacerbates the long-term population growth 
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of species as AESs are usually only employed for 5-6 years. Additionally, the time-

lags between management inputs and ecosystem outcomes can also complicate 

monitoring and payment regimes, making them less attractive to farmers (O’Rourke 

et al., 2020).  

There has been a widespread lack of environmental monitoring and assessment 

of agri-environment schemes. Early reports of the effectiveness of European AESs for 

wildlife objectives, such as the Kleijn and Sutherland (2003) review, concluded that 

46% of studies found few or no benefits associated with the relevant scheme More 

recently, Batáry et al., (2015) suggested that AESs had not since improved after 

revision in 2007. Many AES options are successful for some taxa, such as birds, 

however there is little evidence of these successes transferring to other fauna, such as 

invertebrates within the same scheme (Smith et al., 2009). Additionally, set-aside 

elements of farmed landscapes such as hedgerows and field margins were more 

effective in conserving biodiversity than productive areas, such as arable or grass 

fields. With world population growth, set aside areas may not be viable, and therefore 

AESs should concentrate on improving biodiversity within productive regions.  

 

1.2.3 Landscape-scale management  

 

A key aspect to conserving biodiversity is maintaining and increasing 

landscape heterogeneity (Benton, Vickery and Wilson, 2003; Batáry et al., 2020). 

Increasing habitat complexity in the wider landscape can have both positive and 

negative effects on organisms, depending on the level of taxa habitat specialization 

(Krauss, Steffan-dewenter and Tscharntke, 2003). The efficacy of AESs in conserving 

biodiversity can be constrained by landscape composition and it can be difficult to 
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assess AESs applied across landscapes as many studies have performed biodiversity 

assessments on single species (Dallimer et al., 2010). 

Habitat fragmentation affects the ability of grass landscapes to deliver 

ecosystem services that are necessary for grassland production, such as nutrient 

cycling and biomass production (De Keersmaecker et al., 2016). These services are 

likewise affected by the frequency and intensity of perturbations to the environment, 

such as extreme climatic events (Harrison et al., 2014).  The effect of perturbation on 

ecosystem service provisioning may be alleviated with increasing biodiversity in 

farmland (Bengtsson et al., 2003). Agricultural landscapes must be a well-established 

mosaic of habitats and support high biodiversity in order to recover from perturbation 

effects (Tscharntke et al., 2005), as the frequency and magnitude of climate extremes 

is expected to increase (IPCC, 2020).  

 

1.3 Upland farming in Northern Ireland 
 

By percentage of total terrestrial land area, Northern Ireland has the greatest 

coverage of grassland at 96% (1.35 million ha) compared to Republic of Ireland (ROI) 

and Great Britain (GB) with 91% and 71% respectively (Murphy, 2005). Almost 70% 

of the farmed land area in Northern Ireland is in marginal uplands (DAERA, 2017). 

Upland farms are distinguished by poor quality soils, and are normally found between 

150-1,000m above sea level. In these regions, performance of livestock is hindered in 

traits such as litter size, growth rate, carcass quality and reproductive success, even 

with improved genetic breeding (Annett, Carson, Dawson, et al., 2011). Persistence of 

the farming profession is a major concern for upland farmers, as livestock replacement 

rates can exceed 20% per annum (Department of Agriculture and Rural Development 
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for Northern Ireland, 2009), and therefore farming these areas is not as profitable as 

lowland farms (Annett, Carson, Dawson, et al., 2011). 

Upland marginal farms rely on subsidies and environmental protection by AESs where 

land can be botanically species rich, otherwise it may be converted to intensive 

improved pasture. The main habitat types found in upland areas are: improved 

grassland, semi-improved/natural grassland, calcareous and acidic grassland, 

heathland (dominated by dwarf shrubs), bog, swamp and bracken. As sensitive 

ecosystems, under and over-grazing pose threats to upland biodiversity, e.g. 

successional grassland overrides the HNV heather moorland under heavy grazing and 

burning. The reversal of this process caused by under-grazing or abandonment can 

result in invasive species and tree succession (O’Rourke, Kramm and Chisholm, 

2012).  

 

1.3.1 AESs in NI 

 

The Northern Ireland Countryside Management Scheme (NICMS) was the 

predominate regional AES from 2007-2018. Conventional farms outside of the scheme 

are not greatly restricted in terms of nitrate input and additional intensification. 

Approximately 90% of farms stay below the nitrogen limits of 170 kg N per ha per 

year, but they can be farmed above this to a limit of 250 kg N per ha per year (DAERA, 

2018a). Within the NICMS, these limits are decreased to 25 – 100 kg N per ha per 

year, however, improved land within the AES can continue to apply the similar 

amounts of N as those fields not in AES management. This may lead to reduced 

biodiversity on improved fields within AES, even though farmers are required to 
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compensate for this by employing other habitat enhancements e.g. extra hedgerow 

planting.  

In 2007, approximately 40% of farmland (448,000 hectares) was managed 

under an AES in Northern Ireland, compared to 2% of land (66,000 hectares) in 2018 

(Fig.1, (DAERA, 2007b, 2018b).  

 

Figure 1.1 Active agri-environment schemes (in red) in Northern Ireland in a) 2007, 

b) 2018, and c) those active in upland regions (>150m above sea level) in 2018. 

 

As of 2016, 16,919 (37%) hectares of land within AES was improved grassland, 

compared to 3,519 ha (8%) of semi-improved/natural grassland (NI Agri-Environment 

Summary Statistics 2007-2016, DAERA). Since 2019, all NICM scheme contracts 
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ended and the Environmental Farming Scheme (EFS) was introduced in Northern 

Ireland.  

The Rural Development Programme NI 2014 – 2020 outlined the detrimental future 

consequences of the economic gap between farmers in suitable farming habitat and 

those in upland regions, with land abandonment perhaps being the largest concern 

(DAERA, 2015). Loss of financial support will further impact the economic viability 

of farms in the uplands, especially after the United Kingdom exits the European Union. 

 

1.4 Invertebrates 

1.4.1 Conservation status  

 

It has been estimated that invertebrates comprise approximately 80% of all 

described species on Earth (Cardoso et al., 2011), although only 2% of these have been 

evaluated by the IUCN Red List (Fig. 2, IUCN, 2019). Insects (class Insecta) comprise 

the most diverse taxonomic group, with more than one million species described 

(~100,000 in Europe and 20,000 in the UK) (Chinery, 1993), yet the numbers of insects 

deemed critically endangered has increased by more than six times in the last 20 years 

(IUCN, 2012). It is impossible to fully understand terrestrial ecosystem functioning 

without taking into account the role of insects and invertebrates (Barnard, 2011). 
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Figure 1.2 Percentage of species evaluated by the IUCN per taxonomic group 

(IUCN 2020) 

1.4.1 Agriculture and invertebrates 

 

Recent major declines in invertebrate abundance linked to agricultural 

intensification and land-use change have been documented in the literature, with 

Hallmann et al. (2017) reporting a 75% decline in aerial insect biomass over 30 years 

in Germany. Others report a ca. 40% decline in insects globally and up to 60% declines 

in the UK (Sánchez-Bayo and Wyckhuys, 2019). Dirzo et al., (2014) showed that there 

have been strong declines in the Orders Coleoptera, Hymenoptera, Lepidoptera, 

Odonata and Orthoptera. Conversely, others show patterns of both increases and 

decreases e.g. for moths between 1967-1982 (Macgregor et al., 2019). The efficacy of 

AESs for biodiversity conservation is variable differing between species and the 

responses of invertebrates to drivers of change must be investigated across multiple 

taxonomic levels. Kleijn and Sutherland (2003) reported that in most cases, arthropods 

are good indicators of AES efficacy. Additionally, Wilson (2009), suggested that 

invertebrates may respond quicker than other larger species given their faster 
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generation times, therefore, they serve as useful bioindicators of short term 

management interventions.  

 

1.4.3 Grassland invertebrates  

 

Invertebrates play vital roles in the functioning of agroecosystems. High functional 

diversity of invertebrates leads to the regulation of many ecosystem services which 

are required for aboveground net primary productivity in grassland systems, such as: 

nutrient assimilation by plants, decomposition and recycling of above- and 

belowground community resources, increased carbon sequestration, pest control, 

pollination, and maintenance of soil structure and erosion.  

Even small changes in diversity or abundance of invertebrates in grasslands can 

substantially alter ecosystem functioning (Dirzo et al., 2014). Changes to invertebrate 

populations can have cascading trophic effects for other wildlife, such as the links 

between invertebrate and bird biodiversity decline (Benton et al., 2002).   

 

1.4.4 Community functioning and food webs 

 

Invertebrate communities in terrestrial ecosystems consist of key meta-

communities (belowground, terrestrial, aerial) and functional groups (Figure 3). Of 

these, generally few are picked as important regulators of ecosystem services. 

Pollinators are usually Hymenoptera, specifically bees but also Diptera hoverflies. 

Evidence suggests that Coleoptera were the first pollinators of early angiosperm 

flowers (Thien, 1980), and many groups, including the generalist Staphylinidae beetles 

play important roles in pollination (Sayers, Steinbauer and Miller, 2019). Important 

biocontrol in the form of predation exists in many families of soil invertebrates, 
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spiders, beetles, flies and most often in the larval stage of most invertebrates and 

parasitism exists in many Hymenoptera, although it is difficult to completely resolve 

all host-parasitoid interactions in systems (Derocles et al., 2015). The regulation of 

detritus is played largely by soil-dwelling taxa (Glavatska et al., 2017). Life history 

strategies and subsequent biological functioning of many insects can be determined by 

many abiotic and biotic factors, and confirmations of visual feeding strategies would 

be impossible to identify in every taxa. The number of both direct and indirect 

interactions between all invertebrates, and invertebrates and plants within grasslands 

may never be fully characterised, as predicting the interactions across multi-trophic 

systems requires large-scale factorial experiments that examine effects of biodiversity 

on grassland ecosystem processes (McLaughlin, Jonsson and Emmerson, 2010). 

Invertebrates exist in complex feeding webs that support many ecosystem services, 

and conservation management practices should support as many different invertebrate 

taxonomic and functional groups as possible.  
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Figure 1.3 Invertebrate ecosystem food web, with possible direct (solid arrow and 

indirect (dashed arrow) interactions. Adapted from (Scherber et al., 2010) 

 

1.5 Aims and objectives 
 

The main aim of this postgraduate research degree was to investigate the 

efficacy of agri-environment schemes on invertebrate total and functional biodiversity 

to provide management recommendations to enhance invertebrate biodiversity in 

upland grasslands. Each chapter focusses on specific objectives: 

Chapter 2 assessed the impact of AES verses conventional management on terrestrial 

ground-dwelling invertebrate biodiversity and vegetation in contrasting grassland 
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(semi-improved and improved) habitats. The specific objectives were to analyse 

differences in ground-dwelling invertebrate abundance, richness and common and rare 

plant species richness across management and habitat types. 

Chapter 3 aimed to test the effects of AES measures verses conventional management 

of upland grasslands on soil microarthropod biodiversity in semi-improved and 

improved habitats. The specific objectives were to compare soil invertebrate 

abundance, richness and community structure and to establish drivers of floristic 

diversity or management.  

Chapter 4 assessed the relative importance of surrounding landscape composition on 

aerial invertebrate abundance and functional abundance and diversity in order to 

increase the knowledge required to design AES prescriptions for habitat creation and 

management. This chapter aimed to analyse the habitat preferences of multiple 

functional groups, and evaluate the response of each to focal field management.  

Chapter 5 investigated the relative importance of landscape-scale ecosystem stability 

measures and AES management on invertebrate food webs in upland grasslands. The 

specific objectives were to use the entire sampled invertebrate community to 

characterise food webs, determine drivers of management, habitat and landscape 

stability related to food web metrics, and evaluate the effect of management and habitat 

on grassland ecosystem stability, explicitly using remote sensing data in the form of 

the Enhanced Vegetation Index (EVI) as a measure of grassland productivity.  
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Chapter 2 
 

Upland grassland agri-environment schemes 

are associated with native plant cover and 

greater terrestrial invertebrate abundance and 

taxa richness 
 

A manuscript based on this chapter has been submitted for 

publication and is in review as: 

Arnott A, Riddell G, Emmerson E, Reid N (In review) Upland 

grassland agri-environment schemes are associated with native 

plant cover and greater terrestrial invertebrate abundance and taxa 

richness. Agronomy for Sustainable Development 
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2.1 Abstract 

 

Agri-environment schemes (AESs) are a key mechanism by which agricultural 

sustainability is encouraged by subsidising farmers to adopt environmentally friendly 

management (e.g. reduction of inputs) to maintain and enhance the delivery of 

biodiversity-associated ecosystem services. Studies testing the efficacy of AESs have 

yielded varying results and few have focused on upland (marginal or Less Favoured 

Area) grassland (>150m above sea level) where productivity is poor. This study used 

a factorial field experiment to examine patterns in plant communities and terrestrial 

invertebrates (identified to Family-level) between AES and conventionally managed 

semi-improved and improved upland grasslands using 90 spatially paired fields. Total 

plant species richness and rare plant species richness (those with <10% occurrence) 

were unaffected by AES management, but were significantly higher on semi-improved 

than improved grasslands. Total and rare invertebrate abundance and Family-level 

richness were unrelated to grassland type (semi-improved or improved) but were 

significantly higher in AES than conventionally managed fields associated with 

swards indicative of wetter conditions with lower dominance of perennial ryegrass 

(Lolium perenne) and greater coverage of native grass species. Total and rare 

invertebrate abundances were 4% and 218% higher and total and rare invertebrate 

Family richness were 17% and 14% higher in AES than conventionally managed fields 

respectively. AES management of marginal or Less Favoured Area upland grassland 

was associated with higher invertebrate abundance and richness compared to 

conventional management. This suggests that AESs may maintain, enhance or offset 

declines in terrestrial invertebrates and their associated ecosystem service delivery by 
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maintaining more diverse swards, and suggests that they make a positive contribution 

to biodiversity conservation. 

2.2 Introduction 

Agricultural production has been predicted to double by 2050 (Tilman 1999; Butler 

et al. 2007), raising the extinction risk of species that dwell in farmland habitat. The 

demand to feed a rapidly increasing human population will require that sustainability 

is explicitly incorporated into agricultural practices to enhance ecosystem service 

provision by biodiversity and to lower agriculture’s environmental footprint (Chapin 

III et al. 2000; Loreau et al. 2001; Foley et al. 2005). Biodiversity-associated 

ecosystem service delivery is compromised by homogeneity and intensification of land 

use (Altieri 1999). Fragmentation and degradation of semi-improved and natural 

habitat remain the principal drivers of species extinction in developed nations (Thomas 

et al. 2004), and the continued intensification of agriculture is a major contributor to 

the current global Biodiversity Crisis (Chapin III et al. 2000; Barnosky et al. 2011; 

Ceballos et al. 2017). Invertebrates comprise around 80% of all described species 

(Cardoso et al. 2011), yet in some regions, for example, Germany, there has been a 

75% decline in aerial insect biomass over the last 30 years (Hallmann et al. 2017). 

Others predict a ca. 40% decline in insects globally with declines up to 60% in the UK 

(Sánchez-Bayo and Wyckhuys 2019). It has been reported that invertebrates have 

undergone large declines not just in biomass, but also in habitats occupancy, in contrast 

with other taxonomic groups (Outhwaite et al. 2020). These estimates are not without 

controversy, with some reviews listing examples of increases and decreases e.g. for 

moths (Macgregor et al. 2019), suggesting a more nuanced interpretation is required 

for quantifying abundance or diversity change, with species-specific responses linked 

to climate or land-use changes (Fox et al. 2014). It is clear that one of the greatest 
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impacts on terrestrial invertebrate biodiversity is the intensification of agriculture and 

the conversion of semi-natural habitats to homogeneous farmland including grasslands 

(Tscharntke et al. 2005; Fritch et al. 2017). 

 Invertebrates serve as potential bioindicators of ecosystem function (Spafford 

2013), and encompass a wide range of trophic guilds, with subsequent functional 

diversity leading to the regulation and provision of ecosystem services. Many 

ecosystem functions and services are required for aboveground net primary 

productivity, such as nutrient assimilation by plants, decomposition and recycling of 

above- and belowground resources, increased carbon sequestration, pollination, pest 

biocontrol, and maintenance of soil structure and prevention of erosion (Prather et al. 

2013). Even small changes in diversity or abundance of invertebrates in grasslands can 

substantially alter (agro)ecosystem functioning (Soliveres et al. 2016). Consequently, 

conservation-focused management interventions that are designed to increase 

sustainable food production must account for multiple rather than a few focal trophic 

groups. 

Grasslands occupy almost 40% of terrestrial land cover in the UK (Office for 

National Statistics 2015). In marginal upland areas (defined as >150m above sea level 

in the region of Northern Ireland), grassland is classified as either ‘semi-improved’ 

(moderate biodiversity) or ‘improved’ (low biodiversity), depending on management 

intensity (Fig. 2.1). Semi-improved grassland habitat is moderately species-rich due to 

lower inputs of fertilizer and contain <25% sown species (e.g. perennial ryegrass 

Lolium perenne and white clover Trifolium repens) with a high percentage of native 

grasses maintained by long-term extensive grazing (DAERA 2007). Improved 

grasslands are species-poor due to high inputs of fertilizer and contain >25% sown 



Chapter 2 

 

20 
 

species with a low percentage of native grasses maintained by intensive grazing with 

periodic rejuvenation by ploughing and reseeding (DAERA 2007).  

Upland grassland pastures are used for livestock rearing, fodder production, and are 

often termed ‘Less Favoured Areas’ (LFAs), due to poor productivity. Nevertheless, 

these habitats are significant agricultural landscapes that comprise the majority (51%) 

of agricultural land in the UK (DAERA 2018a), and are notably important in sustaining 

biodiversity, depending on their management regime (Acs et al. 2010; Sánchez-Bayo 

and Wyckhuys 2019). Lower productivity of upland farms in LFAs means farmers are 

dependent on subsidies and environmental-based payments under the Common 

Agricultural Policy (CAP), including Agri-Environment Schemes, hereafter referred 

to as AESs (Acs et al. 2010).  

Ecologically-orientated AES management is generally employed at the field-level 

and intended to maintain and increase biodiversity (Concepción et al. 2008). Contrary 

to conventional management, AES management practices focus on reducing artificial 

inputs (fertilisers and pesticides), extensifying management practices e.g. delaying 

mowing or reducing livestock grazing density while increasing areas of semi-natural 

habitat e.g. maintaining or enhancing hedgerows. Farmers and landowners are 

subsidised for any potential loss in productivity using financial incentives which are 

particularly valuable for those farming marginal or Less Favoured Areas. Through 

long-term AES management, biodiversity-poor improved grasslands can be restored 

enhancing biodiversity and ecological integrity with notable benefits for farmland 

specialist species (Woodcock et al. 2010; Steiner et al. 2016). However, the efficacy 

of AESs for biodiversity conservation is highly variable differing between species 

(Reid et al. 2007; Arnott et al. 2021) and prevailing management systems. Most studies 
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have focussed on assessing AESs with respect to plant, pollinator and bird species 

richness (Kleijn and Sutherland 2003; Haaland et al. 2011; Kampmann et al. 2012). 

Others single out key indicator taxa such as predatory spiders or ground beetles (Batáry 

et al. 2012; Gallé et al. 2018). Comparisons are often made between field edge margins 

(the focus of most AESs) and the centre of fields where intensive management is 

greatest, particularly in cropland (e.g. Kovács-Hostyánszki et al., 2011; Batáry et al., 

2015). There are a paucity of data spanning the diversity of whole taxonomic groups 

(e.g. Smith, Potts and Eggleton, 2008) with a lack of research on grassland systems 

despite grasslands responding to AES management better than arable systems (Batáry 

et al. 2011). Still fewer studies have assessed the impact of AESs on marginal 

farmland, specifically few multi-taxa studies have been conducted in intensively 

grazed improved grasslands, (where the benefits of AESs are questionable) and 

compared to more species rich, semi-improved grasslands in upland regions (>150m 

above sea level). 
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Fig. 1 Agricultural grassland in upland fields, characterised by moderate plant biodiversity, 

semi-improved (a) and low plant biodiversity, improved grassland (b). © Amy Arnott.  

  

This study aimed to assess the efficacy of AESs in marginal upland grasslands 

within the central portion of actively farmed fields where intensity is typically greatest. 

The specific objective was to assess terrestrial invertebrate richness and abundance, 

along with plant community composition. The focus was not taxa specific, with 

richness and abundance assessed across all taxa trapped at the field surface, comparing 

AES impacts on semi-improved and improved grasslands using a factorial field 

experiment. It was hypothesised that invertebrate diversity and abundance would be: 

1) greater in semi-improved than improved grasslands; and 2) that AES impacts would 

be greatest in improved grasslands where extensification had the greatest potential to 

effect invertebrate diversity and abundance.  
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2.3 Methods 

2.3.1 Study sites 

The study was conducted in County Antrim, Northern Ireland, whose landscape is 

characterised by marginal upland grassland (almost 70% of total land area) and where 

<2% of agricultural land is managed under AESs (DAERA 2019). Paired field sites 

were selected from the UK Land Cover Map 2007 (Centre for Ecology & Hydrology 

2011) and an Agri-Environment Scheme (AES) map provided by the Department of 

Agriculture, Environment and Rural Affairs (DAERA). Field land parcel polygons 

>150m above sea level restricted samples to upland regions only (following Flexen, 

O’Mahony and McAdam, 2013), with field habitat classification used to select 

between semi-improved and improved grasslands from the map. These were classed 

in the map by plant richness attributes (i.e. semi-improved grassland defined as <25% 

sown species). Both were mowed, being harvested for silage, and grazed (most 

frequently after mowing), but at different intensities i.e. improved grasslands would 

be mowed and grazed more frequently than semi-improved fields. Moreover, 

improved grasslands were renovated by herbicide application, ploughing and 

reseeding with perennial ryegrass Lolium perenne approximately every 3-5 years 

whilst semi-improved grasslands were typically improved by fertiliser use and cutting 

but are not renovated on a rotational basis. AES fields were part of the Northern Ireland 

Countryside Management Scheme (NICMS) and had been part of the scheme for at 

least 5 years. The maximum allowable application of nitrogen is 250 kg N per ha per 

year for farms in the wider countryside (DAERA 2018b), though 90% of farms apply 

<170 kg N per ha per year. The NICMS reduces this further to 25 - 100 kg N per ha 

per year, while measures focus on increasing areas of semi-natural habitat (e.g. sowing 

wildflowers, delaying mowing, increasing hedgerow length and quality and reducing 
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livestock density). There are no limits on herbicide use for improved and semi-

improved fields within the scheme.   

Fields were selected only if they had >3 sides bordering another field with the 

same management (AES/conventional) and habitat (semi-improved/improved) in 

order to reduce edge effects. Areas that were managed specifically for high 

conservation value, such as Areas of Special Scientific Interest (ASSIs) and Special 

Areas of Conservation (SACs) were avoided in order to focus on AESs on active farms 

only. A total of 90 fields were surveyed: 45 AES fields (selected first) were paired 

with 45 conventionally-managed fields). Sites ranged from 0.26 - 23ha and were paired 

<1km distant with a similarly-sized field (<2ha different in size) to reduce regional 

and spatial effects. Within each of the 45 AES or conventional fields: 21 were semi-

improved grassland and 24 improved grassland. The disparity was caused by a lack of 

available semi-improved fields within a <1km buffer. Selected fields were imported 

into Google Earth and a timeline of satellite imagery was used to determine past land 

use. Sites were only selected if they had been managed as farmed grassland for >10 

years. If these fields did not meet requirements after inspections, alternative fields were 

chosen. Field use, habitat and management were ground-truthed by asking landowners 

and farmers before surveys began.  

 

2.3.2 Plant and invertebrate diversity 

Fields were sampled under dry weather conditions (between June and September 

2018), with paired fields sampled within the same week of one another. Vegetation 

was sampled using a 50cm gridded quadrat, placed randomly at three points in the 

centre of each field. Improved and semi-improved grasslands are highly even 
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vegetative communities, thus, diversity was expected to be low (largely restricted to a 

few species of grass interspersed by weeds). This precluded the need for extensive 

characterisation of plant community composition by using large quadrats or high levels 

of within-field replication. Vegetation was recorded using modified UK National Plant 

Monitoring Scheme guidelines (NPMS 2015). The average vegetation height was 

recorded once during the sampling period using a sward stick, from five random height 

measurements within each quadrat. The percentage cover of each species was 

recorded, along with the percentage cover of bare ground, leaf litter and livestock 

dung. Dung density was taken as a proxy for grazing intensity. 

A single pitfall trap was placed at the centre of each field following Kleijn et al. 

(2006), and left for 1 week, then emptied upon collection. Our objective was not to 

produce a definitive species list for sampled sites (e.g. an asymptotic species 

accumulation curve) but to provide a relative comparison of standardised samples 

within our key investigative factors of semi-improved vs improved grassland under 

AES vs conventional management. We prioritised maximising our sample size of 

independent sites (fields) over replication within fields. All fields were uniformly 

sampled providing directly comparable results for hypothesis testing thus low sample 

density (one plant quadrat and one invertebrate pitfall trap) should not have introduced 

bias or error with respect to the applied research questions being asked. Each pitfall 

trap consisted of a 9.0 x 8.5cm plastic container filled with 60ml of Propanediol: a 

non-toxic antifreeze agent commonly used for preservation. Each trap was protected 

from flooding by a plastic rain cover placed approximately 5cm above each trap and 

the traps were covered with chicken wire (13mm mesh gauge) to prevent interference 

from small mammals. Farmers agreed to leave fields temporarily ungrazed to prevent 

damage to of traps. Specimens were preserved in 70% ethanol.  
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All adult invertebrates were identified to Family-level only, following Chinery 

(1993) and Roberts (1995). The objective was not to produce a parochial species list 

per field and without the time and expertise to identify each specimen to species-level, 

family was taken as the optimal taxonomic level to reduce misidentification and allow 

the work to be completed in a timely manner. Regardless, as all adult invertebrates 

were identified to the same taxonomic resolution our results were relative between 

standardised samples of semi-improved and improved grasslands under AES or 

conventional management. Thus, using Family-level taxonomic resolution should not 

have introduced bias or error in terms of comparing our key investigative factors.   

2.3.3 Statistical Analysis 

Distance-based redundancy analysis (dbRDA) was used to reduce variation in plant 

community composition after Hellinger-transformation. Permutational Analysis of 

Variance (ANOVAs) were used to test the significance and quantify the effects of all 

constraining variables (Management, Habitat and their interaction) within the dbRDA. 

General Linear Mixed Models (GLMMs) were used to examine variation of the 

following response variables: dung density, sward height, invertebrate abundance, 

Family richness and rare (<10% occurrence) invertebrate abundance and Family 

richness. Each was fitted as the dependent variable tested a priori to define their 

distribution (either Gaussian, Poisson, zero-inflated Poisson or negative binomial). To 

account for site effects within management types (i.e. paired AES and conventional 

fields <1km apart), Field Pair_ID was fitted as a Random Factor controlling for 

commonalities in spatial location not quantified by explicitly measured explanatory 

variables. Furthermore, Principal Coordinates of Neighbourhood Matrix (PCNM) 

eigenvectors of the distance matrix of X and Y coordinates for each of the 90 fields 

were used to model potential spatial autocorrelation between pairs of fields and 
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clusters of fields (following Borcard and Legendre, 2002; Maaß et al., 2014; Caruso 

et al., 2017). The PCNM axes that were significantly associated with variation in pitfall 

invertebrate community composition were retained in further analyses.  Habitat, 

Management and their interaction were fitted as Fixed Factors and dbRDA and PCNM 

axes were fitted as covariates so that models followed the form of:  Response variable 

~ Habitat * Management + dbRDA axes + spatial PCNM axes + (1|PairID). 

Multicollinearity between explanatory variables was tested using Pearson correlation 

coefficient and Variance Inflation Factor (VIF) values indicated by the thresholds of 

<10 and <0.7 respectively (Zuur et al. 2010; Humphreys et al. 2019). If any set of 

collinear explanatory variables exceeded these thresholds, one of each set of 

significant bivariates was excluded from GLMM analysis. Multi-model comparison 

was used to select the best model ranked by Akaike Information Criterion values 

corrected for small sample sizes (AICc), where each model was ranked against global 

and null models and all plausible models. The top model was taken as that with the 

lowest AICc. Residuals were checked for normality demonstrating that the data met 

the assumptions of the test. To ensure our sample density was sufficient to demonstrate 

effects, we conducted a Power Analysis assuming our final samples sizes and model 

structure with the minimum effect size detectable at 80% power being ≤0.21; generally 

characterised as a ‘small’ difference between groups (see Cohen, 1988). The estimated 

marginal mean values for the interaction of Habitat*Management were plotted for each 

model after environmental variation in plant communities were accounted for by 

fitting them at their average values. All analyses were performed using R (R Core 

Team 2018). Multivariate analyses were performed using prcomp in the package stats, 

GLMMs were performed using package glmmTMB (Brooks et al. 2016), PCNM 
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analysis was performed using package vegan (Oksanen et al. 2019), and model 

selection was performed using package AICcmodavg (Mazerolle 2019). 

 

2.4 Results 

2.4.1 Plant community 

A total of 34 plant species were recorded with perennial ryegrass Lolium perenne 

present in 93% of fields (Table A.2). Dung density, taken as a proxy for livestock 

grazing intensity, was unaffected by Habitat, Management or their interaction (Table 

2.1a). Sward height was significantly (10%) taller in conventionally-managed than 

AES fields (Table 2.1b; Fig. 2.2a). Plant species richness was significantly (32%) 

higher, and rare plant species richness was also significantly (91%) higher in semi-

improved than improved grasslands (Table 2.1c-d; Fig. 2.2b-c).   

A total of 17% of plant community composition was explained by the first two 

dbRDA ordination axes, suggesting weak structuring indicative of highly even 

communities (Fig. 2.3;Table 2.2). The first dbRDA axis had the lowest cover of 

perennial ryegrass and the highest cover of, for example, Sphagnum spp. mosses, 

crested dogstail Cynosurus cristatus and Yorkshire fog Holcus lanatus (= less 

intensively managed grassland), while the second axis had the lowest cover of 

Sphagnum spp. mosses, and the highest cover of ryegrass, Yorkshire fog, and broad-

leaved dock Rumex obtusifolius (= more intensively managed). Permutational 

ANOVA tests to assess the significance of the constraining variables within the 

dbRDA axes suggested that grassland plant community composition varied between 

Management (Fdf=1,86 = 2.352, p=0.014), Habitat (Fdf=1,86 = 11.718, p=0.001) and their 

interaction (Fdf=1,86 = 4.011, p=0.001) (Table S3).  
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2.4.2 Invertebrate community 

A total of 2,019 individual invertebrates belonging to 70 families were identified 

(Table A.1). Araneae (spiders) represented 4% of the total invertebrate families and 

were most abundant (869 individuals) with the Linyphiidae (money spiders) being the 

most common family. Coleoptera (beetles) had 12 families (16%) and notably, were 

also common (405 individuals). Diptera (flies) were the most taxon rich order with 24 

families (34%) but had lower abundance (355 individuals).  

All invertebrate metrics exhibited significant spatial autocorrelation being 

negatively associated with PCNM2 (Table 2.3); thus, all plots of estimated marginal 

means (Fig. 2.2) neutralised this effect by fitting PCNM2 at its average value when 

assessing Management and Habitat effects. Accounting for spatial autocorrelation, 

total and rare invertebrate abundance were both negatively associated with 

conventional management (Table 2.3a-b) being 4% and 218% higher in AES fields 

respectively (Fig. 2.2d-e) while total abundance was positively associated with Plant 

dbRDA Axis 2 (Table 2.3a-b). More invertebrates were found in plant communities 

with lower dominance of ryegrass and greater coverage of native grasses. Total and 

rare invertebrate family richness were both negatively associated with conventional 

management (Table 2.3c-d) being 17% and 14% higher in AES fields respectively 

(Fig. 2.2f-g).  
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Table 2.1 Single best GLMMs for a) dung density, b) sward height c) plant species richness and d) rare 

plant species richness 

 

Model Distribution 

Explanatory variables 

β ± s.e. Z p 

    

a) Dung Density Negative Binomial  

Management-Conventional 0.214 ± 0.518 0.413 0.679 

Habitat-Semi-improved 0.897 ± 0.507 1.770 0.077 

Management*Habitat -0.914 ± 0.686 -1.332 0.183  

 

b) Sward height Negative Binomial 

Management-Conventional 0.270 ± 0.128 2.108 0.035 

Habitat-Semi-improved -0.279 ± 0.199 -1.401 0.161 

Habitat*Management -0.008 ± 0.192 -0.044 0.965 

    

c) Plant spp. richness Poisson    

Management-Conventional -0.214 ± 0.143  -1.493 0.135 

Habitat-Semi-improved 0.446 ± 0.126  3.540 >0.001 

Management*Habitat 0.014 ± 0.188 0.075 0.940 

    

d) Rare plant spp. richness Poisson    

Management-Conventional -0.406 ± 0.646  -0.628 0.530 

Habitat-Semi-improved 1.674 ± 0.450  3.721 >0.001 

Management*Habitat -0.442 ± 0.731 -0.604 0.546 
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Fig. 2.2 Violin plots showing data density and spread of GLMM estimated marginal (predicted) means 

values for a) sward height, b) plant species richness, c) rare (<10% occurrence) plant species richness, 

d) invertebrate abundance, e) rare invertebrate abundance invertebrate, f) invertebrate family richness 

and g) rare invertebrate family richness. Significant differences between EMM categories are shown by 

letter notation above.  

 

a) 

 

b) 

 

c)    

 

d) 

 

e) 

 

f)

 

g)
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Table 2.2 Distance-based redundancy analysis (dbRDA) of vegetation coverage. 

 

Ordination metrics  Axis 

1 

Axis 2 

Eigenvalues  5.999 0.653 

% variance  15.1 1.6 

Cumulative  % 

variance 

 15.1 16.8 

Common name Latin name      Axis loadings 

Perennial ryegrass Lolium perenne  -1.842 0.217  

Yorkshire fog Holcus lanatus  1.239 0.597 

Crested Dogstail Cynosurus cristatus  1.113 0.052 

Creeping buttercup Ranunculus repens  0.535 0.169 

White clover Trifolium repens  0.260 -0.219 

Broad-leaved dock Rumex obtusifolius  -0.164 0.495 

Timothy grass Phleum pratense  -0.432 -0.078 

Meadow foxtail Alopecurus pratensis  -0.421 -0.198 

Annual meadowgrass Poa annua  -0.035 -0.123 

Common bent grass  Agrostis capillaris  0.255 -0.111 

Common chickweed Stellaria media  -0.011 0.002 

Common mouse-ear Cerastium fontanum  -0.330 -0.062 

Common couch Elymus repens  -0.007 0.065 

Daisy Bellis perennis  -0.051 -0.029 

Oxeye daisy Leucanthemum vulgare  0.069 -0.030 

Meadow thistle Cirsium dissectum  0.082 -0.076 

Sphagnum moss Sphagnum (genus)  1.074 -0.266 

Soft rush Juncus effussus  0.669 -0.167 

Hard rush Juncus inflexus  0.176 0.037 

Mat grass Nardus stricta  0.387 -0.171 

Tufted hair grass Deschampsia cespitosa  0.124 -0.013 

Purple moor-grass Molinia caerulea  0.155 -0.069 

Devil’s-bit scabious Succisa pratensis  0.055 -0.024 

Lady’s thumb 

smartweed 

Persicaria maculosa  
-0.104 -0.037 

Eyebright Euphrasia (genus)  0.004 0.039 

Marsh lousewort Pedicularis palustris  0.028 -0.012 

Star sedge Carex echinata  0.100 -0.044 

Common nettle Urtica dioica  0.003 0.029 

Yarrow Achillea millefolium  0.180 0.112 

Dandelion Taraxacum officinale  0.106 -0.047 

Ribwort plantain Plantago lanceolata  0.008 0.081 

Marsh horsetail Equisetum palustre  0.031 -0.013 

Marsh arrowgrass Triglochin palustris  0.031 -0.013 
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Fig 2.3. Redundancy analysis community composition biplot for 50% of the most abundant and best-

fitting plant species. Arrows represent constraining variables, ellipses represent 95% confidence 

intervals. Together dbRDA1 and dbRDA2 acoount for 17% of cumulative variation in full plant 

communty compostion. Latin names: L, perenne (Ryegrass), H. Lanatus (Yorkshire fog), C. cristatus 

(Crested dogstail), R. repens (Common buttercup), T. repens (White clover), R. obtusifolius (Broad-

leaved dock), P. pratense (Timothy grass), A. pratensis (Meadow foxtail), P. annua (Annual 

meadowgrass), A. capillaris (Common bent grass), C. fontanum (Common mouse-ear), E. repens 

(Common couch grass), B. perennis (Daisy), Sphagnum (Sphagnum moss), J. effusus (Soft rush), N 

stricta (Mat grass), A millefolium (Yarrow).   

 

 

 

 

 

 

 

 



Chapter 2 

 

34 
 

Table 2.3 Single best GLMMs for a) invertebrate abundance, b) invertebrate family richness, c) rare 

(<10% occurrence) invertebrate abundance and d) rare invertebrate family richness. 

 

Model Distribution 

Explanatory variables 

β ± s.e. Z p 

    

(a) Invertebrate abundance Negative Binomial 

Management-Conventional -0.304± 0.150 -2.032 0.042 

Habitat-Semi-improved -0.239 ± 0.164 -1.458 0.145 

dbRDA2 0.066 ± 0.032 2.033 0.042 

PCNM2 -2.510 ± 0.488  -5.149 <0.001 

Management*Habitat 0.363 ± 0.228 1.592 0.111 

    

(b) Invertebrate family richness Poisson 

Management-Conventional -0.400 ± 0.116 -3.451 <0.001 

Habitat-Semi-improved -0.150 ± 0.120 -1.254 0.210 

dbRDA2  0.037 ± 0.026 1.440 0.150 

PCNM2 -1.169 ± 0.415   -4.082 <0.001 

Management*Habitat 0.214 ± 0.169 1.268 0.205 

 

(c) Rare invertebrate abundance Negative Binomial 

Management-Conventional -0.839 ± 0.333 -2.158 0.012 

Habitat-Semi-improved 0.056 ± 0.466 0.121 0.903 

dbRDA1 -0.056 ± 0.154 -0.364 0.716 

PCNM2   -4.408 ±  1.242  -3.548 <0.001 

Management*Habitat 0.296 ± 0.532 0.556 0.578 

    

(d) Rare invertebrate family richness Poisson 

Management-Conventional -0.267 ± 0.132 -2.030 0.042 

Habitat-Semi-improved -0.117 ± 0.134 -0.874 0.382 

dbRDA2  0.040 ± 0.028 1.456 0.145 

PCNM2  -1.527 ± 0.438 -3.484 <0.001 

Management*Habitat 0.135 ± 0.192 0.700 0.484 

 

 

2.5 Discussion 

Improved and semi-improved grasslands are dominated by perennial ryegrass 

(Lolium perenne), which is the most commonly sown agricultural grass with greater 

cover (near monoculture) in improved grasslands. Such grasslands are typically 

drained, rejuvenated regularly by ploughing and reseeding, and receive annual 

applications of fertiliser, usually in the form of slurry. Semi-improved grassland 

swards, whilst still dominated by ryegrass also contain native grasses, sedges, mosses 

and weeds indicative of wetter conditions associated with less drainage. Semi-
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improved grasslands are infrequently or never reseeded but might receive fertilisation, 

albeit less frequently than improved grassland (given the wetter conditions). Semi-

improved grasslands are usually grazed with lower livestock densities which may also 

encourage species rich swards by creating a more heterogeneous structure (Marrs et 

al., 2004; Fraser et al., 2009). In contrast, improved grasslands are either intensively 

grazed or regularly harvested for fodder in the form of silage creating more 

homogenous swards. Nevertheless, in this study dung densities that were measured as 

a potential proxy for grazing density did not differ significantly between semi-

improved and improved grasslands. If harvested for silage, grass is typically allowed 

to grow long prior to harvest resulting in increased sward heights as observed here. 

The resulting competition might reduce plant species richness in favour of fast growing 

ryegrass (Jefferson, 2005).  

Multivariate analysis suggested that a considerable portion of variation in plant 

community composition was left unexplained. Agricultural grasslands are highly even, 

homogenous communities so low structuring (limited covariance between species) is 

to be expected. Nevertheless, statistical modelling suggested that habitat rather than 

management was the main driver in differences between the plant communities 

indicative of their intensification over the long-term (grasslands in this study were at 

least 10 years old). Notably, AES management as part of the Northern Ireland 

Countryside Management Scheme (NICMS) was in place for a minimum of 5 years, 

whilst more generally, AESs do not run for more than ten years (Lennox and 

Armsworth, 2011).  

Total and rare invertebrate abundances and Family-level richness were unrelated to 

grassland type (improved or semi-improved) but were all significantly higher in AES 
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than conventionally managed fields associated with swards indicative of wetter 

conditions with lower dominance of ryegrass and greater coverage of native grasses 

suggestive of lower intensity management.  

Carabidae ground beetles and Staphylinidae rove beetles were the most abundant 

families within the Coleoptera being large polyphagous predators with diversified 

generalist feeding habits commonly associated with open farmland where they provide 

biological control of pests such as slugs (Tillman, Smith and Holland, 2012). 

Linyphiidae money spiders contributed to the majority of individuals from the order 

Aranae, which are widespread due to their ballooning dispersal ability, allowing them 

to colonise field centres more rapidly than other spiders (Gallé et al., 2018). The 

Linyphiidae are small-bodied sheet weavers and provide biological control of pests 

such as aphids. Sphaeroceridae dung flies, Lonchopteridae pointed-wing flies and 

Phoridae hump-backed flies were most abundant within the Diptera. The majority are 

saprophagous, and are involved in the decomposition of organic matter (Castelli, 

Gleiser and Battan-Horenstein, 2020). In the wet, cool upland grasslands studied here, 

this may help accelerate nutrient cycling, which could otherwise be slower via bacteria 

or fungal channels alone. Thus, the major invertebrate groups of upland grasslands, 

which were more taxa rich under AES management, deliver key (agro)ecosystem 

services integral to the functioning of healthy farmland, reducing the need for chemical 

herbicidal and insecticidal inputs. Indeed, reduction of such inputs is an integral 

component of AES measures, which in other studies have been associated with 

increased biodiversity (Fuentes-Montemayor, Goulson and Park, 2011; Anderson et 

al., 2013; Fritch et al., 2017). We observed no interaction between Habitat and 

Management on invertebrate abundance or Family-level richness suggesting AES 

management had a consistent effect on semi-improved and improved grasslands.  
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We demonstrate that AES management of upland grassland was associated with 

higher terrestrial invertebrate abundance and Family-level richness compared to 

conventional management by maintaining more diverse swards with a higher coverage 

of native plant species. Without before-and-after data we cannot conclude this 

relationship is causative, i.e. a direct consequence of management changes (Josefsson 

et al., 2020). This is because farmers might nominate less intense, lower productivity, 

more diverse and wetter fields for inclusion in AESs. Nevertheless, at the very least, 

we can conclude that AESs in upland grassland systems maintain, and thus offset 

declines in, terrestrial invertebrates seen in conventionally-managed grasslands across 

the wider countryside. Although functional diversity was not considered here, 

invertebrates are bioindicators of ecosystem health and functionality; thus, higher 

relative taxonomic diversity is likely associated with ecosystem service delivery 

(biocontrol, nutrient cycling, etc.). This is relevant throughout the EU during the 

current period of CAP reform and is particularly pertinent in the UK post-Brexit where 

the narrative around farming subsidies has shifted from production to environmental 

protection. Given the current Biodiversity Crisis it is not sufficient to rely on islands 

or hotspots of semi-natural or semi-improved habitat to maintain species diversity. 

Focus should be on, not just maintaining, but enhancing and thus restoring ecosystem 

service delivery in the wider countryside including improved grassland particularly in 

marginal or Less Favoured Areas such as the uplands. 
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Chapter 3 
 

Upland grassland habitats and agri-

environment schemes change soil 

microarthopod abundance 
 

A manuscript based on this chapter has been published as: 

Arnott A, Riddell G, Emmerson E, Caruso T, Reid N (2021) Upland 

grassland habitats and agri-environment schemes change soil 

microarthopod abundance. Journal of Applied Ecology 
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3.1 Abstract  
 

Agricultural intensification is a major driver of biodiversity loss, with the 

implementation of Agri-Environment Schemes (AESs) being a widespread policy 

designed to prevent further loss, and to maintain or restore ecosystem health. Upland 

grassland soils are disproportionately impacted by intensification including drainage, 

artificial fertiliser use, compaction, and erosion, whilst the effect of AES 

management on belowground microarthopods, which mediate a range of ecosystem 

processes, is largely unknown. This study tested the effects of AES management of 

upland grasslands on microarthopod communities using a large-scale factorial field 

experiment. The study focused on microarthropods with distinct taxa specific 

responses observed. Oribatid mite abundance was associated with wetter, more 

extensive pastures with native grasses characteristic of semi-improved grassland 

managed by AESs; while Collembola abundance was associated with drier, more 

intense, reseeded (Lolium perenne dominated) pastures characteristic of 

conventionally managed improved grasslands. Differences in taxa responses may be 

driven by life history traits and resilience to disturbance. There was no net effect of 

management, habitat or their interaction on total microarthopod family diversity or 

abundance. Results suggest that in these floristically simple agroecosystems the 

impact of AES measures on belowground soil biota are context-dependent (differing 

between contrasting grassland types), and taxa specific, rather than leading to general 

increases in biodiversity per se, and that the responses of soil microarthropods are 

driven by environmental variation caused by overall management of grassland fields. 

Measures should aim to increase the availability of areas of semi-improved grassland, 

with native plant mixtures, adjacent to improved grasslands, to maximise the habitats 

available to soil microarthropods.  
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3.2 Introduction 
 

Agricultural intensification is a major driver of biodiversity loss (Tscharntke et 

al., 2005; Reid, McDonald and Montgomery, 2007; Tsiafouli et al., 2014). To 

compensate for biodiversity loss, policies that promote ecological extensification 

through the implementation of Agri-Environment Schemes (AESs) are now 

widespread. Most AESs focus on aboveground biodiversity (e.g. hedgerows, 

pollinators, birds etc.), whilst most evaluations of their efficacy have focused on 

intensive arable and cropland, rather than grassland systems.  

Belowground biodiversity is critical for soil health, fertility and production in 

virtually all agroecosystems, not just grasslands, yet this realm of biodiversity is 

frequently overlooked (Scherber et al., 2010; Wagg et al., 2014). To date, studies 

suggest AESs are less effective at conserving belowground soil biota than 

aboveground flora and fauna (Bengtsson, Ahnström and Weibull, 2005; Flohre et al., 

2011); suggesting both a knowledge gap and potential failing in ecosystem-wide 

effectiveness.  

Few AES measures specifically target belowground soil biota, although general 

measures such as reduced use of biocides (herbicides, fungicides and insecticides) and 

artificial fertiliser (nutrient application) might be broadly beneficial. There is, 

however, limited evidence demonstrating positive impacts of reduced biocidal and 

fertilizer usage on soil biota, yet important effects are predicted based on the current 

knowledge of belowground soil processes. Soil biota are responsive to a range of 

management practices, for example, belowground biodiversity has been found to be 

resilient to some anthropogenic disturbance including intensification through above-

belowground buffering (Fitter et al., 2005).  
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Agricultural intensification in upland grasslands result in floristically poor plant 

communities, in contrast, less intense semi-natural or semi-improved grasslands 

support a greater range of plant species and hence invertebrate species and functional 

groups. Upland ecosystems are dominated by grassland production reflecting 

subsidised low density livestock farming (Dennis et al., 2008). Due to their wetness 

and lower nutrient status, upland soils are disproportionately affected by drainage and 

artificial fertiliser use, and are vulnerable to soil erosion, due to soil disturbance, for 

example ploughing on slopes subject to high intensity rain leads to topsoil loss and 

declines in ecosystem functioning (Montgomery, 2007; Palm et al., 2014). Improved 

grasslands are used for grazing and silage fodder production. Consequently, they are 

managed with heavy machinery several times each year. In contrast, semi-improved 

grasslands are typically used for rough grazing (i.e. for beef production) and reflect 

land less suited to the use of heavy machinery.  

Improved and semi-improved upland grasslands therefore provide the perfect 

setting in which to study simple aboveground-belowground interactions between 

contrasting management intensifications. Different management regimes will affect 

bottom-up control mechanisms whereby plants influence soil biota creating feedback 

loops in which soil biota alter plant competitive dynamics  (Olff and Ritchie, 1998; 

Flohre et al., 2011; Barnett and Facey, 2016; Wagg et al., 2019). The severe dearth of 

soil biodiversity data in this type of agricultural system means that the effects of 

contrasting management intensification remain largely untested especially for soil 

animals. 

Here we hypothesise that AES upland grassland farming practices and semi-

improved habitats lead to positive changes in soil invertebrate communities. 

Microarthopods (e.g. springtails and mites) are central to the soil food web, responsible 
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for decomposition of organic matter into a form accessible by bacteria and fungi 

(Maaß, Caruso and Rillig, 2015). The changes caused by land intensification and 

potentially counteracted by AES are therefore likely to have major effects on soil 

fauna. For example, a decline in soil microarthropod biodiversity can threaten soil 

ecosystem stability through soil structural degradation; such effects can be mitigated 

through increased agrochemical inputs, but at the cost of economic profitability and 

sustainability. Soils are complex systems, however, and changes in microarthopod 

abundance may be related to trait-based responses, as some taxa are more resilient to 

disturbance than others. Soil fauna have been known to shift their feeding strategies 

due to indirect effects of land intensification, mediated by changes in plant pathways 

(Wang et al., 2015), and those taxa with shorter life spans can benefit from the 

exclusion of taxa with short generation times (Bardgett and Cook, 1998) .For example, 

Collembolans tend to colonise areas rapidly with dramatic changes in abundance after 

disturbance (Hopkin, 1997; Coleman, Crossley and Hendrix, 2004). Oribatid mite 

populations recover slowly after perturbation (Lindberg and Bengtsson, 2006) as they 

reproduce and disperse relatively slowly compared to other microarthropods. 

Overall, there is a significant knowledge gap in upland grasslands on the effects of 

intensification on belowground community dynamics and ecosystem processes. The 

data available suggest that these effects are likely to be negative, but whether AES 

measures can compensate for the predicted negative effects remains unknown. This 

study aimed to test the effects of AES measures vs. conventional management of 

upland grasslands on soil biodiversity in contrasting habitats (semi-improved and 

improved), using a large-scale factorial field experiment. The specific objectives were 

to compare belowground microarthopod diversity and community composition 

between 1) semi-improved and improved upland grasslands; 2) AES and conventional 
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management systems; 3) their interaction; and 4) relate any differences to floristic 

diversity. We hypothesise that microarthopod diversity and total abundance would be 

higher in semi-improved than improved grasslands, associated with higher plant 

diversity; and microarthopod diversity and total abundance are likely positively 

affected by AES management. 

 

3.3 Methods  

3.3.1. Study sites 

 

To test the effects of agri-environment schemes on belowground soil invertebrate 

biodiversity, 90 agricultural grassland fields were selected across the uplands (>150m 

above sea level) in County Antrim, Northern Ireland. Study sites were selected using 

spatial datasets in ArcMap 10.7 (ESRI, California, USA). Sites were selected on the 

basis of: 1) AES field parcels within schemes active from 2006 to 2019, which had 

been part of the Northern Ireland Countryside Management Scheme (NICMS) for at 

least five years (details were provided by the Department of Agriculture, Environment 

and Rural Affairs (DAERA)); and 2) the UK Land Cover Map 2007 provided by the 

Centre for Ecology & Hydrology (CEH). Fields were shortlisted by altitude, grassland 

type and if three or more sides of the field bordered another field of the same 

management/habitat type in order to reduce edge effects. AES fields were selected first 

(n=45), then paired with similarly sized (±2ha) conventionally managed control fields 

(n=45). Sites ranged from 0.26 - 23ha and were cluster sampled with pairs selected 

within a 1km buffer in order to minimise local and regional spatial effects (Fig. 1). To 

test the effect of habitat, within each management treatment, 24 improved grassland 

fields and 21 semi-improved grassland fields were also selected. The unbalanced 

design was caused by a lack of available semi-improved fields within a <1km buffer. 
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Scheme practices focus on reducing artificial inputs (fertilisers and pesticides), 

increasing areas of semi-natural habitat (e.g. sowing wildflowers, delaying mowing 

regimes, increasing hedgerows, and reducing livestock density). Conventional fields 

can be farmed up to nitrogen limit of 250 kg N per ha per year (DAERA, 2018a). 

Within the NICMS, these limits decrease to 25 - 100 kg N per ha per year, however, 

improved grassland within the AES can continue to apply similar amounts as under 

conventional management.  

 

3.3.2 Field sampling 

 

Fields were sampled under dry weather conditions (between June and September 

2018).  Plants were surveyed using 50cm quadrats randomly placed at three points 

within each field. Average vegetation height and percentage cover of each plant 

species were recorded, each species was identified following (Bebbington and 

Roberts, 2005; Wallace, Duffell and Harper, 2016, 2017; Wallace, Roberts and 

Lawrence, 2018).  

Soil-dwelling, underground microarthropod biodiversity was sampled using four 

soil cores, each with a diameter of 5cm and a depth of 15cm, taken with a soil auger 

in the centre of each field ~5m apart. The cores were combined to provide a composite 

sample representative of the centre of the field, where intensification is typically 

greatest. This was suitable to the aims of the study given the large scale at which the 

hypotheses need to be tested and high number (90) of plots. Animals were extracted 

using modified Tullgren Funnels (Tullgren, 1918) where each sample was extracted 

over 3 days and then preserved in 70% ethanol following (Caruso et al., 2019). 

Extracted microinvertebrates were identified to family-level using microscopy 
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following (Hopkin, 2007; Shepherd and Crotty, 2018) and later collapsed into higher 

taxonomic groups (i.e. Collembola, Mesostigmata, Prostigmata, Oribatid and Other 

Insects), to provide a higher taxonomic resolution for which effects of treatment may 

be seen. Counts of individual animals were expressed as density per m-2 prior to 

analysis.  

 

3.3.3 Statistical analysis  

 

Multivariate analysis was used to investigate the effect of grassland type (habitat) and 

management on above and belowground taxonomic groups. Plant species percentage 

cover was reduced to three axes using multidimensional scaling (MDS) ordination to 

describe plant community composition. Belowground soil invertebrate abundance was 

reduced to two axes using Redundancy Analysis (RDA) to describe invertebrate 

community composition.  Raw counts were Hellinger-transformed prior to analysis to 

ensure that the underlying Euclidean distance of metric methods (RDA and MDS) 

could be used as a meaningful ecological distance metric (Legendre and Gallagher, 

2001).  Principal Coordinates of Neighbourhood Matrix (PCNM) eigenvectors of the 

distance matrix from UTM positions (X and Y coordinates of each of the 90 field sites) 

was used to explicitly model potential spatial dependence between pairs of fields and 

clustered sampling points (Borcard and Legendre, 2002; Maaß et al., 2014; Caruso et 

al., 2017). The PCNM axes that were significantly associated with variation in 

belowground soil invertebrate community composition were retained in analyses and 

used to constrain the ordination axes of partial RDAs. Permutational ANOVA 

approaches were then used to test the significance and quantify the effects of all 

constraining variables within the RDA after taking into account the effect of spatial 
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eigenvectors. Those that were significant remained in the univariate Linear Mixed 

Models (LMMs). 

 LMMs were used to test the effects of grassland  type (semi-improved vs 

improved), management type (conventional vs AES), their interaction 

(Habitat*Management) and plant community composition (MDS axes scores) on 

belowground soil invertebrate total abundance (family-level) and at higher taxonomic 

groups (families collapsed into the most abundant Orders) as well as Shannon’s 

Diversity Index (SDI) as a measure of biodiversity (Zuur et al., 2010),. Field Pair_ID 

was treated as a random factor.  Separate models were also constructed for Oribatid 

and Collembolan groups, which showed the greatest divergence in multivariate 

analyses (the other microarthopod groups showed very little variance). Multi-model 

comparison was used to select the best model ranked by Akaike Information Criterion 

values corrected for small sample sizes (AICc), where each model was ranked against 

global and null models and all plausible models. The top model was taken as that with 

the lowest AICc. To ensure our sample density was sufficient to demonstrate effects, 

we conducted a Power Analysis assuming our final samples sizes and model structure 

with the minimum effect size detectable at 80% power being ≤0.21; generally 

characterised as a ‘small’ difference between groups (see Cohen, 1988). To test 

whether the data met the assumptions of homogeneity of variance and normality the 

distribution of model residuals were assessed using summary statistics, histograms and 

QQ-Plots. Taxa abundance data was log-transformed to improve normality. 

All analyses were performed using R version 3.5.1 (R Core Team, 2018) using 

packages vegan (Oksanen et al., 2019) and nlme (Pinheiro et al., 2018). 
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3.4 Results 
 

A total of 33 plant species were identified with 32 species occurring in semi-improved 

grassland and 19 species occurring in improved grasslands; plant diversity was 68% 

greater in semi-improved relative to improved grasslands. Perennial ryegrass Lolium 

perenne was present in 87% of quadrats and 93% of fields.  Individual quadrats 

contained 1 - 11 plant species (median = 5). Multidimensional scaling (MDS) 

ordination captured 55% of variation across 3 axes in plant community composition 

(Table B.2). Axis 1 (‘PlantMDS1’) captured 30% of variation and was positively 

loaded for Yorkshire fog Holcus lanatus, Crested dogstail Cynosurus cristatus and 

Sphagnum spp. mosses and negatively loaded for perennial ryegrass. Axis 2 

(‘PlantMDS2’) captured 14% of variation and was positively loaded for white clover 

Trifolium repens and negatively loaded for Yorkshire fog. Axis 3 (‘PlantMDS3’) 

captured 11% of variation and was positively loaded for meadow foxtail Alopecurus 

pratensis and Sphagnum spp. mosses and negatively loaded for Yorkshire fog and 

perennial ryegrass. PlantMDS1 and PlantMDS3 (both capturing perennial ryegrass, 

Yorkshire fog and Sphagnum spp. mosses) varied with the interaction of 

Habitat*Management (p<0.001 and p=0.052 respectively), while PlantMDS2 varied 

with Management (p=0.059; Table 3.2). 

A total of 992 soil invertebrates belonging to 43 families were identified. Individual 

soil cores contained 1 - 8 families (median = 2). There were a total of 391 Collembola 

(33,197 m2) (39% of all invertebrates) including 9 families, 111 oribatids (9,679 m2) 

(11%) including 17 families, 89 mesostigmata (9%) including 8 families, 63 other 

insects (6%) including 11 families and 17 prostigmata (2%) from 6 families (Table 

B.1).  
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Redundancy Analysis (RDA) captured 5% of variance in soil invertebrate taxa at 

the family-level and 20% of variance in soil invertebrates at higher taxonomic groups. 

Permutational ANOVA tests to assess the significance of the constraining variables 

within the axes of RDA suggested that invertebrate families and higher taxonomic 

groups varied between Habitats while higher taxonomic groups also varied with 

Management and were significantly affected by PlantMDS1 (Fig. 3.2).  

Linear Mixed Model (LMM) analysis showed that Shannon Diversity Index (SDI) 

of soil invertebrates families and total soil invertebrate family abundance did not vary 

significantly with Habitat, Management or their interaction or along any PlantMDS 

axes; none of the latter were retained in the top model (Table 3.3). The abundance of 

some invertebrate families did show significant variation with oribatid mite 

abundance, which was positively associated with PlantMDS1 (β ± s.e.= 1.313 ± 0.390; 

Table 3.3), i.e. it was negatively associated with perennial ryegrass dominated 

communities and positively associated with Yorkshire fog, Crested dogstail, and 

Sphagnum spp. moss dominated communities. As PlantMDS1 varied significantly 

with the interaction of Habitat*Management so did Oribatid abundance (Table 3.2 

&3.3) i.e. similar abundance in improved grasslands regardless of management, but 

higher abundance in semi-improved grasslands that were AES managed. Therefore, 

AES management benefitted Oribatids, but only on semi-improved grasslands, and 

this group was not significantly different from the rest (Fig. 3.3a).  Collembolan 

abundance was significantly lower in semi-improved than improved grasslands, but 

was unaffected by management (Table 3.3; Fig. 3.3b).  
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Figure 3.1 Study sites were within Co. Antrim, Northern Ireland (left) with sampling in a paired design 

i.e. conventional-AES fields (right). 

 

 

 

  

 

Table 3.1 RDA ordination axes of soil higher taxonomic groups. 

Descriptive stats RDA1 RDA2 

Eigenvalues 6.439 1.240 

% Variation 16.6 3.2 

Cumulative % variation 16.6 19.8 

  

Higher taxonomic groups Axis loadings 

1. Collembola 2.071 0.236 

2. Other Insects 0.208 1.082 

3. Mesostigmata 0.051 -0.589 

4. Prostigmata -0.183 -0.445 

5. Oribatid -2.322 0.329 
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Table 3.2 PERMANOVA test on the multivariate linear regression based on dbRDA. 

Model Variables Variance df F p 

     

a) Plant MDS1     

Habitat 0.096 1 23.810 0.001  

Management 0.008 1 1.892 0.151 

Habitat*Management  0.050 1 12.397 0.001 

     

b) Plant MDS2     

Habitat 0.002 1 0.310 0.550   

Management 0.021 1 3.697 0.059  

Habitat*Management  0.003 1 0.566 0.458   

     

c) Plant MDS3     

Habitat 0.000 1 0.023 0.882   

Management 0.032 1 4.964 0.034  

Habitat*Management  0.025 1 3.897 0.052 

     

d) Soil invertebrates (all taxa) 

Habitat 0.016 1 2.234 0.011  

Management 0.007 1 0.958 0.458 

Habitat*Management  0.006 1 0.861 0.579   

Plant MDS1  0.009 1 1.158 0.311   

Plant MDS2 0.009 1 1.181 0.270 

Plant MDS3 0.006 1 0.846   0.609   

     

e) Soil invertebrates (higher taxa only) 

Habitat 0.015 1 3.630 0.009  

Management 0.013 1 3.109 0.015  

Habitat*Management  0.006 1 1.331   0.250    

Plant MDS1  0.017 1 4.013 0.003  

Plant MDS2 0.004 1 0.921 0.470    

Plant MDS3 0.001 1 0.234 0.925    
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a) Soil invertebrates (all taxa)  

 

 

 
 

b) Soil invertebrates (higher taxa only)  
 

 

 

 

 
 

Figure 3.2 RDA community composition biplot for a) 50% of the most abundant and best fitting soil 

invertebrates (all taxa) and b) soil invertebrates (all higher taxa only) labelled by habitat and 

management. Percentages variation explained is shown on each axis. PlantMSD1, 2 and 3 represent 

the weighted sums of plant species scores from first three axes. PCNM1 and PCNM7, x and y are 

significant spatial autocorrelation variables from PCNM analysis.  
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Table 3.3 LMM results for a) Shannon’s Diversity Index (SDI) for soil invertebrates, all taxa, b) total 

soil invertebrate abundance, c) Oribatid and d) Collembola abundance. 

Model / variables t df p 

    

a) SDI (soil invertebrate families)    

Management - Conventional 0.155 42 0.878 

Habitat - Semi-improved 0.226 43 0.823 

Habitat*Management -0.350 42 0.728 

    

b) Total Abundance    

Management - Conventional 1.654 43 0.105 

Habitat - Semi-improved 0.081 43 0.936 

Habitat*Management -1.550 43 0.128 

    

c) Oribatid abundance (Log10)    

Management - Conventional 1.161 42 0.252 

Habitat - Semi-improved 1.072 43 0.290 

PlantMDS1 3.367 42 0.002 

Habitat*Management -2.107 42 0.041 

    

d) Collembola abundance (Log10)    

Management - Conventional 1.143 42 0.259 

Habitat - Semi-improved -2.205 43 0.033 

PlantMDS1 -0.537 42 0.594 

Habitat*Management 0.838 42 0.407 
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a) Oribatid  

 

b) Collembola 

 

 

Figure 3.3 Total a) oribatid and b) collembolan abundance within habitats types with different 

management. The mean of each sample is represented by the symbol ◊ ± SE. LMM significance is 

represented by stars. Field sites composed of 24 improved AES, 24 conventional improved, 21 AES 

semi-improved, and 21 conventional semi-improved.  
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3.5 Discussion  
 

This study demonstrated that ecological extensification through AES management and 

semi-improved grasslands have contrasting effects on individual belowground 

microarthropod taxa (Oribatid mites and Collembola). Densities of invertebrates were 

generally low, however this is not uncommon in heavily managed agricultural 

grasslands (De Deyn et al., 2003; Caruso, Taormina and Migliorini, 2012). Oribatid 

mites showed higher densities in wetter, more extensive pastures with native grasses. 

These pastures were affiliated with semi-natural land, managed extensively under 

AESs. Collembola had higher densities in drier, more intense reseeded pastures, 

affiliated with conventionally managed improved fields. Total microarthopod diversity 

and abundance were unaffected by management, habitat or their interaction at family-

level, however effects were seen at a higher taxonomic resolution (i.e. Order). Thus, 

the effects of AES management measures on belowground biodiversity in floristically 

simple agroecosystems may be nuanced, taxa specific, and mediated through 

interaction with changes in plant communities.  

Upland grassland plant communities were floristically poor. Plant communities 

varied along a gradient from wetter, more extensively managed pastures with native 

grasses (characterised by Yorkshire fog, Crested dogstail and Sphagnum mosses) 

associated with semi-improved grasslands to drier more intensively managed reseeded 

pastures (characterised by perennial ryegrass monocultural dominance) associated 

with improved grasslands. The latter were ypically fertilised on an annual basis using 

inorganic fertilizers or slurry application and frequently ploughed and rejuvenated, 

usually within 5 years (Smit, Metzger and Ewert, 2008). Conventional, improved 

grasslands with a high perturbation regime and less floristic diversity therefore drive 

Collembolan abundance, whereas soil in less-managed semi-improved AES grassland 
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support higher levels of Oribatids. These differences may be caused by interactions 

between plants and other soil properties that we have not explored in this study, 

however it is clear that plant diversity, mediated through land management practices, 

plays an important role in determining the belowground biodiversity (Smith, Potts and 

Eggleton, 2008; van der Wal et al., 2009).   

AESs and resulting extensification of land are implemented in order to support and 

promote the biodiversity of all taxa. From this study, we know that the responses of 

soil microarthropods are driven by environmental variation caused by management; 

however these are taxa specific, especially in the contrasting responses of 

Collembolans and Oribatid mites. Oribatid abundance responded to the interaction of 

habitat and management being most common in AES managed semi-improved 

grasslands whilst collembolans varied between habitats though were most common in 

conventionally managed improved grassland. Whilst collembolans were more 

abundant than oribatid mites, the latter had a family-level richness almost twice that 

of the former. These taxa typically have fungal diets and as such are associated with 

leaf litter and decaying vegetation; thus indirectly affecting decomposition and 

nutrient cycling (Coleman, Crossley and Hendrix, 2004). Both taxa, but especially 

oribatid mites, are good indicators of systems with rich litter substrates and input of 

organic matter (Schon et al., 2008). Collembolans and oribatid mites are known to 

differ in their response to environmental variation and gradients, and the differences 

observed here in response to habitat management might be explained by differences in 

the life history traits that control the resilience of populations to perturbation. These 

traits can be conceptualised in terms of the r/K selection theory (MacArthur, 1972), 

where oribatids (K specialists) produce few offspring in stable environments while 

collembola (r specialists) produce many offspring and exploit unstable environments. 
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Thus, the reduction observed in oribatid numbers under agricultural management can 

be understood in terms of destabilization of K-selected populations, leading to a 

relative increase in favour of Collembolans (Vreeken-Buijs, Hassink and Brussaard, 

1998). Flohre et al. (2011) also suggested that the abundance of the collembolans may 

be higher where their predators (e.g. carabid beetles, spiders, predatory mites) has been 

reduced by the use of insecticides typical of conventionally managed and improved 

fields. Additionally, other trait-based approaches may be useful in determining 

functional diversity, such as body size, which determines the spatial niche in the soil 

system (Turnbull, George and Lindo, 2014; Schaefer and Caruso, 2019). The use of 

habitat niches and resources differ between Collembola and Oribatida, and may lead 

to differing functional traits (Schaefer and Caruso, 2019). Exploring the mechanisms 

behind niche differentiation and competitive exclusion by other organisms may be an 

important to assess the ecosystem services of soil communities, as well as explain 

community composition variation but these are difficult to quantify (Potapov et al., 

2020).  

A large proportion of the variation in belowground taxonomic abundances 

remained unexplained in our models, suggesting that unmeasured environmental 

variables as well as a number of local scale processes might play a significant role in 

determining community patterns (Caruso et al., 2019). Microbial soil fauna play an 

important role in determining the “bottom-up” distribution of soil invertebrates and 

driving soil resources (Scheu and Schaefer, 1998). Investigating the effect of AESs on 

the complete soil biosphere, especially microbes, was outside the scope of this study 

but could provide an avenue for future investigation.  Notably, the sampled soil biota 

exhibited significant spatial structuring that was independent of the measured 

environmental and biotic factors such as plant community composition. We speculate 
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that this unexplained spatial structuring confirms that there are a number of factors that 

influence invertebrate community structure, but which went unmeasured. This seems 

particularly the case for the microarthropod data at the family level, where many taxa 

were found only rarely and in low abundances. Instead, when data were aggregated at 

higher taxonomic levels, communities were more successfully described by 

multivariate methods with the effects of habitat and management more evident at these 

higher taxonomic levels. As clearly observed in this study, some soil microarthropod 

orders are hyperabundant compared to others, most notably oribatid mites and 

springtail collembolans (Schaefer and Caruso, 2019). Thus, such dominant and 

abundant groups are ideal to detect the response of the entire community to 

management (Teasdale et al., 2013). Whilst microarthopod families are highly diverse 

within an order, most have similar functional diversity and roles. Aggregation in higher 

taxonomic groups might therefore capture their responses more parsimoniously than 

numerous highly variable families, at least in environmental contexts where the impact 

of humans is a major driver.  

This study provides clear evidence that the impact of AES measures on 

belowground soil biota is context-dependent varying between contrasting grassland 

types. Impacts are taxa specific with no net effect on aggregate community properties, 

such as diversity or total abundance. This study suggests that different land 

management practices can change the relative abundance of specific taxa: AES 

management increased oribatid abundance while decreasing collembolans, and vice 

versa with conventional management. Significant shifts in the relative abundance of 

dominant microarthropod taxa are an indicator of the impact of AESs and land 

management but are not necessarily related to changes in ecosystem service delivery 

and future studies will have to clarify the full ecological implications of observed 
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changes. It is advised to be aware of these shifts in soil arthropod abundance when 

future land management policy is being designed, as management that benefits one 

arthropod group but not another may disrupt the ecosystem. If AESs are to deliver 

higher soil biodiversity, and subsequent ecosystem functioning, specific measures 

must be taken to account for the differing responses of taxa to extensification that we 

have found in this study. Therefore we suggest that measures should aim to include 

management strategies that increase the availability of areas of semi-improved 

grassland, that have lower reductions of inputs, adjacent to improved grasslands, to 

maximise the habitats available to dominant soil taxa.  Such measures should include 

limiting ryegrass, and allowing a more even distribution of species typical to semi-

improved habitats such as Yorkshire fog and Crested dogstail. This would allow for 

maximum resource and niche availability to enhance general soil biodiversity and 

associated ecosystem services. 
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4.1 Abstract 

 

Landscape-scale agricultural intensification is a major driver of biodiversity loss. 

Highly mobile species, such as aerial invertebrates may be disproportionately affected 

by land cover at large spatial scales due to their ability to disperse. Assessing the 

efficacy of environmentally friendly farming, such as Agri-Environment Schemes 

(AES), therefore, requires establishing the influence of land cover beyond focal farms 

or fields, contextualising the impact of agricultural management. This study measured 

the response of aerial invertebrate functional groups to AES management in improved 

and semi-improved upland grasslands accounting for spatial autocorrelation and multi-

scale effects of land cover within buffers varying from 100m to 5km at 88 paired fields. 

Total aerial invertebrate abundance and diversity, including detritivores, herbivores, 

nectivores, predators and parasitoids all responded to different land cover types at 

varying scales indicative of highly complex and idiosyncratic functional group 

responses to landscape. After accounting for spatial autocorrelation and multi-scale 

landscape composition, total aerial invertebrate abundance was unaffected by 

agricultural management but diversity was (5%) higher in AES than conventionally 

managed fields. Detritivore (mostly Mycetophilidae fungus gnat) diversity and 

abundance were higher in AES than conventional fields, but only on improved 

grasslands, while predator (adult Muscidae house fly, Scathophagidae dung fly and 

Dolichopodidae long-legged fly) diversity was lower but abundance higher in AES 

than conventional fields. Aerial invertebrate herbivores (Anthomyiidae root-maggot 

flies and Cecidomyiidae gall midges and gnats), nectivores (Syrphidae hoverflies and 

Apoidea bees) and parasitoids (Ichneumonidae wasps) responded to landscape 

composition, but not agricultural management. Synthesis and Applications. This study 

suggests that landscape composition drives aerial invertebrate functional group 

diversity and abundance at multiple spatial scales. Nevertheless, the responses of some 

functional groups (detritivores and predators) to local agricultural management 

suggest that AES management may contribute to the maintenance or enhancement of 

ecosystem service delivery (nutrient cycling and pest biocontrol). Explicitly 

accounting for multi-scale landscape effects is necessary when assessing the impact of 

agricultural management on highly mobile taxa. 
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4.2 Introduction 

Agriculture covers almost 40% of global land area (FAO, 2019), with grassland 

contributing ca. 30% (Thébault et al., 2014). Intensification of grassland management 

is one of the biggest global drivers of ecosystem service decline, through the loss of 

biodiversity (Allan et al., 2015; Thébault et al., 2014). Intensification of agricultural 

land reduces landscape complexity and biodiversity (Tsiafouli et al., 2014). However, 

land abandonment can also have a negative effect on biodiversity (Henle et al., 2008), 

through the reduction of diverse landscape composition (Macdonald et al., 2000); this 

is especially the case for taxa that rely on swathes of open habitat (Queiroz et al., 2014; 

Regos et al., 2016). 

Conservation strategies for maintaining or increasing biodiversity on 

agricultural land, in the form of Agri-Environment Schemes (AESs), subsidise farmers 

to offset declines in biodiversity through environmental management. AES 

management prescriptions fall into two categories: those that attempt to enhance the 

status of a single or few target taxa, such as maintaining arable stubble overwinter for 

bird food provision, or, more commonly, those that aim to enhance biodiversity 

generally through actions such as the reduction of inputs (e.g. biocides or artificial 

fertilisers) or reduction in livestock density. AES subsidies are regularly employed in 

marginal upland grasslands, in order to account for the economic shortfall due to their 

low productivity (Acs et al., 2010). Marginal upland habitats are generally classed as 

High Nature Value (HNV) for their high levels of biodiversity and subsequent 

ecosystem service provision, such as carbon sequestration, soil nutrient turnover, flood 

mitigation, pest biocontrol and pollination (Reed et al., 2009). However, large-scale 

upland grassland abandonment, driven by the lack of economic viability of marginal 

farming, has led to scrub encroachment which results in biodiversity turnover (Navarro 

and Pereira, 2012). It may be argued that this creates greater heterogeneity in 
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agricultural landscapes, which can benefit certain taxa, such as birds (Plieninger et al., 

2014).  

Ecosystem services from agricultural landscapes can be maximised by 

maintaining high levels of biodiversity, as the ongoing habitat and species loss is often 

associated with a decline in ecosystem service delivery, due to a direct link with the 

loss of functional taxa (Balvanera et al., 2006; Cardinale et al., 2006; Lefcheck et al., 

2015; Naeem, 2012). Increased biodiversity supports ecosystem service delivery 

following perturbation (Bengtsson et al., 2003), and the range of responses of species 

within the same functional group is critical to ecosystem resilience (Loreau and 

Hector, 2001). This is especially true in the case of agricultural grasslands, where 

frequent mechanical and chemical disturbances occur. Therefore, to support and 

benefit from ecosystem services, agricultural landscapes must include a mosaic of 

natural and semi-natural habitats to support high biodiversity (Ekroos et al., 2016; 

Tscharntke et al., 2005).  

Although habitat quality and management are important factors in explaining 

biodiversity within agricultural fields, the wider landscape matrix may also drive 

diversity (Clough et al., 2020), especially of highly mobile taxa, such as aerial 

invertebrates. Landscape composition and habitat patch diversity affects species 

abundance, richness and subsequent ecosystem services (Dunning et al., 1992; Reid et 

al., 2007; Wagner et al., 2000). It is commonplace for studies to examine the effect of 

landscape habitat complexity on a single or few focal taxa often belonging to key 

functional groups, for example, among invertebrates pollinators or biocontrol agents 

are often the focus (Birkhofer et al., 2016; Chaplin-Kramer et al., 2011; Dauber et al., 

2003; E. Martin et al., 2016; Steffan-Dewenter et al., 2002). However, studies 

investigating the effect of landscape at multiple spatial scales across multiple 
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functional groups are scarce (e.g. Birkhofer et al., 2018). It is known that the effects 

of landscape may operate at various spatial scales across different habitats driving the 

diversity and abundance of different organisms in idiosyncratic ways due to the 

diversity of their species traits (Schmidt et al., 2008; Chaplin-Kramer et al., 2011; 

Martin, Seo, Park, Reineking, et al., 2016). The ‘scale of effect’ (Jackson and Fahrig, 

2012) is not only determined by the scale of the movement of the organisms, but  also 

by more complex population dynamics processes beyond the scale of regular 

movement of individuals (Miguet et al., 2016), such as dispersal (Schmidt et al., 2008). 

The ‘mass effect’ (Shmida and Wilson, 1985) of dispersal from one area to another 

enhances species richness through source-sink dynamics, wherein the immigration 

(source) of organisms compensates for reduced fertility (sink) of local populations 

(Amarasekare and Nisbet, 2009; Mouquet and Loreau, 2003). Studies suggest that the 

dispersal distance of spiders (Araneae) can be relevant for spatial scales of >500m 

(Schmidt et al., 2008), bumblebees (Apidae) at ca. 600m (Dauber et al., 2003), 

hoverflies (Syrphidae) >2,000m (Moquet et al., 2018), whilst house flies (Muscidae) 

can disperse distances >5,000m (Nazni et al., 2005). The disparity in dispersal 

distances identifies the need to consider multiple spatial scales simultaneously when 

assessing the effects of landscape across multiple functional groups or taxa.  

 Taxa specialization may predict the relevance of different habitat patches to 

focal taxa (Krauss et al., 2003; Schmidt et al., 2008), and consequently increasing 

habitat complexity in the wider landscape can have positive and negative effects. For 

example, specialist taxa that exist in fragmented ‘islands’ of habitats may respond 

negatively to an increasing diversity of landscape habitats, which are different from 

their optimal habitat. Fahrig (2003) suggested that specialist organism diversity and 



Chapter 5  

 

64 
 

abundance loss can occur if only 20-30% of their required habitat remains in the wider 

landscape.  

It might be expected that high landscape complexity coupled with 

extensification of farming practices such as AESs should offset declines, maintain, or 

increase biodiversity. AES efficacy in biodiversity conservation may be constrained 

by landscape complexity, and AES effectiveness may be highest at intermediate levels 

of landscape complexity (Concepción et al., 2008). It is, therefore, expected that the 

benefits of environmentally friendly farming will likely be greatest in simpler 

landscapes (Tscharntke et al., 2005) 

This study aimed to test the effects of AES management and focal field habitat 

and their interaction on total and functional aerial invertebrate abundance and diversity 

in upland grasslands, whilst simultaneously accounting for surrounding landscape 

composition and complexity at multiple spatial scales. Aerial invertebrates are an 

abundant, taxonomically- and functionally rich group that provide many ecosystem 

services possessing a high dispersal capability. As such, aerial invertebrates are well 

suited for the investigation of suitable habitats at different spatial scales. The specific 

objectives were to explore the effect of landscape habitat composition and scales on 

aerial invertebrate functional groups and to explicitly test for mean differences in 

abundance and diversity between conventional and AES management across grassland 

types (semi-improved and improved) and their interaction. We predict that AES 

management would yield greatest benefits in intensive improved grasslands embedded 

in simple landscapes relative to more extensive semi-improved grasslands in more 

complex landscapes whilst the effects of landscape would vary across spatial scales 

for different functional groups.  
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4.3 Methods  

4.3.1 Study sites and experimental design 

 

Field surveys were conducted under dry weather conditions between June and 

September 2018, where paired fields were sampled within the same week, in 88 fields 

across upland regions of County Antrim, Northern Ireland (see Arnott, A et al. (2021) 

for a map of study sites). Fields were categorized by management (conventional or 

Agri-Environment Scheme) and habitat type (semi-improved and improved 

grassland). Areas of semi-natural habitat are increased under AES management and 

limits are placed on nitrogen (fertiliser) application for improved and semi-improved 

fields. Habitat types are designated by plant species richness where semi-improved 

grassland is moderately species-rich and contain <25% sown species (e.g. perennial 

ryegrass Lolium perenne and white clover Trifolium repens) and improved grasslands 

contain >25% sown species with a low percentage of native grasses maintained by 

intensive grazing, and regular ploughing and reseeding (DAERA, 2007). AES fields 

were selected first (n=44), then paired with a similarly sized (±2ha) conventionally 

managed control fields (n=44). Originally, 90 fields were surveyed, however, aerial 

invertebrate traps were destroyed by livestock in one field, therefore, this field and its 

paired conventional field were removed from analysis (n=88). Sites ranged from 0.26 

- 23ha and were paired within a 1km buffer to minimise spatial effects, focal fields 

were also selected on the basis of altitude (>150m above sea level), focal field habitat 

type, and whether three or more sides of the field bordered another field of the same 

management/habitat type in order to reduce edge effects.  To test the effect of focal 

field habitat type, each of the 44 AES/conventional pairs consisted of either two 

improved or two semi-improved fields, therefore 23 improved grassland fields and 21 

semi-improved grassland fields were selected. The unbalanced design was caused by 
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a lack of available semi-improved fields within a <1km buffer region, which was used 

to constrain the fields spatially. Study sites were selected using spatial datasets in 

ArcMap 10.8 (ESRI, California, USA). These included: 1) AES field parcels within 

schemes that were active from 2006 to 2019, and which had been part of the Northern 

Ireland Countryside Management Scheme (NICMS) for at least five years (provided 

by the Department of Agriculture, Environment and Rural Affairs (DAERA)); and 2) 

the UK Land Cover Map 2007 provided by the Centre for Ecology & Hydrology 

(CEH). 

 

4.3.2 Aerial invertebrate sampling 

 

Flight interception traps were fashioned from double-sided yellow sticky card (20 x 

25 cm) attached to a bamboo pole 1m aboveground and above vegetation level 

following Nelson et al. (2018). A single sticky trap was placed in the centre of each 

field and left for one week. This approach provides a basis for comparison of diversity 

estimates between conventional and AES managed fields in semi-improved and 

improved grasslands. The objective was not to exhaustively sample the aerial 

invertebrate fauna (an approach that would ideally require the use of replicate Malaise 

traps over many nights during each season, in each field, until species accumulation 

curve asymptotes are reached). Rather the goal was to provide an unbiased and 

comparative set of samples providing the basis for our hypothesis tests, i.e. consistent 

sampling density in each of our treatment groups (management and grassland habitat 

type). Consequently, each field was sampled using one trap. Whilst this approach may 

have undersampled rare species, we nevertheless applied a uniform sampling effort 

across treatment groups. To ensure our sample density was sufficient to demonstrate 
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effects, we conducted an a priori Power Analysis assuming our sample size and two 

2-level factors and their interaction. The minimum effect size detectable at 80% power 

was ≤0.22; characterised as a ‘small’ difference between groups (see Cohen, 1988).  

Upon collection, sticky cards were placed within individual clear plastic bags and 

transported to the laboratory, where invertebrates were removed from the sticky card 

using De-Solv-it®. This solvent has proved effective in removing invertebrates from 

sticky cards with minimal damage to specimens (Davidson et al., 2015). The card was 

placed in 50ml of solvent and agitated regularly to allow extraction of invertebrates by 

gently washing over a fine mesh with a drop of detergent and water before specimens 

were transferred to individual sample tubes with 70% ethanol for identification later. 

All adult invertebrates were identified to Family-level, and subsequently classified 

according to Chinery (1993) and Roberts (1995). An example of invertebrates 

collected can be seen in Fig. S1. Spiders were included in the analysis due to 

ballooning aerial dispersion of Linyphiidae spiders. The objective was to classify 

families into functional group: detritivores, herbivores, nectivores, predators and 

parasitoids (using Kimmins, 1950; New, 1975; Sunderland, Fraser and Dixon, 1986; 

Watson and Dallwitz, 2003; Coleman, Crossley and Hendrix, 2004; P, 2008; Jung and 

Lee, 2012; Traugott et al., 2015; Thorp and Rogers, 2015; Crotty et al., 2016; Bonacci 

et al., 2018; Epps and Penick, 2018). Where the invertebrate family group spanned 

more than one functional group across its life history, it was assigned to the group that 

most closely fitted its trophic traits during the adult phase of the life cycle in 

grasslands. For example, Scathophagidae (dung flies) have a diverse biology with 

detritivorous (dung feeding) larval stages whereas adults, although attracted to dung 

in great numbers for mating and egg laying, are obligate predators and feed on smaller 
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invertebrates (Blanckenhorn et al., 2018; Failes et al., 1992), and thus were classified 

as predators.  

 

4.3.3 Environmental parameters 

 

Land cover data were extracted from the Land Cover Map 2007 and the Northern 

Ireland Agri-Environment Scheme Map, which was supplied from the Agri-

Environment Scheme Branch, DAERA. As aerial invertebrates are highly mobile and 

capable of longer distance dispersal than many flightless invertebrates, spatial buffers 

were placed around the centroid of each field at varying scales of study: 100m, 250m, 

500m, 1000m and 5000m. Although some fields were larger than the smallest buffer, 

very few fields fell within this category and the larger buffers (>500m) were likely to 

capture landscape effects. The extent (area in hectares) of each habitat type therein was 

calculated and expressed as a percentage of each buffer (standardising extents across 

scales) for: improved grassland, semi-improved grassland, crop, scrub, woodland, bog, 

moor, heath & marsh and urban. Simpson’s Diversity Index (SDI) of habitat patches 

describing landscape complexity were also extracted for each buffer region (Fig. 1).  

Dung density was calculated from dung percentage cover recorded using three 

50x50cm quadrats placed randomly in the centre of each surveyed field. Dung density 

was used as an explanatory variable to help explain invertebrate detritivore diversity 

and abundance. Average plant species percentage cover and sward height were 

recorded from quadrats. Only total flowering (angiosperm) plant cover from quadrats 

was measured as explanatory variable for nectivore and herbivore diversity and 

abundance. Total abundance and SDI of non-predatory invertebrates were calculated 
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as explanatory variable to account for variation in invertebrate predator and parasitoid 

diversity and abundance.  

 

4.3.4 Statistical Analysis 

 

Given the high mobility of aerial invertebrates it was necessary to account for 

landscape-scale habitat effects and remove variation associated with these prior to an 

exploration of treatment (management and grassland habitat type) effects on different 

response groups. This involved initially selecting the optimal candidate scale at which 

each land cover variable affected each functional group. This was achieved by 

constructing a separate Generalised Linear Mixed Model (GLMM) for total 

invertebrate abundance and diversity (all groups summed) as well as for the abundance 

and diversity of each functional group separately (detritivores, herbivores, nectivores, 

predators and parasitoids); each fitted as the dependent variable (with a total of 12 

dependent variables). Initially, a suite of models fitted just one independent variable 

in each case, i.e. percentage land cover extent with a separate model for each candidate 

spatial scale e.g. Crop100, Crop250, Crop500, Crop1000 and Crop5000 and so on for each 

land cover habitat. It was anticipated that the smallest buffer size (100m) would likely 

contain data most able to explain within-field invertebrate diversity and abundance. 

Consequently, the 100m scale was selected a priori, except where a model retaining a 

different scale had an ΔAICc ≤2 (i.e. the difference in the Akaike Information Criterion 

corrected for sample size was less than 2 units different from the 100m scale model), 

and with a higher R2 value (i.e. we could be certain that a lower spatial resolution 

(larger buffer) had greater explanatory power than the 100m buffer).  
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Selected spatial scales for each land cover type were taken forward for final multi-

scale model building after testing mixed scales for multicollinearity using Variance 

Inflation Factor (VIF) and Pearson’s Correlation Coefficient values indicated by the 

thresholds of <10 and <0.7 respectively (Humphreys et al., 2019; Zuur et al., 2010). If 

any set of collinear explanatory variables exceeded these thresholds, one of each set 

of significant bivariates was excluded from GLMM analysis. 

Access to sampling sites and availability of habitats and management types above 

our elevation threshold for uplands resulted in loose clusters of pairs. Moran’s I tests 

found significant spatial autocorrelation in abundance and diversity data between sites, 

therefore, Principal Coordinates of Neighbourhood Matrix (PCNM) eigenvectors of 

the distance matrix of X and Y coordinates of each field was used to model potential 

spatial dependence between pairs and clusters (following Borcard and Legendre, 2002; 

Maaß et al., 2014; Caruso et al., 2017). ANOVA testing of models identified the 

PCNM axes that were significantly associated with variation in aerial invertebrate 

abundance and diversity and were retained in our analyses. Field Pair Identity was 

additionally fitted as a random factor in the analysis.  

Each final model was constructed fitting non-collinear, selected, multi-scale land 

cover variables as independent variables with dung density, flowering plant cover, and 

total non-predator abundance as appropriate to each trophic level being modelled (see 

above). A negative binomial distribution was used for abundance models and a 

Gaussian distribution for diversity models as was appropriate for the dependent 

variables. Multimodel selection of all subset models (all possible variable 

combinations) was used to select the single best model using AICc. Management 

(conventional or AES), Focal field (improved or semi-improved grassland) and their 

interaction (Management*Focal field) were forced in all models as these were the key 
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independent variables of interest. All variables were standardised to have a mean equal 

to 0 and a standard deviation of 1 before analysis so regression coefficients were 

directly comparable. To test whether the data met the assumptions of homogeneity of 

variance and the selected distribution of each model, residuals were assessed using 

summary statistics, histograms and QQ-Plots. Model fit was described using R2 and 

the significance of each variable using p values. The modelled estimated marginal 

means (predicted values) ± SE were derived for the interaction of Management*Focal 

field and compared using pair-wise Tukey tests after accounting for spatial 

autocorrelation and variation in land cover and environmental variables fitted at their 

average value (i.e. the effect of management independent of landscape-scale drivers) 

and plotted using Violin graphs.  

Aerial invertebrate abundance was reduced to two axes using Redundancy Analysis 

(RDA) to visualize invertebrate community composition.  Raw counts were Hellinger-

transformed prior to analysis to ensure that the underlying Euclidean distance of metric 

methods (RDA) could be used as a meaningful ecological distance metric (Legendre 

and Gallagher, 2001). Permutational ANOVA approaches were then used to test for 

significance and quantify the effects of all constraining variables within the RDA after 

taking into account the effect of spatial eigenvectors.   

4.4 Results 

4.4.1 Aerial insect diversity 

 

A total of 29,506 aerial invertebrates belonging to 77 families were identified from 

sticky traps (Table S1). Diptera flies represented 29% of families and were the most 

abundant taxa (25,006 individuals) with Muscidae house flies being the most common. 

Hymenoptera bees, wasps and ants were the most taxon rich order (23 families, 30%), 

but roughly an order of magnitude less abundant than flies (2,718 individuals). They 
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were represented mainly by Ichneumonidae parasitoid wasps, with a few Vespidae 

wasps and Apoidea bees (643, 20 and 11 individuals respectively). Predators 

comprised the largest functional group (40% of all invertebrates, Fig. 2), comprised 

largely of Muscidae house flies (4,574), Scathophagidae dung flies (3,160) and 

Dolichopodidae long-legged flies (2,653). Herbivores were also notably common 

(30%), with Anthomyiidae root-maggot flies (3,789) and Cecidomyiidae gall midges 

and gnats (2,918) representing the largest groups. Syrphidae hoverflies were the most 

dominant nectivores (1,749), and Mycetophilidae fungus gnats represented over half 

of the detritivore group (1,104). 

Improved grasslands had higher total invertebrate abundance than semi-improved 

grasslands (Fig. 4.2). Detritivores and nectivores were more common in semi-

improved grasslands, predators were more common in improved grasslands while 

herbivores and parasitoids showed no clear pattern (Fig. 4.2). Redundancy Analysis 

(RDA) captured 16% of variance in aerial invertebrate taxa (Fig. C4, Table C3). 

Permutational ANOVA tests to assess the significance of the constraining variables 

within the axes of RDA suggested that invertebrate families varied between Habitats 

but not management (Table C4).  

4.4.2 Multi-scale land cover and environmental variation 

 

Across spatial buffers from 100m to 5,000m, the mean proportional extent of each land 

cover habitat varied from 23.7 – 58.1% for improved grassland, 16.3 – 34.1 % for 

semi-improved grassland, 2.8 – 11.3% for crop, 1.8 – 15.3% for bog, moor, heath & 

marsh, 0.4 -2.2% for woodland, 0.3 – 1.3 % for scrub, and 0.5 – 0.8% for urban land 

cover; mostly representing farm buildings (Fig. C2). The extent of land cover across 

spatial scales varied with percentage area of bog, moor, heath and marsh and scrub 
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increasing with increasing spatial scale (from 100-5000m), while the rest tended to 

decline with increasing spatial scale (Fig. C2). 

Final multi-scale GLMM models (Table 4.1) had R2 values from 0.22 - 0.63 for 

functional group abundance (detritivores > predators > nectivores > parasitoids > 

herbivores), and 0.41 - 0.67 for SDI (parasitoids > herbivores >  nectivores  > 

detritivores > predators).  

Principal Coordinates of Neighbourhood Matrix (PCNM) eigenvectors 1 and 7 

were included in all models to account for spatial autocorrelation, but were significant 

for total aerial invertebrate abundance, herbivore, nectivore and predator abundance 

and herbivore and parasitoid diversity. 

The land cover variables, and their optimal selected spatial scales, included in top 

models varied between functional groups. Total invertebrate abundance was 

significantly positively associated with improved grassland at 100m (58.1% mean 

cover) and urban at 500m (0.8 mean cover). Total invertebrate diversity (SDI) was 

negatively associated with semi-improved grassland at 250m (29.0% mean cover), 

scrub at 1km (1.1% mean cover) and woodland at 500m (0.5% mean cover).  

Detritivore abundance was positively associated with urban at 500m (0.8 mean 

cover) and habitat SDI at 250m but negatively associated with crop at 1km (9.3% mean 

cover). Detritivore SDI was negatively associated with crop cover at 5km (2.8% mean 

cover). Dung was not significantly associated with detritivore abundance nor SDI 

though was retained in the top model for detritivore abundance indicative of 

contributing some variation. 

Herbivore abundance was positively associated with habitat SDI at 250m, improved 

grassland at 250m (53.2% mean cover) and flowering plant cover (Fig. C3-a), and 
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negatively associated with scrub at 1km (1.1% mean cover). Herbivore SDI positively 

associated with habitat SDI at 100m but negatively associated with bog, moor, heath 

& marsh at 1km (7.1% mean cover) and flowering plant cover (Fig. C3-b). 

Nectivore abundance was positively associated with woodland at 100m (2.2% mean 

cover) and negatively associated with flowering plant cover (Fig. C3-c), scrub at 1km 

(1.1% mean cover) and habitat SDI at 5km. Nectivore SDI was positively associated 

with urban at 1km (0.7% mean cover), crop at 250m (10.9% mean cover) and with 

flowering plant cover (Fig. C3-d). Nectivore SDI was negatively associated with 

habitat SDI at 500m and bog, moor, heath & marsh at 5km (15.4% mean cover).  

Predator abundance was positively associated with prey abundance but negatively 

associated with bog, moor, heath & marsh at 5km (15.4% mean cover). Predator SDI 

was negatively affected by woodland at 500m (0.50% mean cover), and scrub at 1km 

(1.1% mean cover). 

Parasitoid abundance was negatively associated with scrub at 1km (1.1% mean 

cover). Parasitoid SDI was positively associated with improved grassland at 5km 

(23.7% mean cover), habitat SDI at 500m and total invertebrate SDI. Parasitoid SDI 

was negatively associated with scrub at 1km (1.1% mean cover) and crop at 5km (2.8% 

mean cover). 

The two-level factor of Focal field type (improved or semi-improved grassland) 

may have been a surrogate for improved or semi-improved grassland percentage cover 

within the smallest spatial scales (100m and 250m) whilst the latter may have been 

selected in some final models (i.e. total aerial invertebrate abundance and diversity, 

herbivore and nectivore abundance) because as a covariate it would have explained 

more variation than a two-level factor. Thus, to test these potentially confounding 
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effects these specific models were re-run excluding percentage cover within buffers to 

test if the significance of Focal field type changed. In all cases, the significance of the 

latter did not change substantially, and thus, percentage cover values within buffers 

were retained and reported.   

 

4.4.3 Agricultural management 

 

Total aerial invertebrate abundance was not significantly influenced by Management, 

Focal field type (improved or semi-improved grassland) or their interaction (Table 

4.1a; Fig. 4.3a). Total SDI was significantly affected by Management (Table 4.1a), 

being 5% higher under AES than conventional management consistent across 

grassland types (Fig. 4.3b). 

Detritivore abundance was negatively associated with conventional management 

across both grassland types (Table 4.1b). The Management*Focal Field interaction 

significantly affected detritivore abundance where AES management was associated 

with higher detritivore abundance in improved but lower abundance in semi-improved 

grassland (Fig. 4.3c). Additionally, The Management* Focal Field interaction 

significantly affected detritivore SDI with AES management associated with higher 

detritivore abundance in improved but lower abundance in semi-improved grassland 

(Fig. 4.3d). Diversity was 58% higher in improved than semi-improved grasslands. 

Herbivore abundance was significantly affected by the interaction of 

Management*Focal Field type (Table 4.1c) being higher in AES than conventional 

improved grasslands yet lower in AES than conventional semi-improved grassland 

(Fig. 4.3e). Herbivore diversity was unaffected by Management, Focal field type and 

their interaction (Table 4.1c). 
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Nectivore abundance was significantly affected by the interaction of 

Management*Focal Field type (Table 4.1d) being similar between AES than 

conventional improved grasslands yet higher in conventional than AES semi-improved 

grasslands (Fig. 4.3g). Nectivore diversity was unaffected by Management, Focal field 

type or their interaction (Table 4.1d). 

Predator abundance was significantly affected by Management being generally 

higher in conventionally managed grasslands (Table 4.1e) with a significant 

interaction of Management*Focal Field type being higher in conventional than AES 

improved grasslands but lower in conventional than AES semi-improved grasslands 

(Fig. 4.3i). Predator diversity was significantly higher in improved grasslands (Table 

4.1e; Fig. 4.3j) and significantly higher in AES than conventionally managed 

grasslands consistent across both improved and semi-improved grassland types (Fig. 

4.3j). 

Parasitoid abundance and diversity were unaffected by Management, Focal field 

type or their interaction (Table 4.1f; Fig. 4.3k-l) 

 

 

 



Chapter 5  

 

77 
 

 

Figure 4.1.  Example of two sampled focal fields: one with low and the other with high habitat 

Simpson’s Diversity Index in the surrounding landscape up to 500m (note buffers of 1,000 and 5,000m 

are excluded from this illustration for the purposes of presentation but data were included in analyses).  
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Figure 4.2 Relative abundance of each functional group across management of focal field types.   
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Table 4.1. Single best GLMM for a) total aerial invertebrate abundance and SDI, b) detritivore 

abundance and SDI, c) herbivore abundance and SDI, d) nectivore abundance and SDI, e) predator 

abundance and SDI, and f) Parasitoid abundance and SDI. Symbol “-” indicates variables that were not 

in the model for either abundance or SDI. 

Model Explanatory Variables Abundance SDI 

 Standardised 
estimate ± SE 

p Standardised 
estimate ± SE 

p  

(a) Total aerial invertebrates  (R2 = 0.24) (R2 = 0.60)  

Improved grassland (100m) 0.267 ± 0.087 0.002 - -  
Semi-improved grassland (250m) - - -0.051 ± 0.020 0.012  

Scrub (1km) - - -0.067 ± 0.023 0.003  

Urban (100m) - - -0.031 ± 0.019 0.096  
Urban (500m) 0.207 ± 0.047 <0.001 - -  

Woodland (500m) - - -0.049 ± 0.019 0.013  

PCNM1 2.681 ± 0.575 <0.001 0.396 ± 0.227 0.080  

PCNM7    1.824 ± 0.581 0.002 -0.260 ± 0.205 0.204  

Management (conventional) -0.080 ± 0.135 0.553 -0.105 ± 0.044 0.019  

Focal field (improved) 0.125 ± 0.172 0.468 0.050 ± 0.063 0.429  
Management (conventional) * Focal field 

(improved) 

Factorial 0.078 Factorial 0.761  

      
(b) Detritivores (R2 = 0.63) (R2 = 0.42)  

Dung 0.078 ± 0.045  0.086 - -  

Crop (1km) -0.040 ± 0.020 0.020 - -  
Crop (5km) - - -0.081 ± 0.037 0.028  

Habitat SDI (250m) 1.788 ± 0.730 0.014 - -  

Urban (500m)  0.376 ± 0.154 0.015 - -  
PCNM1 2.390 ± 1.253 0.056 0.641 ± 0.097 0.097  

PCNM7 1.524 ± 1.094 0.163 0.220 ± 0.358 0.538  

Management (conventional) -0.430 ± 0.218 0.049 -0.188 ± 0.083 0.022  
Focal field (improved) 0.387 ± 0.330 0.241 0.535 ± 0.102 <0.001  

Management (conventional) * Focal field 

(improved) 

Factorial 0.029  Factorial <0.001  

      

(c) Herbivores (R2 = 0.22) (R2 = 0.60)  

Flowering plant cover 0.220 ± 0.099  0.027 -0.097 ± 0.045  0.032  
Bog, moor, heath & marsh (1km) - - -0.191 ± 0.043 <0.001  

Habitat SDI (100m) - - 0.302 ± 0.175 0.085  

Habitat SDI (250m) 1.811 ± 0.734 0.013 - -  
Improved grassland (250m) 0.485 ± 0.180  0.006 - -  

Scrub (1km) -0.331 ± 0.095 <0.001 - -  

PCNM1 2.530 ± 1.189  0.033 1.104 ± 0.447 0.013  
PCNM7 2.315 ± 1.014  0.022 -0.357 ± 0.433 0.409  

Management (conventional) -0.225 ± 0.246 0.358 -0.011 ± 0.090 0.896  
Focal field (improved) 0.287 ± 0.334 0.390 0.226 ± 0.123 0.067  

Management (conventional) * Focal field 

(improved) 

Factorial 0.036 Factorial 0.556  

      

(d) Nectivores  (R2 = 0.55) (R2 = 0.56)  

Flowering plant cover -0.303 ± 0.090 <0.001 0.096 ± 0.044 0.032  
Bog, moor, heath & marsh (5km) - - -0.101 ± 0.041 0.012  

Crop (250m) - - 0.104 ± 0.048 0.031  

Scrub (1km) -0.350 ± 0.091 <0.001 - -  
Semi-improved grassland (250m) -0.160 ± 0.089 0.071 - -  

Urban (1km) - - 0.083 ± 0.041  0.046  

Woodland (100m) 0.252 ± 0.102  0.013 - -  
Habitat SDI (500m) - - -2.130 ± 0.626 <0.001  

Habitat SDI (5km) -3.909 ± 1.468 0.007 - -  

PCNM1 4.556 ± 0.929   <0.001 0.596 ± 0.456 0.191  
PCNM7 1.884 ± 0.850 0.027 0.429 ± 0.419 0.307  

Management (conventional) -0.125 ± 0.192 0.515 0.052 ± 0.091 0.556  

Focal field (improved) 0.037 ± 0.262 0.885 0.110 ± 0.122 0.367  
Management (conventional) * Focal field 

(improved) 

Factorial 0.045 Factorial 0.392  

      
(e) Predators  (R2 = 0.61) (R2 = 0.41)  

Bog, moor, heath & marsh (5km) -0.506 ± 0.080 <0.001 - -  

Crop (5km) 0.155 ± 0.083  0.064 - -  

Scrub (1km) - - -0.128 ± 0.031  <0.001  

Woodland (500m) - - -0.075 ± 0.029  0.010  

Non-predator abundance 0.001 ± 0.005 0.036 - -  
Habitat SDI (100m) 0.547 ± 0.317  0.084 - -  
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Table 1 continued      
PCNM1 -3.873 ± 1.021 <0.001 -0.402 ± 0.307 0.190  

PCNM7 1.583 ± 0.799 0.047 -0.287 ± 0.320 0.370  

Management (conventional) 0.320 ± 0.167 0.055 -0.258 ± 0.073 <0.001  
Focal field (improved) -0.022 ± 0.227 0.921 0.173 ± 0.090 0.055  

Management (conventional) * Focal field 

(improved) 

Factorial 0.034 Factorial 0.418  

      

(f) Parasitoid (R2 = 0.52) (R2 = 0.67)  

Crop (5km) -0.256 ± 0.135 0.057 -0.112 ± 0.045 0.014  
Improved grassland (5km) - - 0.108 ± 0.041 0.009  

Scrub (1km) -0.312 ± 0.119 0.008 -0.106 ± 0.047 0.023  

Habitat SDI (100m) 0.853 ± 0.461 0.064 - -  
Habitat SDI (500m) - - 2.351 ± 0.628 <0.001  

Total aerial invertebrate SDI - - 0.952 ± 0.195  <0.001  

PCNM1 2.061 ± 1.037 0.132   -1.002 ± 0.489 0.041  
PCNM7 -1.494 ± 1.11 0.178 -0.125 ± 0.426 0.769  

Management (conventional) -0.230 ± 0.236 0.328 -0.079 ± 0.092 0.386  

Focal field (improved) 0.531 ± 0.331 0.108 -0.164 ± 0.126 0.191  
Management (conventional) * Focal field 

(improved) 

Factorial 0.687 Factorial 0.753  
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(a) Total abundance 

 

 

 

(b) Total SDI 

 

 

 

(c) Detritivore 

abundance 

 

 

 

(d) Detritivore SDI 

 

 

 
 

(e) Herbivore abundance 

 

 

(f) Herbivore SDI 

 

 

(g) Nectivore abundance 

 

 

(h) Nectivore SDI 

 

 
    

(i) Predator abundance 

 

 

(j) Predator SDI 

 

 
 

(k) Parasitoid abundance 

 

 
 

(l) Parasitoid SDI 

 

 

Figure 4.3. Violin plots showing data density and spread of GLMM estimated marginal (predicted) means 

values for (a) total invertebrate abundance and (b) SDI, (c) detritivore abundance and (d) SDI, (e) herbivore 

abundance and (f) SDI, (g) nectivore abundance and (h) SDI, (i) predator abundance and (j) SDI, (k) parasitoid 

abundance and (l) SDI.  

 



Chapter 5  

 

82 
 

 

4.5 Discussion  
 

The diversity and abundance of aerial invertebrate functional groups exhibited 

idiosyncratic landscape-scale ecologies with each associated with different habitats at 

different, multiple, spatial scales. After accounting for spatial autocorrelation and 

landscape-scale land cover effects, total aerial invertebrate diversity was higher in AES 

compared to conventional fields and detritivore diversity and abundance were higher 

in AES than conventional fields in improved grassland, while predator diversity was 

lower but abundance higher in AES than conventional fields. In marginal upland fields, 

AES management should be encouraged to maintain intermediate levels of habitat 

complexity, to support the functioning of aerial invertebrate taxa in agricultural 

landscapes.  

 

4.5.1 Agri-environment scheme management  

 

Detritivore (mostly Mycetophilidae fungus gnat with some Coleoptera beetle) 

diversity and abundance were higher in grassland fields under AES management 

though a significant interaction with grassland type suggested contrasting responses 

with greater benefits observed in improved than semi-improved systems. Improved 

grasslands, as the more intensive production system (with lower baseline biodiversity) 

are likely to gain most from environmentally friendly management. 

Predator (mostly adult Muscidae house fly, Scathophagidae dung fly and 

Dolichopodidae long-legged fly) diversity was consistently positively associated with 

AES management of both improved and semi-improved grasslands likely reflecting an 

association with increased total aerial invertebrate abundance providing a larger prey 
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base. Hambäck et al. (2020) reported that Dipteran predators were positively 

associated with AES management of orchards. The effect of AES management on 

predator abundance was less clear with greater numbers of predators in conventional 

improved fields, though numbers were largely similar across other treatment groups. 

The results, therefore, suggest that AES management does yield greater benefits for 

some, but not all, taxa, with the greatest benefits seen in homogenous grasslands.  

 

4.5.2 Landscape scale composition and local effects 

Landscape habitat composition was an important driver of many aerial invertebrate 

functional groups at different scales. Abundance and diversity of invertebrates did not 

often respond to the same habitat type and reacted at different scales. Without direct 

observational methods, which was beyond the scope of this study, it is difficult to 

predict the most suitable habitats for invertebrate taxa at a landscape scale. Even then, 

there are indirect effects of habitat quality, mediated through plant diversity that can 

also influence the scales at which invertebrates respond to habitat. Patterns of aerial 

invertebrate community dynamics can also be driven by landscape habitat size, shape, 

and fragmentation (Concepción et al., 2008; Krimmer et al., 2019). Individuals within 

functional groups can have enormously different resource requirements to complete 

their life cycle (such as bees and hoverflies for example), and, therefore, this makes 

the evaluation of landscape suitability particularly difficult. Nevertheless, the results 

from this exploratory modelling approach suggest that it is important to take into 

account landscape composition and the scale at which taxa may respond, to provide an 

indication of beneficial habitats for invertebrate functioning, and associated ecosystem 

services to enable better planning for future agri-environment schemes.  
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Detritivore abundance was positively associated with urban land cover at close 

proximity (500m). Based on GIS maps these instances reflect farm buildings, rather 

than large urban developments. This and the higher detritivore diversity on 

conventionally managed improved grasslands may be explained by proximity to 

farmyards and higher livestock densities (dairy cattle are kept at higher density than 

beef cattle and grazed closer to the farm due to milking requirements with fields 

receiving higher fertiliser inputs). Thus, it might be expected that dung resources, both 

cowpats in fields but also slurry tanks in farmyards would provide food resources and 

breeding substrates for detritivores increasing diversity and abundance (Clough et al., 

2007). Detritivore diversity and abundance were negatively associated with arable 

crops; likely due to the absence of dung and slurry application in such fields, which 

are typically managed with inorganic nitrogen-potassium-phosphorus (NPK) 

fertilizers. Habitat complexity (high Simpson’s Diversity Index) at the local 250m 

scale was positively associated with detritivores, which tend to be less migratory when 

feeding/breeding resources are nearby (Krosch et al., 2011; Worthen, 1989). 

Detritivorous Diptera and Coleoptera play important roles in dung decomposition and 

leaf litter shredding; valuable ecosystem services necessary for nutrient cycling (Frank 

et al., 2017). Although there was no significant association with dung density in the 

study, dung density was retained in the single best model of detritivore abundance 

suggesting a direct effect which may not have been adequately captured due to the 

small quadrat size and low replication within fields making the quantification of 

stochastically scattered dung difficult.  

Predators were overwhelmingly dominated by three main taxa: adult Muscidae 

house flies, Scathophagidae dung flies and Dolichopodidae long-legged flies. 

Consequently, landscape habitat effects were probably driven by the life histories of 



Chapter 5  

 

85 
 

Diptera. The abundance of non-predatory invertebrates (potential prey) was positively 

associated with predator abundance. Invertebrate predators provide pest biocontrol and 

suppress crop pests i.e. herbivores (Martin et al., 2016). Herbivore abundance was 

negatively associated with scrub at the 1km scale, with predator diversity exhibiting 

the same relationship potentially indicative of bottom-up effects. Predator abundance 

was positively associated with crops at the largest 5km scale perhaps further reflecting 

their role in pest control where arable crops host key prey such as aphids and other sap 

sucking Hemiptera. Generally, Dipteran predators are often found in close proximity 

to woodland (Pfister et al., 2017), as many larvae develop in rotting bark (Hambäck et 

al., 2020). Nevertheless, Dolichopodidae long-legged flies have been shown to have a 

negative association with woodland (Pfister et al., 2017), which may explain the 

negative effects of woodland and scrub on predator diversity here given how common 

this taxa was in our samples. Predators were negatively associated with bog, moor, 

heath and marsh at the largest 5km scale. These habitats have waterlogged acidic 

substrates which inhibit the aerobic decomposition of leaf litter and thus may provide 

poor habitats for the often detritivorous larvae of adult Diptera predators. 

Herbivore diversity and abundance were positively associated with 

surrounding land cover diversity, suggesting plant diversity in the immediate vicinity 

was an important factor. Whilst herbivore abundance was positively associated, 

diversity was negatively associated with flowering plant cover. Sampled grasslands 

were overwhelmingly dominated by perennial ryegrass, thus the result may not suggest 

herbivores are associated with flowers per se (as might be expected for nectivores), 

but rather they are associated with herbaceous weeds. These can provide a high density 

of plant leaves on which to feed, supporting higher abundances of herbivores. Where 

weed communities were dominated by a few key species this may have had a 
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homogenising effect on herbivore diversity. Herbivores were more abundant with a 

higher cover of improved grassland within 250m with data suggesting that vegetation 

height was substantially taller in such swards likely reflecting their more intensive 

management, including fertiliser application, for the purposes of silage production. 

Taller swards provide a greater biomass of grass on which herbivores can feed, 

increasing abundance. Scrub, bog, moor, heath and marsh are mostly dominated by 

woody biomass providing less attractive feeding opportunities for folivores than 

grassland swards, perhaps explaining their negative effects on herbivore diversity and 

abundance at the 1km scale (Martin et al., 2016). 

Nectivore diversity was positively associated with flowering plant cover, in 

contrast to abundance, which was negatively associated with flowering plant cover. 

Kleijn and van Langevelde (2006) suggested that there is an interaction between flower 

cover and semi-natural habitats, where there is only a positive effect of flower cover 

on hoverfly abundance in semi-natural landscapes. Lucas et al. (2017) reported that 

hoverfly abundance increased with flowering cover only in semi-natural grasslands. 

The Syrphidae hoverflies exhibit strong preferences for certain flower morphotypes, 

and this can be influence syrphid species body size (Klecka et al., 2018). Thus, it may 

be that flowering plant species in the swards of the agricultural grasslands studied here 

represent a less favoured species assemblage (i.e. providing fewer open-type flowers), 

and as most fields were dominated by ryegrass, characteristic of highly managed 

grasslands, this may not be sufficient to support a high abundance of nectivores. 

Haenke et al. (2009) found hoverfly abundance was higher in simpler landscapes 

within <1km from their study sites with nectivore diversity and abundance in the 

current study negatively associated with land cover diversity within 500m and 5km 

respectively.  
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Parasitoids are supported by landscapes with high habitat diversity (Balzan et 

al., 2016; Chaplin-Kramer et al., 2011; Haan et al., 2020) and our results suggest 

parasitoid diversity and abundance were positively associated with land cover 

diversity within 500m and 100m respectively. Parasitoids are usually highly host 

specific (Pennacchio and Strand, 2006) with parasitoid community diversity positively 

associated with total aerial invertebrate diversity. Parasitoid diversity and abundance 

was negatively associated with crop (5km) and scrub (1km), in contrast, it was 

positively associated with improved grassland (5km). This may be due to trophic 

cascades, wherein parasitoids are controlled from the bottom up, i.e. improved 

grassland was positively associated with herbivores while crop and scrub was 

negatively associated with herbivores and detritivores, which may reflect parasitoid 

associations with their hosts. 

The present study suggests that land cover drives aerial invertebrate functional 

group diversity and abundance at multiple spatial scales in highly complex ways, more 

than agricultural management, and that different factors drive invertebrate abundance 

and diversity. Nevertheless, total aerial invertebrate diversity was higher in AES 

compared to conventional fields and some functional groups (detritivores and 

predators) responded to AES management of improved and semi-improved upland 

grasslands, which may contribute to the maintenance or enhancement of ecosystem 

service delivery (nutrient cycling and pest biocontrol). Whilst the impact of AES 

management was greatest on predators in improved grasslands the effects on other 

functional groups varied between improved and semi-improved grasslands making 

generalisation difficult. Thus, AES management cannot be viewed as a blanket 

positive approach to biodiversity conservation being highly dependent on surrounding 

landscape context. Landscape scale effects are complex and disentangling their impact 
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on management will require significant understanding of habitat scale effects of 

multiple functional groups. We demonstrate that explicitly accounting for multi-scale 

landscape effects is necessary when assessing the impact of agricultural management 

on highly mobile taxa.  
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5.1 Abstract 
 

Diversity-stability relationships remain at the forefront of scientific debate, with 

studies assessing the effect of biodiversity on system stability, but few regarding the 

effects of landscape-scale multi-dimensional stability measures and local farmland 

management on biodiversity, and functioning of food webs. Here, we use a complete 

community dataset of invertebrates sampled across agri-environment scheme and 

conventional upland grassland field sites establish the effects of habitat, agri-

environment scheme management and stability measures on food web patterns. Our 

results show that increasing variability and instability of a system decreases the 

complexity of invertebrate food webs, and agri-environment scheme management 

supports a greater diversity of invertebrates. This study implies that landscape stability 

and local agri-environment scheme measures are essential for increasing invertebrate 

functional diversity.  
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5.2 Introduction 

 

Grassland ecosystems undergo a range of perturbations, both natural (such as 

droughts) and human-induced (Kleijn et al., 2004), such as agricultural intensification 

(i.e. ploughing, harvesting silage, and inputs of artificial chemicals). These 

perturbations can vary in intensity and frequency and can affect ecological stability 

(Miller, Roxburgh and Shea, 2011; Macdougall et al., 2013). In this context, ecological 

stability is defined in a range of different ways, including variability, resistance, 

recovery and persistence among others (Pimm, 1984; Tilman and Downing, 1994; 

McCann, 2000; Ives and Carpenter, 2007). These multiple measures of stability, in 

combination, capture a range of system behaviours and responses to press and pulse 

perturbations and are directly related to the biodiversity of a given system (Johnson et 

al., 1996; Fjeldsa and Lovett, 1997; Worm and Duffy, 2003; Donohue et al., 2013). 

Complex relationships exist between the multidimensional elements of ecosystem 

stability, as well as their relationships with taxa and trophic webs. Studies that focus 

on only one measure of stability can underestimate the impacts that perturbations can 

have on ecological communities (Donohue et al., 2013). The projected increase of loss 

of biodiversity, caused by agricultural intensification and climatic events, indicates a 

need to understand the mechanisms that drive ecological communities, not simply at 

the plot or field level, but at larger landscape scales (White et al., 2020).  

Agricultural grasslands are important, comprising approximately 30% of the 

Earth’s surface (Thébault et al., 2014), and within grasslands agri-environment 

schemes (AESs) support conservation-based farming, with practices such as lower 

stocking densities, and reductions of inorganic fertilisers, mowing and harvesting. 

Increased agricultural intensification can result in structural changes to the grassland 
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ecosystem. The relationship between increasing plant species diversity and resistance 

of the system to disturbance remains controversial, with both positive (Craine et al., 

2013; Isbell et al., 2015; Prieto et al., 2015; Haughey et al., 2018) and negative 

relationships linking these (Schmid and Pfisterer, 2002; Wang, Yu and Wang, 2007; 

Van Ruijven and Berendse, 2010; Wright et al., 2015). Functional traits within the 

ecosystem can determine the resistance of ecosystems to disturbances and trade-offs 

can occur between above and below-ground productivity under perturbed conditions 

(Kahmen, Perner and Buchmann, 2005). 

The loss of biodiversity in itself can affect the functioning and resistance of the 

ecosystem, and the stability of the system itself will inevitably affect biodiversity. 

Predicting the consequences of biodiversity loss in ‘real’ systems is constrained by 

limited knowledge of interactions within trophic webs (Reiss et al., 2009). Complex 

interactions of parasitism, predation, pollination and decomposition within 

invertebrate webs determine biodiversity, multifunctionality and ecosystem stability 

and service delivery (Tylianakis et al., 2008).  Aquatic invertebrate trophic webs have 

been well characterised (Chase, 2000), and many exhibit differing levels of resilience 

and resistance to perturbations (Downing and Leibold, 2010). Terrestrial invertebrate 

webs have, generally, been limited to parasitoid-host or predator-prey interactions 

(Memmott, Martinez and Cohen, 2000), whilst very few investigate entire-ecosystem 

communities. Increasingly, studies investigating terrestrial ecosystem stability focus 

on plants, and ignore other trophic levels, which will undoubtedly affect ecosystem 

functioning through their consumptive effects on primary producers. For example, the 

interaction of soil fauna pathways with plant diversity and ecological feedback 

mechanisms, positively influence the trophic links with invertebrates and related 

ecosystem functioning e.g. nutrient cycling (Flohre et al., 2011; Wagg et al., 2019).  
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Invertebrates are responsive to a range of climatic and agricultural management 

perturbations; recent reports have suggested large general declines of invertebrates in 

both biomass and average occupancy, compared with other taxonomic groups 

(Outhwaite et al., 2020), driven by climatic and agricultural management changes (Fox 

et al., 2014).  

Stability measures are often characterised by resistance, variability and 

resilience (also termed engineering resilience or recovery). The resistance of a system 

reflects the magnitude of change following a perturbation event, i.e. an ecosystem is 

less resistant to an event if it deviates further from the baseline of variability. 

Variability therefore represents the variation in stability (productivity) within the 

grassland ecosystem. The resilience of a system is measured by its capacity to recover 

over time after a perturbation (Pimm, 1984). Recently, methods set out by White et 

al., (2020) derive measures of stability from remote sensing data such as the Enhanced 

Vegetation Index, representing the “greenness” or productivity in a landscape. This 

novel method quantifies stability measures at the landscape scale that reflect small-

scale studies at the field level, and can account for environmental noise. Using remote-

sensing data in this way to quantify multiple ecological stabilities makes it possible to 

infer best practices for management at a landscape level whilst accounting for broad 

scale patterns of ecosystem stability.  

Overall, there is a significant knowledge gap in upland grasslands on the effects 

of stability of these ecosystems and intensification on entire terrestrial invertebrate 

food webs. Stability-biodiversity patterns are usually associated with biodiversity (e.g. 

of plants) affecting local system stability (Tilman and Downing, 1994). However, as 

one affects the other, it is important to investigate whether the stability of a larger 

landscape affects local biodiversity, in this case, associated with mobile invertebrates. 
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Here, we overcome these limitations by testing whether food web and community 

patterns at local scales are influenced by large scale patterns in landscape stability and 

whether management influences system stability in turn. We hypothesise that there 

will be effects of management on invertebrate community composition and structure 

in focal fields mediated through the indirect effects of wider environmental stability.  

 Specifically, we tested the effects of field habitat (improved vs. semi-

improved) and management types (conventional vs. AES) on stability measures 

derived from remote-sensing EVI data. Additionally, we go beyond the traditional 

trophic-level constraints in previous research by integrating the entire above- and 

belowground invertebrate community. We use a dataset of 43,735 invertebrates 

sampled across 90 upland grassland field sites to create multi-trophic food webs at 

each site and analyse the effects of habitat, management and stability measures on food 

web patterns.  

 

5.3 Methods  

5.3.1 Study sites and experimental design 

 

The study was conducted in 90 upland grassland fields (area range: 0.26 – 

23ha) in County Antrim, Northern Ireland. AES fields (n = 45) were selected first from 

an Agri-Environment Scheme (AES) map provided by the Department of Agriculture, 

Environment and Rural Affairs (DAERA). These were then paired with 45 

conventionally-managed fields which were selected from the UK Land Cover Map 

2007 (Centre for Ecology & Hydrology, 2011).  Field pairs were similarly sized and 

<1km distant to reduce regional and spatial effects. Fields were restricted to upland 

regions by selecting only those that were >150m above sea level (following Flexen, 

O’Mahony and McAdam, 2013). At the time of the survey, AES fields had been part 
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of the Northern Ireland Countryside Management Scheme (NICMS) for at least 5 

years. Land cover was used to distinguish between semi-improved and improved 

habitats for each field. Within each of the 45 AES or conventional fields: 21 were 

semi-improved grassland and 24 improved grassland. This difference was due to a lack 

of available semi-improved fields within a <1km buffer. Improved and semi-improved 

fields were both used for grazing and forage growing, but at different intensities (i.e. 

a greater proportion of improved grasslands would be mowed and grazed, and more 

frequently, compared to semi-improved fields). In order to reduce edge effects, fields 

were selected only if they had >3 sides bordering another field with the same 

management (AES/conventional) and habitat (semi-improved/improved) type. Areas 

that were managed specifically for conservation, for example, Areas of Special 

Scientific Interest (ASSIs) and Special Areas of Conservation (SACs) were not 

included in order to focus on agri-environment schemes on active farms.  

 

5.3.2 Invertebrate & Plant sampling 

5.3.2.1 Pitfall Trap 

 

Invertebrate sampling sites were established in the centre of each field where 

intensification is typically greatest. Single pitfall traps were placed at the centre of 

each field and left for one week, before collection and sample preservation. The trap 

consisted of a 9.0 x 8.5cm plastic container filled with 60ml of Propanediol, a non-

toxic antifreeze agent commonly used for preservation. Each trap was protected from 

flooding by a plastic rain cover placed approximately 5cm above each trap and the 

traps were covered with chicken wire (13mm mesh gauge) to prevent interference from 

small mammals. Livestock was prevented from entering fields during the sampling 
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period to prevent destruction of traps. All adult invertebrates were identified to family 

level, following Chinery (1993) and Roberts (1995). 

 

5.3.2.2 Sticky Trap  

 

Aerial invertebrate traps were fashioned from a double-sided yellow sticky 

card (20 x 25 cm) attached to a bamboo pole. Cards were attached at the height of the 

uppermost vegetation or 1m above ground level following Nelson et al. (2018). A 

single aerial trap was placed in the centre of each field and left for one week. Upon 

collection, yellow sticky cards were placed within individual clear plastic bags and 

transported to the laboratory, where invertebrates were removed from the sticky card 

using De-Solv-it®. This solvent is effective at removing invertebrates from sticky 

cards with minimal damage to specimens (Davidson et al., 2015). The card was placed 

in 50ml of solvent, and agitated regularly to allow extraction of invertebrates following 

Davidson et al. (2015). The invertebrates were removed from the solvent then gently 

washed over a fine mesh with a drop of dishwashing liquid and water, then transferred 

to individual tubes with 70% ethanol for preservation and later identification.  

 

5.3.2.3 Emergence Trap 

 

Emergence traps consisted of a metal frame (39cm D x 19cm H) covered in 

fine net mesh that was partially buried within the soil to prevent insects from escaping 

and from ground-dwelling predators entering. The trap was tent pegged to prevent 

removal by livestock. The area sampled within the trap was 0.1m2. Although many 

studies fashion a collecting bottle to the emergence trap, sticky traps were placed 

within the emergence trap as a low cost alternative that provided a larger surface area 
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for entrapment. Yellow sticky cards (20 x 25cm) were placed on the inside upper 

surface of the emergence tent to trap insects that emerged from the soil. Traps were 

left in place for a period of one week. Invertebrates were removed from the emergence 

trap sticky card using De-Solv-it®. 

 

5.3.2.4 Sweep Net 

Semi-quantitative sweep net samples were taken around the perimeter of the 

plot site (timed for 1 minute) in order to detect invertebrates in the sward. 

 

5.3.2.5 Soil core 

Belowground invertebrate biodiversity was sampled using four soil cores, each 

with a diameter of 5cm and a depth of 15cm, taken with a soil auger in the centre of 

each field ~5m apart. The cores were combined to provide a composite sample 

representative of the centre of the field. Animals were extracted using modified 

Tullgren Funnels (Tullgren, 1918) where each sample was extracted over 3 days and 

then preserved in 70% ethanol following (Caruso et al., 2019). 

 

5.3.2.6 Plant sampling 

Plants were surveyed using 50cm quadrats randomly placed at three points 

within each field. Average vegetation height and percentage cover of each plant 

species were recorded, and each species was identified following (Bebbington and 

Roberts, 2005; Wallace, Duffell and Harper, 2016, 2017; Wallace, Roberts and 

Lawrence, 2018).  
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5.3.3 EVI satellite data 

 

Enhanced Vegetation Index (EVI) data was downloaded from the Moderate 

Resolution Imaging Spectrometer (MODISv6; http://modis.gsfc.nasa.gov/) for 

January 2003 to October 2018. Data from both TERRA and AQUA satellites were 

used, resulting in a temporal resolution of 8 days. CORINE Land Cover (CLC) data 

were used to extract land cover for each grid cell (250 m x 250 m) and the coordinate 

reference system (CRS) for processing MODIS data. MODIS EVI for the land cover 

“pasture” was extracted and cropped to match the Northern Ireland grid extent. Only 

“good quality” data was kept (i.e. pixels with reliability scores of  ≥ 0 and  ≤ 1). 

Longitude and latitude coordinates of each experimental field site were converted to 

Eastings and Northings to find the closest MODIS pixels that matched field sites. For 

each field site, MODIS EVI products from the central pixel (250 m x 250 m, covering 

the respective field site) along with all 8 neighbouring pixels (side and edge pixels, 

total area covered by all 9 pixels: 750 m x 750 m) were extracted and the median EVI 

was calculated. For more details, see White et al., 2020. One of the field sites did not 

have any EVI data associated with it, so it and its pair were removed from further 

analysis (n = 88). 

 

5.3.4 Stability measures 

 

Measures of stability (variability, resistance, recovery time and recovery rate) 

were calculated for all field sites following White et al. (2020). In summary, resistance 

was calculated as the immediate drop in EVI following the disturbance event (see 

details below). Recovery time therefore was calculated as the time for the system to 

return to equilibrium following the disturbance, using a temporal moving window to 

http://modis.gsfc.nasa.gov/
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reduce the effect of noise inducing factors, such as clouds. Recovery rate was 

calculated as disturbance magnitude/recovery time, and variability for each field was 

calculated as the instability in EVI productivity across the entire time-period, see Box 

1 for illustrated summaries of calculated stability measures.  

 

 

Box 1. 

a)  

 b)  
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Box 1 ctd. 

c)           d) 

 

 e)  

 f)  
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g) 

Box 1. Based on the median EVI from the neighbouring pixels (a), we calculated the scaled 

EVI for each site (b), controlling for seasonality using monthly averages and standard 

deviations for the entire time period from January 2003 to October 2018 (see White et al., 

2020 for details and equations). The scaled EVI of 0 is defined as the EVI baseline. 

Deviations from the baseline EVI were used to identify disturbance perturbations (as 

anomalies) for each field site separately. To identify possible disturbances (i.e. extreme 

changes in EVI) at each field site that might have occurred as a result of extreme events, an 

algorithm modified after White et al. (2020) was used: first, all potential “two sigma events” 

(all anomalous EVI points more than two standard deviations away from the long term 

temporal EVI baseline) were identified and recorded (c and d). If the value of the scaled 
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EVI anomaly 8 days after the potential “two sigma event” (consecutive MODIS data point) 

was non-negative, the potential “two sigma event” was classified as a “pseudo event” and 

excluded from further analysis. If no data was available 8 days after, then the value 16 days 

after the potential “two sigma event” was examined. Once “pseudo events” were eliminated, 

the applied algorithm (moving temporal window) searched for the largest negative potential 

“two sigma event”, which was then recorded and removed, alongside all MODIS data points 

30 days before and 180 days after the identified two sigma event (e). These steps were 

repeated until no potential two sigma events were left and average scaled EVI was 

calculated over this temporal window. All stability measures (g) were subsequently 

calculated following White et al., 2020. Note that while the entire dataset was used to 

calculate the scaled EVI anomaly (“baseline” time period January 2003 to October 2018), 

the algorithm searching for two sigma events was applied only to the data within the time 

period between January 2013 and October 2018. This approach was taken as the fields 

sampled had been under an AES during that period of time. Additionally, the median 

percentage of fields surrounding each focal field that were actively managed under an AES 

were calculated from a spatial dataset provided by the Department of Agriculture, 

Environment and Rural Affairs (DAERA). 

 

5.3.5 Food web patterns 

 

 Invertebrates collected in all traps were identified to family level, following 

published keys (Table D.1). Average family body lengths were measured using a 

digital microscope (Olympus SZX16) for an average of 5 individuals from each 

family. The invertebrates were oven-dried to a constant mass at 60°C for 48 hours in 

order to obtain average dry mass for each family. Extremely small individuals, e.g. 

taxa from the orders Acari, Collembola and some Dipteran individuals were pooled 

into bulk samples (minimum 20 individuals) where possible, in order to obtain 



Chapter 5  

 

103 
 

sufficient sample weight for precise measurement. Plant biomass for each quadrat was 

deduced from the average sward height within each field, using the AHDB Rumenco 

biomass conversion tables (Rumenco, 2018). The average percentage species 

composition in each quadrat was then used to convert these to plant biomass for each 

species. Agricultural grasslands are highly even, homogenous communities, therefore 

using conversions from sward stick measurements was the most suitable option in this 

study, as sward sticks have been proven to be the most useful tool for measuring sward 

height (Stewart, Bourn and Thomas, 2001). Plant biomass is most effectively measured 

by sampling the dry biomass of each species within the sward; however, time 

constraints limited the number of response variables that could be measured 

effectively, and the sward measurements and conversions were deemed a viable 

alternative proxy for plant biomass given their wide application for estimating biomass 

in an applied context. Plant biomass measurements therefore were estimations in this 

study, however as they were relative across each of the sampling sites, this should not 

have introduced bias or error in terms of comparing the key factors under investigation.   

Invertebrate food webs are difficult to characterise completely, due to the 

complexities of surveying predator-prey and parasitic interactions between taxa. 

Additionally, gut-content analysis of invertebrates has proven futile in previous studies 

(McLaughlin, Jonsson and Emmerson, 2010), due to the feeding methods of 

invertebrates and subsequent unidentifiable specimens in gut contents. Many 

invertebrates feed on soft-bodied organisms, such as springtails, slugs and worms and 

larval animals as well as having a tendency to feed via suction, or ingest small parts of 

an organism (Memmott, Martinez and Cohen, 2000). Whilst molecular techniques are 

promising (McLaughlin, Jonsson and Emmerson, 2010), they were beyond the scope 

of the present study. Therefore, consumer-resource links between invertebrates and 
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plants were obtained using an extensive literature search employing Web of Science 

and Google Scholar (see Table D.1 for entire list of published sources). The consumer 

family name with the keywords “diet/feeding” or the functional group with which the 

family was associated (e.g. “predator”) were submitted to the search engines. Where 

feeding links differed amongst species within a family, links were inferred from the 

most common feeding link found within that family. Where the prey of a family was 

only listed by order, such as “Diptera” for example, feeding morphology (such as the 

average length of prey consumed by a predator) was determined from the literature 

and then invertebrate body lengths sampled were used to determine the families within 

Dipteran that could be feasible prey. As sampling of invertebrates took place at the 

same time, it was plausible that feeding links could be found in the fields at this time. 

For vegetation linkages, plant species were lumped where necessary, e.g. if an 

invertebrate family consumed grasses, all grass species found in the vegetation survey 

were added as links unless determined otherwise from the literature. Using these 

literature searches, food webs were created for all 88 field sites. Food web quantitative 

descriptors were obtained using the package Cheddar in R version 4.0.2, which was 

specifically designed for the creation and visualisation of collections of ecological  

communities (Hudson, Reuman and Emerson, 2020). Quantitative descriptors for the 

invertebrate webs included: total invertebrate abundance and taxa richness, mean link 

length between taxa (i.e. the number of orders of magnitude of difference in body mass 

plus the number of orders of magnitude of difference in population density between 

resource and consumer (Cohen et al., 2009), mean chain length (mean number of 

trophic nodes linking a basal resource and its top predator (Woodward and Hildrew, 

2001; McLaughlin, Jonsson and Emmerson, 2010), linkage density (the average 

number of links per taxa), directed connectance (the fraction of all possible links that 
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are observed in a network), a measure of “complexity” of the web (Martinez, 1991); 

and the proportion of top taxa in each web.  

 

5.3.6 Statistical analysis 

Generalized linear mixed models (GLMMs) were used to test the effect of 

grassland type (semi-improved vs improved), management type (conventional vs 

AES), their interaction (Habitat*Management) and the median percentage of AES 

fields on the stability measures. Models were fitted with either negative binomial (for 

Recovery Time) or Gaussian error distribution. Post-hoc Tukey tests were performed 

to determine the significance of each of the pairwise groups within habitat and 

management. Pairwise models were constructed to examine the relationship between 

stability measures across management and habitat types. To test the hypothesis that 

stability measures of grassland affect invertebrate food web metrics, we assessed the 

effect of all stability measures on total invertebrate abundance and richness, and a 

number of commonly used food web quantitative descriptors. Selected food web 

variables and stability measures were taken forward for final model building after 

testing for multicollinearity using Variance Inflation Factor (VIF) and Pearson’s 

Correlation Coefficient values indicated by the thresholds of <10 and <0.7 respectively 

(Zuur, Ieno and Elphick, 2010; Humphreys et al., 2019). A final global model was 

constructed fitting non-collinear selected stability measures for each of the following 

food web response variables: mean link length, mean chain length, linkage density, 

connectance, and the proportion of top species. Multimodel selection from a total 

global model (all possible variable combinations) was used to select the single best 

model using AICc from the function dredge in the Vegan package. Moran’s I tests 

found significant spatial autocorrelation between sites for certain dependent variables, 
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therefore, Principal Coordinates of Neighbourhood Matrix (PCNM) eigenvectors of 

the distance of X and Y coordinates of each of the field sites was used to explicitly 

model potential spatial dependence between pairs of fields and clustered sampling 

points (Borcard and Legendre, 2002). The PCNM axes that were significantly 

associated with variation in dependent variables were retained in further analyses. 

Field Pair_ID was additionally fitted as a random factor in the analysis. To test whether 

the data met the assumptions of homogeneity of variance and normality, the 

distribution of all model residuals were assessed using summary statistics, histograms 

and QQ-plots. All analyses were performed using R version 4.0.2 (R Core Team, 2020) 

using packages vegan (Oksanen et al., 2019), glmmTMB (Bolker et al., 2008), and 

cheddar (Hudson, Reuman and Emerson, 2020).  

 

5.4 Results 

5.4.1 Stability patterns 

Resistance was not significantly influenced by Habitat, Management or their 

interaction (Fig. 5.1a; Table 5.1a). Recovery time was significantly and positively 

associated with Habitat, being 10% longer in improved grassland compared to semi-

improved grassland (Fig. 5.1b; Table 5.1b). Recovery rate was significantly and 

positively associated with Management, being 11% faster under conventional than 

AES management (Table 5.1c). The Management x Habitat interaction significantly 

affected recovery rate with conventional management associated with a faster recovery 

rate in improved, but slower recovery rate in semi-improved grassland (Fig. 5.1c). 

Variability was significantly and positively associated with improved grassland (Table 

5.1d). Additionally, the Management x Habitat interaction significantly affected 

variability with AES management significantly decreasing variability in semi-

improved grasslands, i.e. AES semi-improved grasslands exhibited the lowest 
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variability (Fig. 5.1d). Additionally, variability was significantly and negatively 

associated with the median percentage of surrounding AES fields (Fig. 5.1e; Table 

5.2). The number of two sigma events was significantly and negatively associated with 

habitat, being 27% lower on improved than semi-improved grassland (Fig. 5.1f; Table 

5.1e). Mean EVI was 10% higher in improved fields compared to semi-improved (0.56 

and 0.51 respectively). Resistance and recovery time were not significantly related to 

each other (Fig. D.1), while resistance and recovery rate, and recovery rate and 

recovery time were negatively related (Fig. D.2&3). 

5.4.2 Invertebrate patterns 

 

A total of 43,735 individual invertebrates from 126 families were identified 

across all 90 field sites (Table D.2, Fig.5.2). Diptera represented 25% of the total 

invertebrate families and were the most abundant (29,007 individuals). Hymenoptera 

represented 14% of the total invertebrates and notably, were also common (4,214 

individuals) with the Braconidae being the most common family. Oribatida were one 

of the least abundant orders (98 individuals), but represented almost 10% of the total 

invertebrate families. Conventional improved grassland had a higher total invertebrate 

abundance compared to the other habitat and management types (Fig. D.7). Herbivores 

and nectivores were more common in semi-improved grasslands, predators were more 

common in improved conventional grasslands while detritivores and parasitoids 

showed no clear pattern (Fig. 5.2, Fig. D.7). A total of 34 plant species were recorded 

with perennial ryegrass Lolium perenne present in 93% of fields (Table D.2).  

Invertebrate abundance was significantly positively associated with recovery 

rate (Table 5.3a) i.e. invertebrate abundance increased with increasing recovery rate.  

Invertebrate taxa richness was significantly negatively associated with Habitat, being 



Chapter 5  

 

108 
 

10% lower in improved than semi-improved grasslands (Table 5.3b). Mean link length 

was significantly positively associated with the median percentage of surrounding 

AES fields. Link length was also negatively associated with increasing number of two 

sigma events and increasing resistance (Table 5.3c). Mean chain length was 

significantly positively associated with the number of extreme two sigma events, and 

negatively associated with conventional management (Table 5.3d). Linkage density 

was significantly positively associated with the median percentage of surrounding 

AES fields and negatively associated with improved habitat (Table 5.3e). Connectance 

was significantly positively associated with variability (Table 5.3f). Conventional 

management and resistance significantly increased the proportion of top taxa (Table 

5.3g, Fig.5.2).  
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(a) Resistance 

 

 

 

(b) Recovery Time 

 

 

(c) Recovery Rate 

 

 

(e) Variability 

 

  
 

(f) N. of Two Sigma Events 

 

 
 

e) Variability & median AES 

 

 

Figure 5.1. Variability in stability measures with Management*Habitat and median AES. 

Significance stars reflect between-group differences in estimated marginal means post-hoc 

tests (α = 0.05). 
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Table 5.1. Output of Generalized Linear Mixed Models for stability measures (estimate ± SE). 

All models include Pair_ID as a random effect and were fitted with either Negative binomial 

(for Recovery Time) or Gaussian error distribution.  

Model  

Explanatory Variables 

Estimate ± SE p  

(a) Resistance (R2 = 0.03)   

Management (Conventional) -0.002 ± 0.013 0.849 

Habitat (Improved) 0.020 ± 0.015 0.179 

Management*Habitat 0.008 ± 0.019 0.694 

   

(b) Recovery Time (R2 = 0.13)   

Management (Conventional) -0.056 ± 0.142 0.691 

Habitat (Improved) 0.372 ± 0.150 0.013 

Management*Habitat 0.027 ± 0.212 0.897 

   

(c) Recovery Rate (R2 = 0.09)   

Management (Conventional) 0.049 ± 0.018 0.006 

Habitat (Improved) -0.023 ± 0.021 0.274 

Management*Habitat -0.062 ± 0.026 0.022 

   

(d) Variability (R2 = 0.40)   

Management (Conventional) 0.000 ± 0.000 0.701 

Habitat (Improved) 0.001 ± 0.000 <0.001 

Management*Habitat 0.001 ± 0.000 <0.001 

   

(e) Number of Two Sigma Events (R2 = 0.17)  

Management (Conventional) 0.542 ± 0.359 0.131 

Habitat (Improved) -1.653 ± 0.470 0.001 

Management*Habitat -0.542 ± 0.532 0.309 

   

 

 

 

 

Table 5.2. GLMM results for Variability and median % AES fields 

 

 

 

 

 

 

 

Model  

Explanatory Variables 

Estimate ± SE                  p 

   

Variability (R2 = 0.10)   

Median % AES -0.316 ± 0.082 <0.001 
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Figure 5.2 Trophic-level food web structure in a) entire community across 90 fields, b) AES 

Improved field example, c) Conventional improved field, d) AES semi-improved field and e) 

Conventional semi-improved field. Links are represented by grey lines, taxa functional group 

by coloured nodes (symbols). Cannibalistic nodes are highlighted by a light-coloured filled 

circle with a dark border. NF refers to non-feeding links. 

a) 

b) 

d) e) 

c) 
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Table 5.3.  Summary of the best models for invertebrate a) Total Abundance b) Taxa Richness 

c) Mean Trophic web link length d) Mean trophic chain length, e) Linkage density, f) 

Connectance, g) Proportion of top taxa h) Proportion of intermediate taxa and i) proportion of 

basal taxa in trophic webs. 

Model  

Explanatory Variables 

Estimate ± SE                   p 

(a) Total invertebrate abundance (R2 =0.31)   

Recovery Rate 2.295 ± (0.769) 0.002 

Recovery Time 0.005 ± (0.002)  0.053 

PCNM1 1.581 ± (0.453) <0.001 

PCNM3 -0.964 ± (0.353) 0.006 

   

(b) Total invertebrate taxa richness (R2 = 0.17 )   

Habitat (Improved) -3.359 ± (1.159) 0.022 

Median % AES 0.029 ± (0.017) 0.081 

PCNM3 -1.121 ± (4.417)   0.799 

PCNM5 -11.103 ± (5.649) 0.049 

   

(c) Mean link length (R2 = 0.36 )   

Median % AES 0.002 ± (0.000) 0.034 

Number of Two Sigma Events -0.038 ± (0.019) 0.046 

Resistance -0.967 ± (0.483) 0.046 

PCNM1 1.044 ± (0.319) 0.002 

   

(d) Mean chain length (R2 = 0.20)   

Management (Conventional) -0.101 ± (0.048) 0.034 

Habitat (Improved) -0.101 ± (0.052) 0.052 

Number of Two Sigma Events 0.041 ± (0.015) 0.008 

   

(e) Linkage Density (R2 = 0.17 )   

Habitat (Improved) -0.299 ± (0.099) 0.003 

Median % AES 0.005 ± (0.002) 0.012 

   

(f) Connectance (R2 = 0.08)   

Variability -2.355 ± (0.836) 0.005 

   

(g) Proportion of top taxa (R2 = 0.09)   

Management (Conventional) 0.035 ± (0.013) 0.008 

Resistance 0.264 ± (0.152) 0.082 

   

 

 

 

 

 

 



Chapter 5  

 

113 
 

5.5 Discussion 

5.5.1 Stability relationships 

 

The multidimensional nature of the relationships between the stability 

measures creates trade-offs between the components (Donohue et al., 2013, 2016) . 

Resistance and recovery time were not related to each other (Fig. D.1), while resistance 

and recovery rate, but also recovery rate and recovery time were negatively related 

(Fig. D.2&3). Therefore, it can be expected that – at least mathematically – recovery 

rate is slower when recovery time is longer. However, as recovery rate also depends 

on the resistance (or magnitude of the perturbation event), this first statement does not 

always have to be true. A system can have a low resistance to perturbations, but can 

be able to recover at a fast rate, or conversely a system may exhibit high resistance to 

a perturbation (shorter drop from baseline) but recover very slowly, which can result 

in relative terms in a fast recovery rate.  

5.5.2 Effects of habitat and management on stability measures 

 

Ecologically, these effects require a nuanced interpretation of the differences 

in management intensity between the field types. A longer recovery duration in 

improved grasslands compared to semi-improved grasslands may reflect the more 

regular intensification regime of improved grasslands. Such habitats are regularly 

drained, and reseeded by ploughing and receive a large number of inorganic fertiliser 

applications, leading to dry topsoils (Kleijn et al., 2004). Perturbations to these habitats 

may also result in increased recovery times due to the management nature of these 

habitats, that is, they are not left to recover; these fields may be exposed to greater 

magnitudes of perturbation simply due to increased intensification. Vogel, Scherer-

Lorenzen and Weigelt (2012) found that resistance and resilience of grasslands was 

dependent on the frequency of mowing intensity, where increased intensity reduced 
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the resistance of grasslands against drought. The average productivity (mean EVI) was 

higher in improved fields, compared to semi-improved grasslands. Mechanistically, 

this likely occurs because they are managed more intensely, consequently, they are 

more productive (‘greener’), due to applications of inorganic fertilizers, which 

promote rapid growth of dominant grasses. 

Conventionally managed fields however displayed a significantly faster 

recovery rate compared to AES fields in improved grasslands. Sown agricultural 

grasses such as Lolium perenne dominate the sward in conventional grasslands, and 

Hoover, Knapp and Smith (2014) found that dominant grasses can recover faster from 

perturbations caused by climatic events compared to herbaceous plant species through 

rapid succession. Therefore, shifts in the abundance of dominant species can 

compensate for the loss of herbaceous plant species, which can restore the ecosystem 

quickly to the baseline productivity levels. These results are in accordance with (De 

Keersmaecker et al., 2016), who found that intensively managed agricultural 

grasslands had a faster recovery rate than extensively managed grasslands.  

 Semi-improved AES grasslands were the least variable systems, and therefore, 

the most stable in terms of productivity. These habitats, whilst still dominated by 

ryegrass, also contain native grasses, sedges, mosses and weeds indicative of wetter 

conditions associated with less drainage and rejuvenation. Semi-improved AES 

grasslands are rarely disturbed through cutting regimes, and livestock density is 

generally low, therefore the productivity of these systems would remain relatively 

more stable than under intensive regimes. The negative relationship with variability 

and the percentage of AES fields surrounding the focal field demonstrates the 

importance of retaining landscape-level AESs (Merckx et al., 2009). This serves as a 

‘buffer effect’ of extensive management in the wider landscape, where landscape 
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structure is influenced so that habitat heterogeneity exists but remains stable with 

reduced intensive management. In a stable ecosystem with low variability, the 

probability of detecting a perturbation event that is greater than the natural variability 

of the ecosystem is high. This could explain why two sigma event detection was higher 

in semi-improved compared to improved grassland, although the magnitude of these 

events may not necessarily be larger than the other habitat types, there was a greater 

number of events.  

5.5.3 Effects of stability, habitat and management on invertebrate food webs  

 

The responses of food web metrics to stability, management and habitat 

exhibited distinct patterns associated with only a few variables after accounting for 

spatial autocorrelation (PCNM axes). Invertebrate abundance tended to increase when 

recovery rate was faster, i.e. when the grassland ecosystem returns faster to its baseline 

productivity levels. However, invertebrate richness was higher in semi-improved 

habitats, suggesting that richness was associated with more native grasses and 

wildflowers and increased richness of plant diversity in semi-improved grassland (Fig 

D.4). Similarly, linkage density, i.e. the average number of links per taxa, was 

negatively affected by improved grassland. Additionally, linkage density and mean 

link length were increased with surrounding fields under AES management. This again 

may relate to a ‘buffer effect’ where fields are managed extensively, which increased 

the richness of taxa within the invertebrate food web. Many generalist and specialist 

invertebrate taxa depend on a matrix of semi-natural habitat, with AES resources such 

as grassy margins,  providing a wealth of resources and over-wintering habitat (Duelli 

and Obrist, 2003). Increasing fields under AES management in the landscape can 

provide a larger matrix of suitable resources in a simple agricultural landscape 

(Dallimer et al., 2010; Hiron et al., 2013; Mckenzie et al., 2013)  
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Link length was negatively associated with increased resistance of the system 

and the number of two sigma events. Shorter link lengths are representative of shorter 

energy flux pathways through the web, where the abundance of resources is suppressed 

compared to their consumers (O’Gorman et al., 2019). Therefore, webs with shorter 

link length are characterised with stronger top-down control by a higher abundance of 

predators (Fig. D.6). Resistance also increased (although not significantly) the 

proportion of top taxa within the web, therefore in more resistant systems, webs were 

dominated by a higher number of top taxa with shorter link lengths; this has been seen 

in aquatic webs where increased resistance of the system leads to dominance of a 

minority of species (O’Gorman et al., 2010). There was a significantly higher 

proportion of top taxa (predators or parasitoids) under conventional management. 

Generalist predators and parasitoids can benefit from resource partitioning in such 

intensive, highly modified landscapes (Rand, Tylianakis and Tscharntke, 2006), for 

example high nitrogen inputs can greatly increase parasitoid host availability (Moon 

and Stiling, 2008).  

Mean chain length was negatively associated with conventional management, 

which indicates that there was a higher taxonomic biomass in webs under AES 

management.  Ecological theory suggests that increasing chain lengths will increase 

the time taken to return to equilibrium following a perturbation in the environment 

(Pimm and Lawton, 1977). Generally, those systems with increasing recovery time 

would limit the lengths of chains within the web. This suggests that under AES 

management, and with increasing perturbations, the time taken to recover may be 

longer than under conventional management, where there are fewer trophic levels 

(shorter chain length) within the web. 
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Connectance was negatively associated with variability of the landscape. 

Therefore, as a system becomes more variable, or less stable, the web becomes less 

complex. During prolonged variability, terrestrial food webs are likely to become less 

complex, as population diversity decreases with the extinction of vulnerable taxa 

(McLaughlin, Emmerson and O’Gorman, 2013).  

Food webs constructed solely from literature searches can overestimate the 

breadth of consumer diets, however, gut content analysis tends to severely 

underestimate the actual and realised number of links in the web (McLaughlin, 

Emmerson and O’Gorman, 2013). Combinations of both can provide realistic 

estimates of food webs, webs are even better when characterised by molecular 

approaches such as PCR-based methods (Symondson, 2002; King et al., 2008).  

 

5.5.4 Landscape scale caveats 

 

Landscape scale stability measures are a useful tool in predicting the response 

of different habitat/management regimes to perturbations. However, caution must be 

taken due to the interacting effects of each stability measure. Both habitat and 

management were shown to have contrasting effects on recovery time and rate. These 

stability measures additionally depend on the other components, such as the resistance 

of the system. The management or habitat at a single field may be poor predictors of 

certain stability metrics, such as resistance for example, which additionally depends 

on the other components in tandem. Additionally, such “scaling-down” of landscape-

scale stability measures to single fields has its caveats. As there are various different 

properties of land management that could contribute to invertebrate community 

dynamics. In the present study, it is not possible to definitively state that ecosystem 
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stability measures at such a large scale can accurately predict invertebrate community 

dynamics however they play a role in driving these. Model estimates, and subsequent 

model R2 values were usually small, however this is not uncommon in ecology, and 

there are many other factors in environments that drive populations of invertebrates 

such as life histories and interactions with other organisms, which require significant 

understanding of multiple taxonomic groups.  

Increased biodiversity can support ecosystem service delivery following 

perturbations (Bengtsson et al., 2003).  We can conclude from this study that 

increasing variability and instability of a system decreases the complexity of 

invertebrate food webs, and semi-improved AES managed ecosystems support a 

greater diversity of invertebrates, with increased biomass in food webs, leading to 

higher functional diversity and therefore increased ecosystem service delivery.  
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6.1 Summary of the main findings 
 

Agri-environment scheme management was associated with increased ground-

dwelling invertebrate abundance and species richness. Although not significantly 

directly related to habitat, ground-dwelling invertebrates were associated with AES-

managed grasslands, comprising of a mixture of native grasses and weeds. Total and 

rare invertebrate abundances were 4% and 218% higher and total and rare invertebrate 

Family richness were 17% and 14% higher in AES than conventionally managed fields 

respectively. Upland grassland swards were floristically poor, and were dominated by 

perennial ryegrass, Lolium perenne, which was present in 93% of fields. Ground-

dwelling invertebrates were associated with plant communities with greater coverage 

of native grasses and lower coverage of ryegrass. Generalist predators such as 

Linyphiidae money spiders, Carabidae ground beetles and Staphylinidae rove beetles 

were the most abundant invertebrates in pitfall traps and thus AESs may provide the 

delivery of key ecosystem services, such as biological control of pests (Tillman, Smith 

and Holland, 2012), with the enhancement of invertebrate abundance in upland 

grasslands.  

Soil microarthropod total abundance and species richness were similar between 

AES and conventionally managed grasslands but effects were evident in the two most 

dominant taxa. Oribatid mites were most abundant in AES semi-improved grasslands 

subject to least disturbance while Collembolan springtails were most abundant in 

conventionally managed improved grasslands subject to greatest disturbance. Both are 

responsible for decomposition of organic matter into a form accessible by bacteria and 

fungi (Maaß, Caruso and Rillig, 2015), Oribatid mites and Collembola exhibit 

differing functional traits, such as dispersal rates, therefore the changes caused by 
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agricultural intensification are likely to have had major effects on soil fauna. (Lindberg 

and Bengtsson, 2005; Schaefer and Caruso, 2019).  

Aerial insect functional abundance and diversity were mainly driven by landscape 

scale habitat coverage effects rather than agricultural management though AES 

management had an effect on some functional groups. AES management of improved 

grasslands was associated with higher detritivore abundance and diversity while 

predator diversity was lower but abundance higher in AES than conventional fields. 

Other taxonomic groups, such as herbivores, nectivores and parasitoids did not 

respond to agricultural management but were influenced most by landscape 

composition. The wider conservation value of AES management should not be 

underestimated as total insect diversity was 5% higher under AES management.  

Previous grassland stability measures solely relied on experimental or surveyed 

extreme pressures on swards. Enhanced Vegetation Index (EVI) is a novel method that 

can capture landscape-scale grassland productivity and associated stability measures.  

The remotely-sensed Enhanced Vegetation Index (EVI) suggested AES semi-

improved grasslands were the least variable in terms of productivity and subsequently 

the most stable grasslands studied. Invertebrate trophic webs were associated with top-

down control and a higher proportion of predators in conventionally managed fields. 

Results suggest invertebrate web structure may benefit from AES management. 

 

6.2 Recommendations 
 

One of the main aims of the research was to provide clear evidence-based 

management recommendations for local governing bodies. Although invertebrates are 

in global decline (Macgregor et al., 2019), semi-natural habitats and AES management 
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may contribute to slowing declines, notably in upland grasslands. Surveillance and 

monitoring is necessary to establish the impact of AESs and how agricultural 

management impacts invertebrate population temporal trends for which there are a 

paucity of time-series data despite agriculture being known as the main driver of the 

current biodiversity crisis.   

  

6.2.1 Grassland management 

 

Conserving marginal semi-improved grasslands is essential in offsetting 

ongoing declines in invertebrates in the wider countryside, and to maintain important 

ecosystem services, such as pest control and pollination (Öckinger and Smith, 2007; 

Holland et al., 2017). The implications of these results suggest that intensive, improved 

grassland is not a suitable habitat for the majority of grassland invertebrate taxa. 

Therefore, increasing the grassland sward diversity, by limiting dominance of 

perennial ryegrass monocultures and incorporating native grasses and herbs, is 

recommended to maximise benefits for multiple invertebrate groups and livestock 

production, where multispecies swards provide yield benefits (Finn et al., 2013). 

Policy supporting de-intensification (extensification) of improved grasslands 

encouraging floristic diversity and minimising soil disturbance expanding the extent 

of semi-improved grasslands would seem likely to result in environmental outcomes 

for biodiversity.  

This study was correlative testing associations between biodiversity and AES 

management but without before-and-after data in an experimental set-up cause-and-

effect cannot be elucidated. It may be the case that farmers select fields for inclusion 

under AES payments because they are unproductive marginal land parcels which 
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support greater biodiversity than the wider countryside. Thus, AESs may not increase 

invertebrate diversity or abundance but might simply offset ongoing declines. Current 

payments are awarded on the area of the field included. An additional payment based 

on the proportion of fields within a farm may be further incentive to encourage 

increased uptake increasing total extent. More small fields benefit invertebrate 

biodiversity (Gallé et al., 2018), compared to a single patch isolated in an intensively 

farmed landscape, without corridors as hedgerows or field edge margin strips. Results 

from Chapter 5 suggest that grassland stability is higher under AES management. 

Fewer chemical inputs and reduction of stocking densities allow the AES fields to 

remain relatively stable through periods of drought and flooding. It is recommended 

to increase the total extent of land under AES management to provide “buffer effects” 

in the face of climate change, to maximise benefits to both biodiversity and farmers 

alike.  

In the uplands most fields are deemed unproductive and are mainly used for 

extensive grazing. Encouraging greater uptake of AESs would cause no great damage 

to productivity but could deliver biodiversity conservation. Mean productivity as 

captured by Enhanced Vegetation Index data did not differ substantially between AES 

and conventionally managed fields suggesting AES management may not result in 

substantial yield sacrifice. Greater extent of AES fields in the landscape increased 

production stability associated with increased complexity and richness of invertebrate 

food webs. 
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6.3 Future perspectives 
 

Providing clear nature-based payment awards for farmers could provide an 

incentive for greater uptake of conservation management across the wider countryside, 

rather than agri-environment schemes consisting largely of unproductive, isolated 

fields. Nevertheless, farmer participation in current AESs should be encouraged, in 

most cases, AESs would not lead to biodiversity decline, and thus they are the most 

useful way of reversing biodiversity loss in the present time. However, as we move 

into a new era of ecosystem/nature-based farming, there is a need for the development 

of pilot schemes in the form of results-based assessment. Further research is required 

to evaluate key indicator metrics that can be used to assess AES success, address the 

results of this thesis, so that future AES implementation is an efficient use of public 

money. The drive to create an environmentally sustainable farming system will have 

to incorporate schemes that will support trait-based functional diversity of grassland 

species, to allow farmers to maximise their benefits from multi-species swards, with 

reduced agro-chemical inputs in parallel (Damour, Navas and Garnier, 2018). This will 

require increased investment in monitoring and surveillance and knowledge transfer 

to key stakeholders (O’Rourke et al., 2020). Long-term, low-cost monitoring of entire 

invertebrate communities may now be possible with automated sample processing 

using, for example, flowcams and species identification from photographs using 

artificial intelligence or genetic metabarcoding techniques. This study monitored long-

term AES implementation on invertebrate communities in one time period only (Jun-

Sep 2018). This was an unseasonably dry season, with widespread drought, the effects 

of AES in this year therefore may not be characteristic of N. Ireland’s usual climate. 

However, as we undergo increasing climate extremes, as mentioned in Chapter 5, 

summer droughts may become more commonplace. Further investigation with 
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repeated sampling across years could encompass the effects of wider environmental 

change (i.e. extreme weather events), alongside AES implementation. Additionally, 

time-series temporal trends are needed before-and-after AES implementation as well 

as field experimental design in order to determine if population trajectories of key 

habitat indicator species are different from those in the wider countryside.  

Wildflower strips are the most common method of increasing invertebrate 

biodiversity on agricultural land (Haaland, Naisbit and Bersier, 2011). While field 

edge margins were not considered here, research suggests that the benefits of having 

dispersed horizontal AESs may be better than aggregated zonal AESs (Batáry et al., 

2015).  

Farming is likely to be challenged by ongoing global climate change and the 

frequency and severity of extreme weather events. Perturbations to the ecosystem such 

as flooding and drought, will have consequences for production, biodiversity and 

associated ecosystem services. The uplands serve as an important regulator of 

groundwater and as marginal fields are either intensified or abandoned, this has knock-

on effects to ecosystem services.  

This study assessed upland grasslands only, as these areas are more likely to 

participate in AESs and thus the extent of land under AESs is greater in the upland 

compared to the lowlands. In the context of the UK leaving the EU, post-CAP subsides 

will need to continue, in order the sustain upland farming, as it is of cultural, economic 

and social importance in Northern Ireland. However, these areas are generally deemed 

unproductive, and policy makers will need to decide how to minimise the trade-off 

between economic profitability and biodiversity. Large areas of the uplands will need 

to undergo changes to completely reverse biodiversity declines, to contribute to 
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international and national biodiversity targets. Measures such as degraded peat bog re-

wetting and conversion of grassland to native deciduous woodland, will maximise 

landscape heterogeneity, which in turn may help to increase biodiversity as seen in 

Chapter 4.  This will mean that land that will inevitably “set-aside” and removed from 

production must be at such a scale to reverse widespread decline of biodiversity. This 

will have huge implications for farmers, and AESs may be the only way to alleviate 

profit losses, therefore further research must be undertaken to understand exactly 

which landscape covers and at what scales will benefit biodiversity the most.  

These findings show that marginal upland grasslands, which are already 

considered to be of “High Nature Value”, managed under AESs are broadly beneficial 

to support abundance and diversity of invertebrate functional groups. The less 

intensive regime of AES farming, including the linear biodiversity features manged 

under schemes (e.g., ungrazed grass margins and hedgerows), creates pockets of semi-

natural habitat, which are beneficial for invertebrate life cycles, e.g. For hibernation, 

and overwintering food sources (REFS). These results may be relevant for other 

grassland systems in the UK and elsewhere in Europe, where mixed benefits of AESs 

have been shown (see Kleijn et al., 2006), however landscape characterisation must 

be taken into account. AESs may be beneficial for lowland grasslands, however if 

these are fragmented in a highly intensive lowland landscape, establishment of semi-

natural grassland and associated invertebrates may be difficult. One way to alleviate 

this may be to implement lowland schemes along a network of agricultural grasslands, 

connected to highly biodiverse source habitats, such as areas under legislative 

protection.  

Whilst invertebrates are becoming an increasingly popular taxa to be monitored, 

investigating the responses of invertebrates to AES management currently relies on 
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using only one or a couple of sampling methods to detect community patterns. While 

this can be effective for measuring dominant taxa in the system, it excludes rare taxa 

which may be more affected by land management processes. Similar can be said for 

selecting only a few chosen taxa for representation of invertebrate responses to AES 

management. While some taxa do not respond or even negatively respond to AES 

management, continued monitoring of whole invertebrate communities in intensively 

farmed grasslands should continue, given the major role farming plays in the global 

invertebrate biodiversity crisis. It may be useful to determine how the promotion of 

certain species through AES implementation might affect functioning. In Chapter 3, 

Collembolans were promoted through conventional improved grassland management, 

yet Oribatids were markedly lower in this environment. Both are detritivores, but can 

influence different fungal and bacterial pathways so that the loss of one may impact 

the rest of the soil community and subsequently affect plant linkages and ecological 

niches (Wang et al., 2015). Further research is needed to establish how land 

management alters ecosystem processes.  

Other drivers of invertebrate biodiversity remain unknown. Spatial processes 

almost certainly drive community dynamics, especially for mobile taxa, such as aerial 

invertebrates. These processes are not just determined by dispersal distances, but by 

complex population dynamics beyond the scale of regular movement of individuals, 

such as foraging (Schmidt et al., 2008). Another avenue of potential research includes 

investigating the factors that determine the environmental suitability of different aerial 

functional groups, to slow the huge decline of aerial insects in landscapes (Hallmann 

et al., 2017), such as using trait based approaches, to relate the functioning of the 

invertebrate community to ecosystem properties i.e. habitat. Recent research by Gallé 

et al., (2018), indicates that traits such as body size, and hence dispersal ability, are 
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influenced by less intensive management and landscape heterogeneity. Although not 

explicitly measured here, further research could explore ecosystem service functioning 

as a product of the diversification of functionality of invertebrates in upland 

grasslands. For example, the level of pest control in a field can directly be determined 

through rearing field sampled leaf-mining taxa in the laboratory (MacFadyen et al., 

2009), and pollination can be quantified through observed plant-pollinator interactions 

(Ouvrard, Transon and Jacquemart, 2018).  

6.4 Conclusion  
 

Agriculture is a major driver of biodiversity loss including invertebrate 

declines.  Few agri-environment scheme prescriptions target invertebrates beyond 

pollinators, usually specifically bees. This research suggests that AES management 

options employed on upland grassland may be associated with changes in invertebrate 

diversity, abundance and functional communities. Different invertebrate groups 

respond differently to grassland management. Further work is required in determining 

the key habitat indicator species that are associated with ecosystem service delivery so 

that monitoring of those species or groups can be used for results-based payments to 

ensure AESs are delivering key environmental outcomes for biodiversity.  
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8.1 Appendix A 

 

Chapter 2. Upland grassland agri-environment schemes are associated with 

native plant cover and greater terrestrial invertebrate abundance and taxa 

richness 

 

A manuscript based on this chapter has been submitted for publication and is in 

review as: 

Arnott A, Riddell G, Emmerson E, Reid N (In review) Upland grassland agri-

environment schemes are associated with native plant cover and greater terrestrial 

invertebrate abundance and taxa richness. Agronomy for Sustainable Development 

 

 



Appendices  

 

150 
 

 
 

 

Figure A.1. Ordination of dbRDA of full vegetation, points represents individual fields, arrows 

represent constraining variables, ellipses represent 95% confidence intervals. Together CAP1 and CAP2 

account for 17% of cumulative variation full plant community composition (coverage). Latin names:  

L. perenne (Ryegrass), H. lanatus (Yorkshire Fog), C. cristatus (Crested Dogstail), R. repens (C. B/Cup), 

T. repens (W. Clover), R. obtusifolius (BL Dock), P. pratense (Timothy Grass), A. pratensis (M. foxtail), 

P. annua (A. M/Grass), A. capillaris (Common Bent grass), S. media (C. Chickweed), C. fontanum (C. 

Mouse-ear), E. repens (C. Couch grass), B. perennis (Daisy), L. vulgare (Oxeye Daisy), C. dissectum 

(M. Thistle) Sphagnum (g) (Sphagnum. Moss), J. effussus (S. Rush),   J. inflexus (H. Rush), N. stricta 

(Mat grass), D. cespitosa (Tufted hair grass), M. caerulea (P. Moorgrass), S. pratensis (Devil's bit 

Scabious), P. maculosa (Lady's thumb smartweed), Euphrasia (g) (Eyebright), P. palustris (Marsh 

Lousewort), C. echinata (Star sedge) U. dioica (C. Nettle), A. millefolium (Yarrow), T. officinale 

(Dandelion),  P. lanceolata (Ribwort Plantain) E. palustre (M. Horsetail), T. palustris (M. Arrowgrass). 
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Table A.1. Invertebrate Abundance 
 

AES 
 

Conventional 
    

Family Improved  Semi-

improved  

Improved Semi-

improved 

Total Number 

of 

Families 

% of 

total 

families          

Lycosidae 3 9 13 5 
 

30 
  

Thomisidae 1 0 0 0 
 

1 
  

Linyphiidae  222 160 189 268 
 

839 
  

TOTAL Aranae 225 169 202 273 
 

869 3 4.11 
  

6 
   

6 
  

Phalangiidae 0 6 0 3 
 

9 
  

TOTAL 

Opiliones 

0 6 0 3 
 

9 1 1.37 

      
0 

  

Apionidae 0 1 1 0 
 

2 
  

Elateridae 0 3 0 0 
 

3 
  

Dascillidae 0 1 0 0 
 

1 
  

Cucujidae 0 1 0 0 
 

1 
  

Carabidae 56 26 31 37 
 

150 
  

Chrysomelidae 0 0 1 0 
 

1 
  

Ptilidae 2 0 2 3 
 

7 
  

Scarabaeidae 1 0 0 0 
 

1 
  

Staphylinidae 75 17 119 28 
 

239 
  

TOTAL 

Coleoptera 

134 49 154 68 
 

405 12 16.44 

      
0 

  

Agriolimacidae 3 2 2 0 
 

7 
  

Milacidae  5 0 2 0 
 

7 
  

Arionidae 2 4 0 0 
 

6 
  

TOTAL 

Gastropoda 

10 6 4 0 
 

20 3 4.11 

      
0 

  

Vespidae 0 1 0 0 
 

1 
  

Apidae 0 0 0 1 
 

1 
  

Cynipidae 0 0 0 1 
 

1 
  

Figitidae 6 3 2 3 
 

14 
  

Proctotrupidae 1 1 0 2 
 

4 
  

Diapriidae 24 4 15 8 
 

51 
  

Eulophidae 0 0 0 1 
 

1 
  

Pteromalidae 0 3 0 1 
 

4 
  

Eurytomidae 0 0 0 1 
 

1 
  

Braconidae 22 3 7 1 
 

33 
  

Ichneumonidae 1 2 2 1 
 

6 
  

Formicidae  1 45 1 8 
 

55 
  

TOTAL 

Hymenoptera 

55 62 27 28 
 

172 12 16.44 

      
0 

  

Drosophilidae 4 1 0 8 
 

13 
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Tipulidae 1 0 0 0 
 

1 
  

Lauxaniidae 2 0 1 1 
 

4 
  

Ephydridae 2 0 0 0 
 

2 
  

Anthomyidae 5 1 0 2 
 

8 
  

Dolichopodidae 11 4 7 4 
 

26 
  

Megamerinidae 0 1 0 0 
 

1 
  

Mycetophilidae 7 5 3 3 
 

18 
  

Scathophagidae 6 2 10 0 
 

18 
  

Cecidomyiidae 6 0 0 0 
 

6 
  

Sphaeroceridae 12 34 16 67 
 

129 
  

Lonchopteridae 4 1 4 10 
 

19 
  

Phoridae 20 15 13 18 
 

66 
  

Chloropidae 5 7 2 2 
 

16 
  

Scatopsidae 5 1 1 1 
 

8 
  

Calliphoridae 0 2 0 0 
 

2 
  

Muscidae 1 0 1 1 
 

3 
  

Sepsidae 1 0 0 0 
 

1 
  

Opomyzidae 6 0 2 0 
 

8 
  

Agromyzidae 1 0 0 0 
 

1 
  

Camillidae 0 0 1 0 
 

1 
  

Sciomyzidae 0 1 1 0 
 

2 
  

Heleomyzidae 0 0 0 1 
 

1 
  

Rhagionidae 1 0 1 0 
 

2 
  

TOTAL Diptera 100 75 63 117 
 

355 24 32.88 
      

0 
  

Erythraeidae 0 5 0 0 
 

5 
  

Bdellidae 3 0 12 0 
 

15 
  

TOTAL 

Trombidiformes 

3 5 12 0 
 

20 2 2.74 

      
0 

  

      
0 

  

Parasitidae 0 1 0 1 
 

2 
  

Macrochelidae 1 0 0 3 
 

4 
  

TOTAL 

Mesostigmata 

1 1 0 4 
 

6 2 2.74 

      
0 

  

Damaeidae 0 4 0 1 
 

5 
  

TOTAL 

Oribatid 

0 4 0 1 
 

5 1 1.37 

      
0 

  

Dicyrtomidae 0 0 1 0 
 

1 
  

Entomobryidae 52 3 26 2 
 

83 
  

Tomocerinae 0 1 0 4 
 

5 
  

Sminthuridae 34 3 14 6 
 

57 
  

TOTAL 

Collembola 

86 7 41 12 
 

146 4 5.48 

      
0 
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Lumbricus 

festivus 

1 0 0 0 
 

1 
  

Lumbricus 

rubellus 

1 0 0 0 
 

1 
  

TOTAL 

Haplotaxida 

2 0 0 0 
 

2 2 2.74 

      
0 

  

Miridae 0 0 0 1 
 

1 
  

Delphacidae 0 2 1 1 
 

4 
  

Cicadellidae 1 3 2 0 
 

6 
  

Saldidae 0 1 1 1 
 

3 
  

TOTAL 

Hemiptera 

1 6 4 3 
 

14 4 5.48 

      
0 

  

Julidae 1 1 1 0 
 

3 
  

Polydesmidae 3 0 0 0 
 

3 
  

TOTAL 

Diplopoda  

4 1 1 0 
 

6 2 2.74 

      
0 

  

Incurvarioidea 

(SF) 

0 1 1 0 
 

2 
  

TOTAL 

Lepidoptera 

0 1 1 0 
 

2 1 1.37 

         

     
TOTAL 2018 73 
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Table A.2. Mean % cover plant species  ± SD 

    

  
AES 

 
Conventional 

   

Species Latin name Improved Semi-natural Improved  Seminatural  Total Mean % 

Cover 

% occurrence on all 

fields 

Perennial ryegrass  Lolium perenne 56.25 ± 21.55 16.19 ± 14.94 54.1 ±28.28 40.48 ± 

21.12 

41.75 93.33 

Yorkshire fog  Holcus lanatus 2.71 ± 5.49 18.25 ± 17.47 9.24 ±21.45 17.78 ± 

18.11 

11.99 52.22 

Crested dogstail  Cynosurus cristatus 0.35 ± 1.39 10.87 ± 11.53 1.81 ±5.64 5.48 ± 9.56 4.63 28.89 

Common buttercup  Ranunculus acris 1.67 ± 3.48 7.62 ± 9.84 4.1 ±5.9 4.44 ± 5.95 4.46 52.22 

White clover  Trifolium repens 7.99 ± 11.29 7.3 ± 5.31 6.18 ±11.47 4.84 ± 5.21 6.58 60.00 

Broad-leaved dock  Rumex obtusifolius 1.25 ± 3.75 0.08 ± 0.36 1.74 ±4.27 3.65 ± 5.76 1.68 24.44 

Timothy grass  Phleum pratense 3.4 ± 8.43 0 ± 0 5.28 ±14.27 1.51 ± 4.77 2.55 14.44 

Meadow foxtail  Alopecurus pratensis 6.46 ± 13.32 1.83 ± 6.54 7.08 ±14.14 1.51 ± 3.53 4.22 28.89 

Annual meadow 

grass  

Poa annua 2.5 ± 6.54 1.43 ± 4.63 0.14 ±0.68 1.11 ± 3.04 1.29 15.56 

Common bent grass  Agrostis capillaris 0.28 ± 0.8 2.3 ± 4.96 0.14 ±0.68 0.32 ± 1 0.76 12.22 

Common chickweed  Stellaria media 0 ± 0 0 ± 0 0.07 ±0.34 0 ± 0 0.02 1.11 

Common mouse-ear  Cerastium fontanum 1.94 ± 2.89 0.16 ± 0.5 1.74 ±4.52 0.71 ± 1.24 1.14 30.00 

Common couch  Elymus repens 0 ± 0 0.48 ± 2.18 1.81 ±5.11 0.32 ± 1 0.65 6.67 

Daisy  Bellis perennis 1.18 ± 3.01 0.4 ± 0.9 0.28 ±0.8 0.95 ± 2.77 0.70 17.78 

Oxeye daisy  Leucanthemum 

vulgare 

0 ± 0 0.24 ± 0.8 0 ±0 0 ± 0 0.06 2.22 

Meadow thistle   Cirsium dissectum 0.21 ± 1.02 0.63 ± 2.27 0 ±0 0 ± 0 0.21 3.33 

Sphagnum Moss  Sphagnum 0.76 ± 2.2 10.63 ± 12.06 0 ±0 3.49 ± 9.16 3.72 21.11 

Soft rush  Juncus effusus 0 ± 0 6.03 ± 10.06 0.69 ±3.4 1.03 ± 4.36 1.94 13.33 

Hard rush  Juncus inflexus 0 ± 0 1.43 ± 4.54 0 ±0 1.19 ± 5.46 0.65 3.33 

Mat grass  Nardus stricta 0 ± 0 2.7 ± 5.64 0 ±0 0 ± 0 0.67 6.67 

        

Tufted hair grass  Deschampsia 

cespitosa 

0 ± 0 0.71 ± 2.27 0 ±0 0.16 ± 0.73 0.22 3.33 

Purple moorgrass  Molinia caerulea 0 ± 0 2.3 ± 10.55 0 ±0 0 ± 0 0.58 1.11 
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Devil's bit scabious  Succisa pratensis 0 ± 0 0.32 ± 1.45 0 ±0 0 ± 0 0.08 1.11 

Lady's thumb 

smartweed  

Persicaria maculosa 1.81 ± 7.27 0 ± 0 0 ±0 0.48 ± 2.18 0.57 3.33 

Eyebright  Euphrasia 0 ± 0 0 ± 0 0 ±0 0.16 ± 0.73 0.04 1.11 

Marsh lousewort  Pedicularis palustris 0 ± 0 0.08 ± 0.36 0 ±0 0 ± 0 0.02 1.11 

Star sedge  Carex echinata 0 ± 0 0.56 ± 2.19 0 ±0 0 ± 0 0.14 2.22 

Common nettle  Urtica dioica 0 ± 0 0 ± 0 0 ±0 0.08 ± 0.36 0.02 1.11 

Yarrow  Achillea millefolium 0 ± 0 1.11 ± 3.74 0 ±0 1.19 ± 3.38 0.58 6.67 

Common dandelion  Taraxacum 

officinale 

0 ± 0 0.4 ± 1.04 0 ±0 0 ± 0 0.10 3.33 

Ribwort plantain  Plantago lanceolata 0 ± 0 0 ± 0 0 ±0 0.32 ± 1 0.08 2.22 

Meadow horsetail  Equisetum pratense 0 ± 0 0.08 ± 0.36 0 ±0 0 ± 0 0.02 1.11 

Marsh arrowgrass  Triglochin palustris 0 ± 0 0.08 ± 0.36 0 ±0 0 ± 0 0.02 1.11 
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Table A.3 PERMANOVA of dbRDA, with 999 permutations 

 

 

Model Variables df Sum of Sqs F p 

Habitat 1 4.461 11.718 0.001  

Management 1 0.895 2.352 0.014 

Habitat*Management  1 1.527 4.011 0.001 

     

 

 

8.2 Appendix B 
 

Chapter 3. Upland grassland habitats and agri-environment schemes change 

soil microarthopod abundance 

A manuscript based on this chapter has been submitted for publication and is in 

review as: 

Arnott A, Riddell G, Emmerson E, Caruso T, Reid N (In review) Upland grassland 

habitats and agri-environment schemes change soil microarthopod abundance. 

Journal of Applied Ecology 
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Table B.1. Microarthropod abundance 
   

 
AES Conventional 

  

Family Improved  Semi-

improved  

Improved Semi-

improved 

TOTAL % 

Total  

Linyphiidae 0 2 4 3 9 
 

TOTAL Aranae 0 2 4 3 9 0.90        

Camisiidae 5 14 11 8 38 
 

Oppiidae 0 1 0 0 1 
 

Autognetidae 0 1 0 0 1 
 

Malaconothridae 0 2 0 0 2 
 

Suctobelbidae 0 1 0 0 1 
 

Achipteriidae 0 8 0 1 9 
 

Eremaeidae 0 4 0 0 4 
 

Nanhermanniidae 0 2 0 0 2 
 

Liacaridae 0 1 0 0 1 
 

Galumnidae 0 4 2 2 8 
 

Oribatellidae 0 1 0 0 1 
 

Caleremaeidae 0 0 0 1 1 
 

Scheloribatidae 1 10 1 2 14 
 

Oribatulidae 0 5 0 0 5 
 

Tectocepheidae 0 2 0 1 3 
 

Thyrisomidae 10 4 1 3 18 
 

Eniochthoniidae; 0 0 2 0 2 
 

TOTAL 

Oribatida 

16 60 17 18 111 11.18 

       

Dinychidae 0 1 2 0 3 
 

Trachytidae 0 0 2 0 2 
 

Zerconidae 1 0 0 0 1 
 

Parasitidae 11 14 5 13 43 
 

Macrochelidae 1 0 0 0 1 
 

Digmasellidae 0 1 0 0 1 
 

Rhodacaridae 3 1 2 2 8 
 

Uropodidae 11 4 10 5 30 
 

TOTAL 

Mesostigmata  

27 21 21 20 89 8.97 

       

Acaridae 0 5 0 0 5 
 

TOTAL 

Astigmata 

0 5 0 0 5 0.50 

       

Erythraeidae 0 9 2 3 14 
 

Bdellidae 0 0 1 0 1 
 

Trombidiidae 0 1 0 0 1 
 

Cryptognathidae 0 1 0 0 1 
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TOTAL 

Prostigmata 

0 11 3 3 17 1.71 

       

Lumbricus 

rubellus 

0 0 1 0 1 
 

Aporrectodea 

caliginosa 

2 0 1 0 3 
 

TOTAL 

Haplotaxids 

2 0 2 0 4 0.40 

       

Enchytraeidae 44 22 79 39 184 18.54        

Nematoda 52 22 50 9 133 13.40        

Pteromalidae 0 1 0 1 2 
 

TOTAL 

Hymenoptera 

0 1 0 1 2 0.20 

       

Mycetophilidae 1 0 1 1 3 
 

Scatopsidae 0 0 1 0 1 
 

Sphaeroceridae 0 0 1 1 2 
 

TOTAL Diptera 1 0 3 2 6 0.60        

Thripidae 0 2 7 1 10 
 

TOTAL 

Thysanoptera 

0 2 7 1 10 1.00 

       

Entomobryidae 1 0 0 7 8 
 

Isotomidae 42 32 168 15 257 
 

Sminthurididae 7 0 0 7 14 
 

Neanuridae 2 2 5 4 13 
 

Hypogastruridae 0 3 0 0 3 
 

Sminthuridae 26 6 16 17 65 
 

Katianiidae 0 0 1 0 1 
 

Cyphoderidae 0 5 0 0 5 
 

Onchyiuridae 8 3 2 12 25 
 

TOTAL 

Collembola 

86 51 192 62 391 39.41 

       

Aphidoidea 5 3 11 7 26 
 

Cicadellidae 0 0 0 1 1 
 

TOTAL 

Hemiptera 

5 3 11 8 27 2.72 

       

Ptilidae 1 0 1 1 3 
 

Staphylinidae 0 0 0 1 1 
 

TOTAL 

Coleoptera 

1 0 1 2 4 0.40 

TOTAL 234 200 390 168 992 
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Table B.2 Plant percentage cover multidimensional scaling (MDS) ordination 

axes. Species are ranked in descending order of axis loadings on MDS1. 

 

Descriptive stats Plant 

MDS1 

Plant 

MDS2 

Plant 

MDS3 

Eigenvalues 12.020 5.368 4.332 

% Variation 30.3 13.6 10.9 

Cumulative % variation 30.3 43.9 54.8 

 

Common name Scientific name Axis loadings 

1. Yorkshire fog  Holcus lanatus 2.332 -1.372 -1.288 

2. Crested dogstail  Cynosurus cristatus 1.181 0.931 0.010 

3. Sphagnum Moss  Sphagnum 1.128 0.693 1.008 

4. Common buttercup  Ranunculus acris 0.664 0.672 -0.463 

5. Soft rush  Juncus effusus 0.657 0.200 0.634 

6. White clover  Trifolium repens 0.554 1.745 -0.388 

7. Mat grass  Nardus stricta 0.337 -0.013 0.359 

8. Common bent grass  Agrostis capillaris 0.283 -0.058 -0.015 

9. Hard rush  Juncus inflexus 0.217 -0.003 0.067 

10. Yarrow  Achillea millefolium 0.178 0.005 -0.128 

11. Purple moorgrass  Molinia caerulea 0.151 -0.095 0.186 

12. Tufted hair grass  Deschampsia cespitosa 0.099 0.060 0.135 

13. Ribwort plantain  Plantago lanceolata 0.074 0.041 0.035 

14. Star sedge  Carex echinata 0.073 0.023 0.015 

15. Devil's bit scabious  Succisa pratensis 0.069 0.003 0.058 

16. Common dandelion  Taraxacum officinale 0.062 0.036 -0.035 

17. Oxeye daisy  Leucanthemum vulgare 0.044 0.044 -0.005 

18. Eyebright  Euphrasia 0.031 0.014 -0.001 

19. Meadow horsetail  Equisetum pratense 0.030 0.018 0.022 

20. Marsh arrowgrass  Triglochin palustris 0.030 0.018 0.022 

21. Daisy  Bellis perennis 0.023 0.185 -0.227 

22. Common chickweed  Stellaria media 0.021 -0.041 0.012 

23. Marsh lousewort  Pedicularis palustris 0.021 -0.004 -0.017 

24. Meadow thistle  Cirsium dissectum 0.019 -0.051 -0.043 

25. Common nettle  Urtica dioica 0.010 -0.018 -0.023 

26. Broad-leaved dock  Rumex obtusifolius -0.116 -0.225 -0.321 

27. Common couch  Elymus repens -0.116 -0.058 0.334 

28. Lady's thumb smartweed  Persicaria maculosa -0.122 0.033 0.049 

29. Common mouse-ear  Cerastium fontanum -0.200 -0.277 0.280 

30. Annual meadow grass  Poa annua -0.323 -0.205 0.025 

31. Timothy grass  Phleum pratense -0.376 -0.379 0.566 

32. Meadow foxtail  Alopecurus pratensis -0.656 -0.866 1.070 

33. Perennial ryegrass  Lolium perenne -2.764 0.387 -1.012 
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Table B.3 RDA ordination axes of soil invertebrate families. 

Descriptive stats RDA1 RDA2 

Eigenvalues 0.239 0.010 

% Variation 3.8 1.6 

Cumulative % variation 3.8 5.4 

 

Higher taxonomic groups Invertebrate family Axis loadings 

Oribatid 1. Achipteriidae -0.156 0.067 

 2. Camisiidae  -0.132 -0.073 

 3. Scheloribatidae -0.131 0.09 

 4. Thyrisomidae 0.058 0.021 

 5. Eremaeidae -0.045 0.025 

 6. Nanhermanniidae -0.045 0.000 

 7. Oribatellidae -0.043 -0.015 

 8. Oribatulidae -0.036 0.015 

 9. Suctobelbidae -0.029 -0.007 

 10. Oppiidae -0.025 0.008 

 11. Galumnidae 0.025 -0.071 

 12. Tectocepheidae -0.018 -0.044 

 13. Malaconothridae -0.017 0.018 

 14. Autognetidae -0.016 0.007 

 15. Liacaridae -0.016 0.007 

 16. Eniochthoniidae 0.015 -0.015 

 17. Caleremaeidae 0.004 0.002 

Mesostigmata 18. Parasitidae -0.125 0.110 

 19. Uropodidae 0.054 0.078 

 20. Trachytidae 0.036 -0.050 

 21. Macrochelidae 0.027 0.003 

 22. Digmasellidae -0.008 0.024 

 23. Dinychidae -0.006 -0.033 

 24. Rhodacaridae -0.001 -0.020 

 25. Zerconidae 0.000 -0.001 

Astigmata 26. Astigmata 0.000 0.000  
27. Acaridae -0.027 0.029 

Prostigmata 28. Prostigmata 0.000 0.000 

 29. Erythraeidae -0.067 -0.065 

 30. Cryptognathidae -0.039 -0.015 

 31. Trombidiidae -0.008 0.024 

 32. Bdellidae 0.003 0.013 

Collembola 33. Sminthuridae 0.290 -0.080 

 34. Isotomidae 0.254 0.198 

 35. Onchyiuridae 0.085 0.019 

 36. Hypogastruridae -0.066 -0.001 

 37. Neanuridae 0.063 -0.105 

 38. Cyphoderidae -0.027 0.029 

 39. Katianiidae -0.019 -0.016 

 40. Entomobryidae 0.002 0.004 

 41. Sminthurididae 0.021 -0.006 
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8.3 Appendix C 

Chapter 4. Aerial insect functional group diversity and abundance respond to 

land cover at different scales but only some respond to agricultural 

management 

 

A manuscript based on this chapter has been submitted for publication and is in review 

as: 

Arnott A, Emmerson E, Caplat, P, Reid N (In review) Aerial insect functional group 

diversity and abundance respond to land cover at different scales but only some 

respond to agricultural management. Agriculture, Ecosystems & the Environment 

 

 

Figure C.1. Example of invertebrates collected from aerial sticky trap. 
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Figure C.2. Average % area per buffer +/- SD for a) Bog (b) Broadleaved woodland (c) Cropland (d) 

Improved grassland (e) Scrub (f) Semi-improved grassland and (g) Urban land.  
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Figure C.3. Raw data relationship between mean flowering plant cover and a) Herbivore Abundance 

b) Herbivore SDI c) Nectivore Abundance and d) Nectivore SDI 

 

 

 

 

 

b) a) 

c) d) 
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Figure C.4. RDA community composition biplot for (50% of the best fitting) aerial insects labelled by 

habitat and management. Percentages variation explained is shown on each axis. PCNM1 and PCNM7 

are significant spatial autocorrelation variables from PCNM analysis. 
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Table C.1. Invertebrate Abundance 
    

 
AES Conventional 

   

Family Improved  Semi-

improved  

Improved Semi-

improvedl 

TOTAL Number 

of 

Families 

% of 

total 

families 

Linyphiidae  161 17 83 38 299 
  

TOTAL 

Aranae 

161 17 83 38 299 1 1.2 

        

Apionidae 1 0 0 0 1 
  

Elateridae 1 0 1 0 2 
  

Curculionidae 1 0 2 0 3 
  

Dascillidae 2 1 3 0 6 
  

Attelabidae 0 0 1 0 1 
  

Cerambycidae 0 0 1 0 1 
  

Endomychidae 0 0 0 1 1 
  

Carabidae 0 1 1 0 2 
  

Scraptiidae 0 0 0 1 1 
  

Cantharidae 5 63 15 47 130 
  

Ptilidae 16 2 12 8 38 
  

Sphaeriusidae 5 0 2 4 11 
  

Scarabaeidae 0 0 0 2 2 
  

Staphylinidae  47 10 25 22 104 
  

Scirtidae 0 19 0 0 19 
  

TOTAL 

Coleoptera 

78 96 63 85 322 15 19.4 

        

Vespidae 1 12 0 7 20 
  

Apoidea 2 1 1 7 11 
  

Charipidae 3 1 0 1 5 
  

Eucoilidae 8 3 10 10 31 
  

Cynipidae 7 3 3 1 14 
  

Figitidae 1 1 2 0 4 
  

Proctotrupidae 103 46 23 38 210 
  

Heloridae 3 0 0 0 3 
  

Megaspilidae 2 4 11 46 63 
  

Diapriidae 27 5 10 4 46 
  

Platygasteridae 3 0 2 0 5 
  

Eulophidae 28 10 16 25 79 
  

Torymidae 0 4 3 3 10 
  

Ormyridae 7 1 0 2 10 
  

Pteromalidae 70 35 38 29 172 
  

Mymaridae 3 1 8 5 17 
  

Eupelimidae 0 0 0 2 2 
  

Braconid 233 87 162 119 601 
  

Ichneumon 182 121 219 121 643 
  

Formicidae 1 167 9 392 569 
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Evaniidae 0 0 0 1 1 
  

Argidae 0 0 3 0 3 
  

Tenthredinidae 60 15 79 45 199 
  

TOTAL 

Hymenoptera 

744 517 599 858 2718 23 29.8 

        

Syrphidae 101 670 154 824 1749 
  

Stratiomyidae 39 14 34 15 102 
  

Tephritidae 1 0 0 0 1 
  

Tabanidae 99 7 126 13 245 
  

Drosophilidae 10 12 7 132 161 
  

Tipulidae 77 49 79 41 246 
  

Ephydridae 159 48 108 148 463 
  

Anthomyidae 575 1889 688 637 3789 
  

Dolichopodidae 634 541 1213 265 2653 
  

Mycetophilidae 228 226 204 446 1104 
  

Scathophagidae 831 403 1475 451 3160 
  

Cecidomyiidae 1360 165 600 793 2918 
  

Sphaeroceridae 84 9 11 17 121 
  

Lonchopteridae 10 7 11 20 48 
  

Phoridae 269 230 446 425 1370 
  

Chloropidae 238 116 229 229 812 
  

Scatopsidae 68 0 23 3 94 
  

Empididae 117 82 145 34 378 
  

Muscidae 1331 1314 1538 391 4574 
  

Sepsidae 211 419 173 148 951 
  

Opomyzidae 21 25 10 8 64 
  

Faniidae 1 0 0 2 3 
  

TOTAL 

Diptera 

6464 6226 7274 5042 25006 22 28.5 

        

Thripidae 90 47 123 309 569 
  

TOTAL 

Thysanoptera  

90 47 123 309 569 1 1.2 

        

Parasitidae 3 1 1 3 8 
  

TOTAL Acari 3 1 1 3 8 1 1.2         

Sminthuridinae 0 0 2 1 3 
  

Collembola 0 0 0 0 0 
  

Delphacidae 8 3 3 0 14 
  

Cicadellidae 32 75 11 40 158 
  

Cixiidae 12 4 0 3 19 
  

Aphidoidea 55 18 53 64 190 
  

 Miridae 3 16 1 4 24 
  

Saldidae 1 3 4 2 10 
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TOTAL 

Hemiptera 

111 119 74 114 418 8 10.3 

        

Incurvariodea 

(SF) 

8 60 14 56 138 
  

Papilionoidea 0 2 2 5 9 
  

TOTAL 

Lepidoptera 

8 62 16 61 147 2 2.5 

        

Hemerobiidae 1 0 0 2 3 
  

Sialidae 0 0 1 0 1 
  

TOTAL 

Neuroptera 

1 0 1 2 4 2 2.5 

        

Phyrganeidae 1 7 2 0 10 
  

Limnephilidae 1 1 1 2 5 
  

TOTAL 

Trichoptera  

2 8 3 2 15 2 2.5 

        

    
TOTAL 29506 77 
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Table C.2. Model selection based on habitat AIC and R2 

 

 

Habitat 

Scales 

(m) 

Total 

Abundance 

 
Total 

SDI 

 
Detrivore 

Abundance  

 
Detritvore 

SDI 

 
Herbivore 

Abundance 

 
Herbivore SDI 

 
ΔAICc R2 ΔAICc R2 ΔAICc R2 ΔAICc R2 ΔAICc R2 ΔAI

Cc 

R2 

(a) Crop  
            

100 3.5 0.08 1.6 0.03 1.51 0.034 7.54 0.204 1.9 0.01 0.4 0.07 

250 0 0.38 2.4 0.03 2.46 0.027 9.19 0.186 0 0.02 0 0.076 

500 3.4 0.08 2.9 0.02 1.23 0.035 9.64 0.179 2.2 0.009 0.6 0.068 

1000 3.7 0.06 1.5 0.04 0 0.039 9.65 0.18 0.2 0.023 0.5 0.069 

5000 2.8 0.14 0 0.06 2.28 0.027 0 0.276 2.3 0.008 0.2 0.074 
             

(b) Broadleaved   
           

100 1 0.07 9.8 0.06 1.6 0.026 1.14 0.186 6 0.008 2 0.061 

250 1.1 0.06 7.6 0.09 0.48 0.031 1.74 0.18 5.7 0.01 1.2 0.07 

500 0 0.12 0 0.15 0.42 0.036 1.8 0.179 2.8 0.037 0 0.08 

1000 1.1 0.07 9.5 0.07 0 0.036 0.95 0.19 0 0.052 1.8 0.06 

5000 0.1 0.15 12.7 0.03 1.32 0.029 0 0.2 2.1 0.04 1.8 0.06 
             

(c)Scrub  
            

100 2.6 0.002 17.2 0.02 7.96 0.025 1.82 0.197 11.6 0.038 0 0.09 

250 0 0.003 16.8 0.02 8.29 0.028 0 0.214 8.5 0.045 0.3 0.09 

500 3 0.002 9.7 0.1 5.23 0.034 2.34 0.193 3.3 0.067 2.7 0.07 

1000 3 0.002 0 0.22 0 0.076 2.76 0.191 0 0.072 2 0.08 

5000 5.7 0 17.1 0.02 7.62 0.03 0.43 0.216 9.2 0.044 3 0.06 
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(d) Bog/Moor/Heath/Marsh  
          

100 9 0.32 0.8 0.02 0 0.035 0.93 0.199 6.9 0.021 13.5 0.07 

250 4 0.5 0.3 0.03 0.08 0.037 0.66 0.203 0 0.047 14.4 0.06 

500 12.1 0.11 0.8 0.02 3.74 0.026 2.81 0.181 9.7 0.129 8.8 0.12 

1000 12.9 0.07 0 0.03 3.05 0.027 0.16 0.196 9.4 0.023 0 0.21 

5000 0 0.99 1 0.02 3 0.029 0 0.211 10.1 0.008 12.9 0.08 
             

(e) Improved grassland  
          

100 0.8 0.06 1.1 0.03 2.29 0.026 0.76 0.181 5.4 0.014 2.2 0.06 

250 0.3 0.08 0.6 0.04 1.89 0.028 0.55 0.184 1.6 0.035 0.9 0.08 

500 0.8 0.06 1.8 0.02 2.17 0.027 0 0.188 1.1 0.045 0 0.09 

1000 0.8 0.07 0.9 0.03 1.94 0.03 0.69 0.182 0 0.045 1.6 0.07 

5000 0 0.15 0 0.05 0 0.04 0.32 0.187 5.8 0.009 1.8 0.07 
             

(f) Semi-improved grassland  
          

100 0.8 0.15 3.2 0.04 2.8 0.033 2 0.181 7.4 0.012 0.3 0.06 

250 0 0.43 2.1 0.06 0.09 0.027 1.99 0.181 6.5 0.018 0.2 0.06 

500 1.1 0.13 5.7 0.02 0.11 0.029 0 0.2 1.4 0.045 0 0.06 

1000 1.5 0.07 0 0.09 2.65 0.031 0.57 0.195 0 0.048 0.3 0.06 

5000 1.6 0.06 1.2 0.08 0 0.047 1.2 0.19 4.4 0.36 0 0.06 
             

(g) Urban 
           

100 10 0.18 0 0.02 6.29 0.027 0.79 0.189 0 0.034 1.5 0.06 

250 10 0.19 0.7 0.02 6.26 0.028 0 0.169 1.2 0.028 0 0.08 
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500 0 0.53 0.6 0.02 0 0.043 0.72 0.191 1.4 0.021 1.7 0.06 

1000 8.6 0.29 0.3 0.02 3.61 0.036 1.03 0.188 2.6 0.011 1.5 0.06 

5000 6.7 0.44 0.9 0.02 3.26 0.042 0.79 0.191 3.4 0.008 0.7 0.08 
             

(h) Simpson's Diversity Habitat 
          

100 1.3 0.18 1.8 0.02 2.08 0.033 3.12 0.185 8.7 0.008 0 0.068 

250 0.9 0.21 1.8 0.02 0 0.04 3.62 0.181 0 0.052 0.4 0.065 

500 4.1 0.07 1.8 0.02 3.14 0.034 3.61 0.181 5.4 0.027 0.9 0.059 

1000 3.7 0.11 0 0.04 4.95 0.027 0.21 0.214 7.9 0.016 0.6 0.062 

5000 0 0.4 1.8 0.02 5.1 0.027 0 0.22 7.8 0.017 0.9 0.059 

 

Table C.2 continued 

 

Habitat Scales 

(m) 

Nectivore 

Abundance 

Nectivore SDI Predator Abundance Predator SDI Parasitoid 

Abundance 

Parasitoid SDI 

 
ΔAICc R2 ΔAICc R2 ΔAICc R2 ΔAICc R2 ΔAICc R2 ΔAICc R2 

(a) Crop  
           

100 3.3 0.01 5.1 0.06 1.6 0.018 6.82 0.141 8.3 0.01 8 0.1 

250 1.8 0.02 0 0.12 0 0.021 6.31 0.147 7.1 0.01 9.3 0.08 

500 4.7 0.01 4.8 0.07 1.12 0.019 1.58 0.202 7.3 0.01 9.9 0.08 

1000 4.5 0.01 2.5 0.1 0.48 0.021 0 0.214 6.6 0.02 6.9 0.12 

5000 0 0.02 5.5 0.06 0.41 0.019 7.9 0.129 0 0.05 0 0.21 

  
            

(b) Broadleaved 
          

100 2 0.01 3.4 0.06 8.4 0.019 10.72 0.179 0.8 0.004 1.4 0.08 

250 0 0.02 4 0.06 6.35 0.02 9.18 0.195 1 0.003 1.3 0.08 
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500 1.8 0.02 4.3 0.05 0 0.022 0 0.272 0.2 0.01 0.7 0.08 

1000 1.2 0.01 0 0.11 3.41 0.025 6.29 0.225 0 0.01 0 0.1 

5000 1.2 0.02 2.8 0.07 5.72 0.023 13.01 0.157 1.1 0.003 1.3 0.08 
             

(c)Scrub  
            

100 6.8 0.02 2.2 0.06 4.41 0.019 19.87 0.131 10.1 0.004 16.5 0.08 

250 4.7 0.03 0 0.08 4.58 0.018 19.92 0.131 10.1 0.005 14.2 0.1 

500 8.6 0.02 1.6 0.06 2.69 0.02 6.57 0.256 2.8 0.04 16.9 0.08 

1000 0 0.03 0.6 0.08 0 0.026 0 0.319 0 0.05 0 0.29 

5000 8.8 0.01 2.5 0.05 4.56 0.018 19.45 0.138 8.1 0.01 15 0.1 

  
            

(d) Bog/Moor/Heath/Marsh  
         

100 6.4 0.02 19.6 0.08 11.87 0.018 7.55 0.131 0 0.006 2 0.08 

250 0 0.02 18.9 0.09 9.07 0.017 7.65 0.129 0.1 0.005 1.5 0.08 

500 3.7 0.02 21 0.06 10.87 0.017 6.97 0.137 0.8 0.003 1.2 0.09 

1000 8.9 0.01 14.7 0.14 12.61 0.018 7.1 0.135 0.8 0.003 0.1 0.1 

5000 2.4 0.03 0 0.3 0 0.034 0 0.211 0.7 0.004 0 0.11 
             

(e) Improved grassland                        

100 0.7 0.02 3.8 0.08 6.61 0.018 3.24 0.141 4.4 0.005 6.2 0.08 

250 1 0.02 0 0.13 6.62 0.019 1.25 0.161 3.8 0.007 5.8 0.08 

500 2.2 0.01 0.6 0.13 5.21 0.024 4.38 0.13 0.3 0.019 5.4 0.09 

1000 2.8 0.01 1 0.13 0 0.033 0 0.178 0 0.022 5.3 0.09 

5000 0 0.02 0.6 0.14 5.94 0.019 3.67 0.138 1.2 0.02 0 0.16 

                          

(f) Semi-improved grassland  
          

100 0.5 0.01 5.2 0.07 10.82 0.021 10.2 0.151 5.4 0.012 3.5 0.09 

250 0 0.01 5.4 0.06 4.28 0.041 1142 0.139 4.2 0.016 5.6 0.08 

500 0.6 0.01 1.6 0.11 0 0.056 9.82 0.163 0 0.029 3.7 0.11 
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1000 0.8 0.01 0 0.13 1.04 0.041 0 0.256 0.6 0.026 0 0.17 

5000 0.8 0.01 6 0.06 5.69 0.027 1.87 0.239 4.5 0.018 1.4 0.14 
             

(g) Urban                         

100 2.1 0.02 5.9 0.06 9.94 0.02 2.28 0.137 0.5 0.009 2.8 0.08 

250 0 0.02 6.2 0.05 10.18 0.02 3 0.13 0.1 0.009 3 0.08 

500 0.6 0.02 5.8 0.06 5.1 0.021 2.68 0.133 1.2 0.005 3.4 0.08 

1000 5.2 0.02 0 0.13 0 0.028 0 0.163 0 0.012 0 0.13 

5000 4.3 0.02 3.1 0.1 7.38 0.023 2.75 0.133 1.4 0.005 0.4 0.12 

                          

(h) Simpson's Diversity Habitat 
          

100 2.9 0.014 4.3 0.06 0 0.016 1.69 0.134 0 0.011 8.7 0.088 

250 4.5 0.014 5.1 0.053 3.26 0.018 1.47 0.136 1.5 0.009 1.7 0.16 

500 5.7 0.013 0 0.109 1.49 0.023 1.82 0.133 0.9 0.011 0 0.18 

1000 4.5 0.015 0.4 0.11 1 0.019 1.79 0.133 1.9 0.007 9.7 0.082 

5000 0 0.024 2.1 0.096 0.02 0.022 0 0.154 2.5 0.005 9.5 0.086 
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Table C.3. RDA ordination axes 

RDA Axes    CAP1      

CAP2 

Proportion explained     0.131      0.027 

Cumulative proportion     0.131      0.158 

Linyphiidae -0.363 0.042 

Apionidae -0.004 -0.001 

Elateridae -0.009 0.000 

Curculionidae -0.014 0.003 

Dascillidae -0.036 0.002 

Attelabidae -0.004 0.002 

Cerambycidae -0.003 0.002 

Endomychidae 0.010 0.011 

Carabidae 0.003 -0.008 

Scraptiidae -0.002 0.002 

Cantharidae 0.260 -0.111 

Ptilidae -0.108 0.010 

Sphaeriusidae -0.004 0.013 

Scarabaeidae 0.021 0.025 

Staphylinidae -0.024 0.082 

Scirtidae 0.036 -0.070 

Vespidae 0.122 -0.013 

Colletidae 0.015 0.015 

Apidae -0.006 0.012 

Charipidae 0.005 0.005 

Eucoilidae -0.049 0.028 

Cynipidae -0.042 -0.031 

Figitidae -0.008 -0.007 

Proctotrupidae 0.254 0.126 

Heloridae -0.015 -0.003 

Megaspilidae 0.235 0.119 

Diapriidae -0.077 -0.018 

Platygasteridae -0.027 0.001 

Eulophidae -0.035 0.057 

Torymidae 0.033 0.017 

Ormyridae 0.003 0.004 

Pteromalidae 0.094 0.082 

Mymaridae -0.021 0.052 

Eupelimidae 0.025 0.035 

Braconid -0.064 0.187 

Ichneumon -0.021 -0.005 

Formicidae 0.698 -0.054 

Evaniidae 0.012 0.001 

Argidae -0.009 0.005 

Tenthredinidae 0.033 0.065 

Syrphidae 1.091 -0.089 

Stratiomyidae -0.182 -0.014 
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Tephritidae -0.006 -0.001 

Tabanidae -0.218 -0.025 

Drosophilidae 0.215 0.087 

Tipulidae 0.025 -0.046 

Ephydridae -0.220 -0.003 

Anthomyidae 1.026 -0.441 

Dolichopodidae -1.211 -0.288 

Mycetophilidae 0.298 0.302 

Scathophagidae -0.690 0.043 

Cecidomyiidae -0.951 0.326 

Sphaeroceridae -0.008 0.023 

Lonchopteridae 0.160 0.107 

Phoridae 0.335 0.258 

Chloropidae 0.117 0.179 

Scatopsidae -0.067 0.006 

Empididae -0.131 -0.017 

Muscidae -0.210 -0.605 

Sepsidae 0.276 -0.378 

Opomyzidae 0.006 -0.053 

Faniidae -0.001 -0.003 

Thripidae 0.626 0.429 

Parasitidae -0.007 0.025 

Sminthuridinae 0.006 0.014 

Delphacidae -0.029 -0.022 

Cicadellidae 0.051 -0.091 

Cixiidae -0.012 0.011 

Aphidoidea 0.285 0.219 

Miridae 0.040 -0.092 

Saldidae 0.013 -0.006 

Incurvariodea 0.291 -0.054 

Papilionoidea 0.046 0.005 

Hemerobiidae 0.019 0.010 

Sialidae -0.004 0.002 

Phyrganeidae 0.012 -0.051 

Limnephilidae 0.013 -0.001 

 

 

 

Table C.4. Anova of RDA biplot 

 Df Sum of 

Squares 

F  p 

Management 1 0.550 1.649 0.092 

Habitat 1 1.722 5.162 0.001 

PCNM1 1 3.272 9.809 0.001 

PCNM7 1 0.641 1.921 0.041 
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8.4 Appendix D 
 

Chapter 5. Stability of grassland ecosystems drive invertebrate food web 

networks 

 

 

Figure D.1. Relationship between Resistance and Recovery Time between Management and Habitat 

types. Dashed lines represent trend in the data, solid lines represent significant relationships.  

 

 

Figure D.2. Relationship between Resistance and Recovery rate between Management and Habitat 

types. Dashed lines represent trend in the data, solid lines represent significant relationships.  
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Figure D.3. Relationship between Recovery Rate and Recovery Time between Management and 

Habitat types. Dashed lines represent trend in the data, solid lines represent significant relationships.  

 

 

    

 

Figure D.4. Plant species richness across Management and Habitat types 
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Figure D.5. Examples of trophic level against log-transformed body mass across sites a) AES and b) 

conventional (both improved) fields. Green circles represent basal resources, blue squares represent 

consumers, cannibals represent blue circle with a dark border. 
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Figure D.6. Biomass pyramid across sites a) AES and b) conventional (both improved) fields. Inverted 

pyramid for conventional field, suggesting stronger top down control. 
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Figure D.7 Map of current AES fields (blue polygons) and field sites (circles) overlaid with 250m 

raster 

 

 

 

 

Figure D.8 Relative abundance of each functional group across management of field types.   
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Table D.2. Invertebrate Abundance 
    

  
AES 

 
Conventional 

  

Family Order Improved  Semi-

improved 

Improved Semi-improved TOTAL 

Araneidae Araneae 0 1 0 9 
 

10 

Gnaphosidae Araneae 0 0 1 0 
 

1 

Linyphiidae Araneae 473 309 387 421 
 

1590 

Lycosidae Araneae 3 11 14 6 
 

34 

Theridiidae Araneae 0 1 0 0 
 

1 

Thomisidae Araneae 1 1 0 0 
 

2 

Apionidae Coleoptera 2 1 1 0 
 

4 

Attelabidae Coleoptera 0 0 1 0 
 

1 

Cantharidae Coleoptera 7 69 17 52 
 

145 

Carabidae Coleoptera 57 27 32 43 
 

159 

Cerambycidae Coleoptera 0 3 1 0 
 

4 

Chrysomelidae Coleoptera 3 0 12 2 
 

17 

Cucujidae Coleoptera 0 1 0 0 
 

1 

Curculionidae Coleoptera 2 0 2 0 
 

4 

Dascillidae Coleoptera 2 11 3 0 
 

16 

Elateridae Coleoptera 1 3 1 0 
 

5 

Leiodidae Coleoptera 0 1 0 0 
 

1 

Ptilidae Coleoptera 20 8 29 18 
 

75 

Scarabaeidae Coleoptera 1 0 0 2 
 

3 

Scirtidae Coleoptera 0 19 0 0 
 

19 

Scraptiidae Coleoptera 0 0 0 1 
 

1 

Sphaeriusidae Coleoptera 5 0 2 4 
 

11 

Staphylinidae Coleoptera 149 34 155 57 
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Cyphoderidae Collembola 0 5 0 0 
 

5 

Dicyrtomidae Collembola 0 0 1 0 
 

1 

Entomobryidae Collembola 58 3 29 9 
 

99 

Isotomidae Collembola 43 32 168 15 
 

258 

Neanuridae Collembola 2 2 5 4 
 

13 

Sminthuridae Collembola 473 120 990 610 
 

2193 

Sminthurididae Collembola 499 126 1006 627 
 

2258 

Tomocerinae Collembola 0 1 0 4 
 

5 

Julidae Diplopoda 1 1 1 0 
 

3 

Polydesmidae Diplopoda 3 0 0 0 
 

3 

Agromyzidae Diptera 1 0 0 0 
 

1 

Anthomyidae Diptera 593 1896 696 647 
 

3832 

Calliphoridae Diptera 0 2 0 0 
 

2 

Camillidae Diptera 6 0 1 1 
 

8 

Cecidomyiidae Diptera 1375 169 604 807 
 

2955 

Ceratopogonidae Diptera 0 1 0 0 
 

1 

Chloropidae Diptera 354 222 343 299 
 

1218 

Dolichopodidae Diptera 735 643 1355 315 
 

3048 

Drosophilidae Diptera 45 17 43 315 
 

420 

Empididae Diptera 118 84 150 34 
 

386 

Ephydridae Diptera 312 129 328 199 
 

968 

Fanniidae Diptera 2 3 0 2 
 

7 

Heleomyzidae Diptera 0 1 0 0 
 

1 

Hybotidae Diptera 0 5 1 1 
 

7 

Lauxaniidae Diptera 2 1 1 10 
 

14 

Lonchaeidae Diptera 0 0 0 1 
 

1 

Lonchopteridae Diptera 79 58 87 182 
 

406 

Megamerinidae Diptera 0 1 0 0 
 

1 

Muscidae Diptera 1345 1328 1547 396 
 

4616 

Mycetophilidae Diptera 277 243 219 488 
 

1227 

Opomyzidae Diptera 82 90 79 72 
 

323 

Phoridae Diptera 421 406 563 623 
 

2013 

Rhagionidae Diptera 1 0 1 0 
 

2 

Scathophagidae Diptera 865 415 1552 457 
 

3289 

Scatopsidae Diptera 85 4 29 13 
 

131 

Sciomyzidae Diptera 1 1 1 0 
 

3 

Sepsidae Diptera 238 443 183 161 
 

1025 

Sphaeroceridae Diptera 255 172 127 162 
 

716 

Stratiomyidae Diptera 41 14 35 15 
 

105 

Syrphidae Diptera 103 675 160 839 
 

1777 

Tabanidae Diptera 99 7 126 13 
 

245 

Tipulidae Diptera 82 51 81 45 
 

259 

Agriolimacidae Gastropoda 3 2 2 0 
 

7 

Arionidae Gastropoda 0 0 3 0 
 

3 

Milacidae Gastropoda 5 0 2 0 
 

7 

Lumbricidae Haplotaxids 2 0 0 0 
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Aphidae Hemiptera 258 253 186 385 
 

1082 

Cicadellidae Hemiptera 77 317 132 180 
 

706 

Cixiidae Hemiptera 12 4 0 3 
 

19 

Delphacidae Hemiptera 33 84 46 41 
 

204 

Miridae Hemiptera 4 30 1 11 
 

46 

Saldidae Hemiptera 1 5 5 5 
 

16 

Tettigometridae Hemiptera 0 24 0 0 
 

24 

Apoidea Hymenoptera 2 1 1 8 
 

12 

Argidae Hymenoptera 2 4 0 0 
 

6 

Braconidae Hymenoptera 552 198 356 217 
 

1323 

Cynipidae Hymenoptera 8 12 5 6 
 

31 

Diapriidae Hymenoptera 58 15 34 22 
 

129 

Eulophidae Hymenoptera 33 37 16 33 
 

119 

Eupelimidae Hymenoptera 0 0 0 2 
 

2 

Evaniidae Hymenoptera 0 0 0 1 
 

1 

Figitidae Hymenoptera 20 14 22 17 
 

73 

Formicidae Hymenoptera 3 225 10 409 
 

647 

Ichneumonidae Hymenoptera 269 190 271 195 
 

925 

Megaspilidae Hymenoptera 5 6 15 49 
 

75 

Mymaridae Hymenoptera 3 6 8 18 
 

35 

Ormyridae Hymenoptera 7 1 0 2 
 

10 

Proctotrupidae Hymenoptera 144 61 36 104 
 

345 

Pteromalidae Hymenoptera 81 63 49 65 
 

258 

Tenthredinidae Hymenoptera 60 15 80 47 
 

202 

Vespidae Hymenoptera 1 13 0 7 
 

21 

Incurvariodea Lepidoptera 10 75 18 60 
 

163 

Papilionoidea Lepidoptera 0 2 2 5 
 

9 

Digmasellidae Mesostigmata 0 1 0 0 
 

1 

Dinychidae Mesostigmata 0 1 2 0 
 

3 

Macrochelidae Mesostigmata 2 0 0 1 
 

3 

Parasitidae Mesostigmata 14 16 6 19 
 

55 

Rhodacaridae Mesostigmata 3 1 2 2 
 

8 

Trachytidae Mesostigmata 0 0 2 0 
 

2 

Uropodidae Mesostigmata 11 4 10 5 
 

30 

Zerconidae Mesostigmata 1 0 0 0 
 

1 

Hemerobiidae Neuroptera 1 0 0 4 
 

5 

Sialidae Neuroptera 0 0 1 0 
 

1 

Phalangiidae Opiliones 0 16 0 6 
 

22 

Achipteriidae Oribdatida 0 8 0 1 
 

9 

Autognetidae Oribdatida 0 1 0 0 
 

1 

Caleremaeidae Oribdatida 0 0 0 1 
 

1 

Camisiidae Oribdatida 5 14 16 9 
 

44 

Damaeidae Oribdatida 0 5 0 1 
 

6 

Eremaeidae Oribdatida 0 4 0 0 
 

4 

Galumnidae Oribdatida 0 4 2 2 
 

8 

Liacaridae Oribdatida 0 1 0 0 
 

1 
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Oppiidae Oribdatida 0 1 0 0 
 

1 

Oribatellidae Oribdatida 0 6 0 0 
 

6 

Scheloribatidae Oribdatida 1 10 1 2 
 

14 

Tectocepheidae Oribdatida 0 2 0 1 
 

3 

Nemouridae Plecoptera 0 1 0 0 
 

1 

Bdellidae Prostigmata 6 2 14 9 
 

31 

Erythraeidae Prostigmata 0 5 0 0 
 

5 

Eupodidae Prostigmata 0 9 2 3 
 

14 

Thripidae Thysanoptera 93 53 126 320 
 

592 

Limnephilidae Trichoptera 1 3 1 2 
 

7 

Phyrganeidae Trichoptera 1 7 2 0 
 

10 
     

TOTAL 43735 

 


